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Abstract

Many biological communities are currently experiencing rapid changes in their
diversity and composition, due largely to the intensification of human impacts on
natural ecosystems. Alterations to the structure and diversity of communities have the
potential to influence a broad range of ecosystem processes (biogeochemical pools
and fluxes) which are of key importance to the integrity of natural systems and the
well-being of humans. Consequently, increasing research attention is being given to
understand how the diversity and composition of biological communities influences
key ecosystem processes. This thesis examined how ecosystem processes are related
to a broad range of community attributes, using native grasslands as a study system. I
investigated this topic, and associated issues, using a variety of approaches, including
conceptual and theoretical explorations, pot based experiments, mechanistic
modelling, and a major field study of a native grassland system. Importantly, I applied
a functional trait approach to gain a greater understanding of how the functional
diversity and composition of communities may influence ecosystem processes.

The results presented in this thesis overwhelmingly support Grime's (1998) mass ratio
hypothesis, which proposes that the functional attributes of the dominant species in a
community largely determine the effect of the biota on ecosystem processes. In the
native grassland system I studied, the functional identities of the dominant species
were the most important community attribute influencing the magnitude and
variability of ecosystem processes. Functional trait diversity also had significant
effects on ecosystem processes, although it was generally found to be weaker than the
functional identities of the dominant species in predicting ecosystem processes.
Functional trait diversity essentially represents the degree of complementarity
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between species, or the diversity of ways in which species access and utihse
resources. My results suggest that complementarity can be important in influencing
ecosystem processes, but in most cases it is not as important as the functional
identities of the dominant species. In contrast, ecosystem processes tended to be
poorly related to traditional measures of community diversity, such as species richness
and functional group richness. These results suggest that major changes in the
dominance hierarchies of communities are likely to have the greatest impact on
ecosystem processes, with only minor effects expected following the loss of rare
species.
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Introduction

Effects of community diversity and composition on ecosystem processes
Many biological communities are experiencing rapid changes in their diversity and
composition, due largely to anthropogenic factors such as species introductions, land
clearance, and nutrient additions (Bennett 2004). Alterations to communities are
caused by localised species extinctions, intentional and unintentional introductions of
exotic species, as well as changes to community structure brought about by human
management practises. The result of these forces has been both decreases and
increases in the biodiversity of natural communities, and changes in species
dominance hierarchies (Sax and Gaines 2003).

Although changes in biological communities can have implications for the
conservation of biodiversity, they may also impact upon important ecosystem
processes (biogechemical pools and fluxes). Humans rely upon a broad range of
ecosystem processes for our survival, including the productivity of plants and animals
(for food, fuel, and materials), nutrient cycling (for maintenance of healthy soils) and
water cycling (for provision of fresh water). Increasing attention is therefore being
given to understand how changes to biological communities may effect key ecosystem
processes, and the ecosystem services they provide for us (Chapin et al. 2000, Loreau
et al. 2001, Hooper et al. 2005).

Since the seminal publication by Schulze and Mooney (1993), a unique field of
ecology has arisen with the explicit aim of understanding how the diversity and
composition of biological communities influences ecosystem processes (Loreau et al.
2002). This has represented a paradigm shift within ecology, which has historically

focussed on how environmental factors influence community properties (Naeem
2002). Research into how community diversity and composition influences ecosystem
processes has predominantly involved experimental studies examining whether
species richness affects key processes, such as primary productivity (e.g. Naeem et al.
1994, Tilman et al. 1996, 1997a, Hector et al. 1999). These studies have frequently
found significant effects of species richness on ecosystem processes (Hooper et al.
2005, Balvanera et al. 2006), however, such relationships are often dependent on
community composition (e.g. Hooper and Vitousek 1997, Hector et al. 2000a,
Downing and Leibold 2002, Hooper and Dukes 2004, Bruno et al. 2006).

Following the recognition that the identity of the species present has a major role in
influencing ecosystem processes, empirical studies began to explore whether the
functional group richness of a community is a more important property than species
richness (e.g. Tilman et al. 1997a, Symstad and Tilman 2001, Spehn et al. 2005).
Functional group richness is simply the number of functional groups (species
groupings based on functional traits) represented in a community. Indeed, significant
effects of functional group richness on ecosystem processes have been observed
(Hooper et al. 2005, Balvanera et al. 2006). However, there are significant limitations
of functional group richness as a measure of the functional diversity of a community,
including the disregard of species abundances and the assumption that all species
within a group are functionally equivalent (Mason et al. 2005, Ricotta 2005, Petchey
and Gaston 2006). In addition, Wright et al. (2006) found that the power of a priori
functional group classifications to predict ecosystem processes was rarely greater than
that of random classifications of species into functional groups.

Although studies into the effects of community diversity and composition on
ecosystem processes have improved our understanding of the possible repercussions
of community change, there are a number of significant limitations of research to date.
Most obvious among these is the lack of clarity regarding the relative contributions of
biodiversity and community composition in influencing ecosystem processes.
Although mechanisms have been proposed to explain how diversity can influence
ecosystem processes (through complementarity and the selection effect) and how
community composition can influence ecosystem processes (Grime's (1998) mass
ratio hypothesis), these two perspectives are yet to be fully synthesised.

As highlighted above, issues also exist in the way community diversity has been
quantified in previous studies, with the measures of species richness and functional
group richness possessing significant limitations. A number of indices for quantifying
functional diversity have been proposed recently, which can incorporate information
on a range of functional traits as well as the abundances of each species (Mason et al.
2003, 2005, Mouilot et al. 2004, Botta-Dukat 2005, Ricotta 2005, Petchey and Gaston
2006). Despite the advantages of such measures, they have been rarely applied by
studies investigating the effects of biodiversity on ecosystem processes (but see
Petchey et al. (2004) and Thompson et al. (2005)).

Previous research is also limited in its applicability to natural communities. The vast
majority of studies to date have been experiments which manipulate the diversity of
synthetic communities, and observe the resultant effects on ecosystem processes
(Hooper et al. 2005, Balvanera et al. 2006). Although these experiments have the
benefit of isolating cause and effect, their weaknesses include the non-natural (i.e.
random or systematic) way in which experimental communities are constructed, the

immaturity of experimental communities and the constant manipulation required to
keep a community in the desired composition (Huston et al. 2000, Diaz et al. 2003,
Hooper et al. 2005, Thompson et al. 2005, Vila et al. 2007). Furthermore, in order to
determine whether the results of manipulation experiments are relevant to natural
communities, it will always be necessary to relate experimentally observed trends to
those that occur in natural systems (Symstad et al. 2003, Thompson et al. 2005).

Thesis aims and outline
The broad aim of this thesis was to examine how community diversity and
composition influence a range of key ecosystem processes, using temperate native
grasslands of SE Australia as the focal study system. A key aspect of this research
involved examining the functional traits of plant species within the grassland studied,
using those traits to quantify functional diversity, and comparing the relative
importance of functional diversity with other aspects of community diversity and
composition in influencing ecosystem processes. Importantly, I examined the
mechanisms by which aspects of community diversity and composition may influence
ecosystem processes, and explored the implications of my findings with regard to the
management and conservation of biodiversity, as well as the maintenance of important
ecosystem processes.

This thesis is arranged as a collection of independent but related chapters, with each
chapter intended to be a singular research endeavour. This approach allows individual
chapters to be examined separately. In Chapter 1,1 explore the concept of
complementarity, and how functional diversity indices may be applied in its
quantification. I derive a simple model of resource competition along gradients in
chapter 2, and explore the implications of this model for understanding how

biodiversity may influence ecosystem processes. Chapters 3-7 relate to a year-long
field study conducted in a native temperate grassland community near Canberra,
Australia. I examine the relationship between species traits and their abundance in
Chapter 3, and assess the implications for the native grassland studied, as well as for
ecological communities in general. Chapter 4 is a practical investigation of the use of
pot grown plants to quantiiy key functional traits for applications in natural
communities. In Chapter 5,1 explore the implementation of a range of functional
diversity indices, and critically assess the implications of various decisions required in
the application of such indices. I compare how ecosystem processes are related to
various attributes of community diversity and composition in Chapter 6, and critically
assess the implications of these findings for the conservation of biodiversity and the
maintenance of ecosystem processes. Chapter 7 follows in a similar theme to the
previous chapter, but investigates how community diversity and composition
infiuences the spatial and temporal variability in ecosystem processes. Finally, in
Chapter 8,1 present the results of a pot experiment in which I assessed the potential
for spatial aggregation of species distributions to influence competition,
complementarity, and resource use.

Chapter 1
Quantifying complementarity: a new role for functional diversity
measures

ABSTRACT
The concept of complementary resource use plays an important role in ecological
theory and is considered a key mechanism by which community diversity may
influence ecosystem processes. Despite its importance, a clear definition and process
for quantifying complementarity has been lacking in recent research, with the
traditional approach of applying overyielding measures being indirect and applicable
only to specific communities and ecosystem processes. Here I identify two
components of complementarity: trait complementarity (the difference in functional
traits between organisms) and resource complementarity (resource use
differentiation). I suggest that the most practical way to quantify complementarity will
often involve applying functional trait diversity indices to quantify trait
complementarity. In contrast, attempts to directly quantify resource complementarity
are likely to face significant practical challenges. Although it is possible to accurately
quantify trait complementarity for a community, I highlight that functional traits can
vary markedly within a species due to both biotic and abiotic factors, and this has
important implications for measuring trait complementarity. Studies that manipulate
or measure complementarity (and its effects on ecosystem processes) need to be fully
aware of the variable nature of complementarity, and account for this variability
where possible.
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WHAT IS COMPLEMENTARITY?
Use of the term 'complementarity', or reference to complementary species, dates back
to the early years of modem ecology (e.g. Woodhead 1906, Salisbury 1929).
Complementary associations of species were described as those whose traits were
stratified spatially or temporally (Woodhead 1906). Development and exploration of
niche theory further incorporated the idea that by differentiating themselves along
niche axes, species can use resources in complementary ways, facilitating their
coexistence (Hutchinson 1957). The concept of complementarity was later adopted by
agricultural studies examining the potential benefits of inter-cropping and species
mixtures (e.g. Trenbath 1974). In inter-cropping studies, complementarity is the
mechanism by which the yield from a mixture of species can outperform that expected
by the monoculture yields of the individual species.

More recently, complementarity has been proposed as one of the primary mechanisms
by which biodiversity may influence ecosystem processes (Tilman 1997). Many
studies over the past decade have tested the hypothesis that more diverse communities
have greater rates of ecosystem processes than less diverse communities, due to
greater levels of complementarity in resource use (Hooper et al. 2005). Researchers
studying the effects of biodiversity on ecosystem processes have universally adopted
the term 'complementarity' and the broad mechanistic concepts associated with it.

Although complementarity has been widely identified as a key ecological mechanism
(Chapin et al. 2000, Loreau 2000, Naeem 2002), there have been varying
interpretations of what the term actually means. Some confusion is apparent as to
whether complementarity is a property of species, a mechanism leading to increased
productivity in mixtures, or the phenomenon of increased productivity itself (Hooper

and Dukes 2004). Most commonly, complementarity has been related to the level of
overlap in the niche space occupied by species, and hence the degree to which
resources are partitioned between species in a community (e.g. Hooper 1998, Loreau
1998b, Diaz and Cabido 2001, Stevens and Carson 2001, Adler and Bradford 2002).
Partitioning may include species using different types of resources, different ratios of
resource types, or using resources at different times or from different spatial areas
(Fridley 2001). For example, a plant community containing species which access
moisture from a wide range of soil depths would possess a greater degree of
complementarity than a community where all plants access moisture from the same
soil depth (e.g. Nobel 1997).

A slightly different perspective on complementarity was presented by Petchey (2003),
who related complementarity to the differences between organisms in a community.
More specifically, Petchey (2003) referred to the definition presented by Williams
(2001), where: "complementarity is a property of sets of objects that exists when at
least some of the objects in one set differ from the objects in another set."

Petchey (2003) proposes that complementarity is the differences between organisms
with regard to functional traits, rather than the traditional view that complementarity
relates to resource use differentiation. In this sense, functional traits are the biological
aspects of an organism which influence how that organism accesses and utilises
resources (i.e. 'effect traits' rather than 'response traits'; Lavorel & Garnier 2002).
Petchey (2003) suggests that under this framework, complementarity is the basis for
mechanisms such as resource use differentiation. Reference to differences in
functional traits applied here relates to both functional traits, where different
organisms have different traits (e.g. presence/absence of nitrogen fixation in plants).
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as well as the attributes of functional traits, where different organisms have different
attributes of shared traits (e.g. different rooting depths in plants).

The concept of 'trait complementarity' presented by Petchey (2003) (that
complementarity is the difference in functional traits between organisms) appears
incongruent with the traditional perspective of 'resource complementarity' (that
complementarity is resource use differentiation). Once we clarify the terminology
however, it is evident that trait complementarity and resource complementarity are
essentially different levels of the same process. In a given community, organisms will
differ in regard to their functional traits. The degree of difference in the traits of the
organisms present will determine the level of trait complementarity, as defined by
Petchey (2003). This may be interpreted as a measure of functional diversity of the
community. The degree to which differences in the traits of organisms present are
expressed will determine the level of resource use differentiation, and equates to the
traditional view of resource complementarity. Hence trait complementarity relates to
the differences in traits, whereas resource complementarity equates to the expression
of different traits (Fig. 1).

An example of the difference between trait complementarity and resource
complementarity may be seen in the study by Hirose and Werger (1995), who
examined the use of light within a herbaceous plant community. Hirose and Werger
(1995) quantified both the above ground traits of the plant species present (e.g.
maximum height, above ground biomass distribution, leaf area ratio), as well as the
amount and intensity of light captured by each species. In this study, the differences in
the aboveground traits of the species present would equate to trait complementarity.
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while the degree to which the species are actually using light of differing intensity
throughout the vegetation strata represents resource complementarity.

BIODIVERSITY
Trait Complementarity
(differences in functional traits)

Resource Complementarity
(resource use differentiation due to tlie
expression of functional traits)

±

Ecosystem Processes

-Concept of Petchey (2003)

-Traditional view

-Overyielding

Figure 1. A conceptual diagram illustrating the difference between trait
complementarity and resource complementarity. Measures of overyielding quantify
the resultant effects on ecosystem processes.

QUANTIFYING COMPLEMENTARITY
Traditional

approaches

Having clarified that complementarity may relate to both the differences in the traits
of organisms in a community and the effects of those differences on resource use, it is
important to examine how complementarity can be quantified. The primary way in
which studies have attempted to mechanistically gauge the effects of biodiversity on
ecosystem processes has been to measure overyielding, hence it is beneficial to clarify
how measures of overyielding relate to complementarity, and to explore their
limitations.

The concept of'overyielding' has origins in agricultural research (e.g. Trenbath
1974), and describes the situation when the total production of a mixture of species

12

exceeds the production obtained by growing each species in monoculture (Drake
2003). There are a range of different approaches to quantifying overyielding,
including relative yield totals, Dmax , and the additive partitioning equation of Loreau
and Hector (2001) (see Petchey (2003) and Hooper and Dukes (2004) for overviews).
Under the conceptual interpretation I present, overyielding is not a measure of
complementarity but rather a measure of the potential effects of complementarity
(Fig. 1).

The use of overyielding measures to quantify the potential effects of complementarity
have been quite insightful in experimental studies examining the influence of
herbaceous plant diversify on primary productivity. However, there are a number of
important criticisms of the persistent focus on overyielding measures in this field of
research. The primary deficiency of overyielding measures is that they are difficult to
apply to many biotic communities (e.g. herbivore communities, natural forests) and
ecosystem processes (e.g. water fluxes in plant communities). Overyielding measures
are especially problematic for communities where measuring monoculture effects are
either impractical or non-sensical.

Another criticism of overyielding measures is that they are coarse measures of the
effects of complementarity, and do not quantify the actual mechanisms by which
species interact. In a grassland ecosystem, many species might be partitioning
resources or facilitating other species, however if the most productive species is
negatively affected, tests for overyielding may not detect any complementary
interactions (Dukes 2001). Hence, the inability to demonstrate overyielding is not
proof that complementarity does not occur among species (Spaekova and Leps 2001).

13

It is evident then that overyielding measures do not directly quantify complementarity.
Here I have identified that complementarity may be separated into the differences in
functional traits of the organisms present in a community (trait complementarity) and
the expression of those traits (resource complementarity). It is therefore important to
address how both of these components of complementarity may be quantified.

Measuring trait complementarity
Trait complementarity essentially equates to the diversity in the relevant functional
traits of the organisms present in a community. Hence, a community where the
organisms possess a large variation in their functional traits will be more functionally
diverse than a community where the differences in functional traits between
organisms is small. Trait complementarity is therefore an identical concept to
functional trait diversity. It is evident then that trait complementarity can be quantified
in the same manner as functional trait diversity.

A number of attempts have been made to derive measures of functional diversity. The
functional attribute diversity (FAD) index of Walker et al. (1999) and the fimctional
diversity (FD) index of Petchey and Gaston (2002) both use a multiple trait approach,
and essentially quantify functional diversity through the total distance between species
in multi-dimensional trait space. The disadvantages of these approaches is that they do
not incorporate the abundances of each species, and so rare species have an equal
impact to dominant species. In contrast, the FDvar functional diversity index proposed
by Mason et al. (2003, 2005) and the FRO functional regularity index of Mouillot et
al. (2005) incorporate species relative abundances, and although these two indices
were intended for one trait only, their progenitors also proposed methods to apply
them to multiple traits. The only unified multi-trait functional diversity index which
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incorporates species abundances is the FDQ index, advocated by a number of authors
(Botta-Dukat 2005, Ricotta 2005) and derived from Rao's (1982) quadratic entropy
index.

A thorough treatment of the relative merits of different approaches to quantifying
functional diversity is presented in following chapters. In general, the few functional
diversity measures proposed to date have not been fully and critically scrutinised. In
addition, very few studies have tested or compared the applicability of different
functional diversity measures in natural communities (but see Petchey et al. 2004).
Hence, there is significant scope for further exploration and critical examination of
measures that attempt to quantify functional diversity.

Regardless of the approach taken, it is desirable that a measure of functional diversify
incorporates more than one functional trait at a time. Although it is possible to
quantify trait complementarity using a large number of traits, there is a strong
argument to include only those traits that are relevant to the ecosystem process of
interest. For example, the root traits of plants are likely to have little relevance for
light capture. An alternative to either including or excluding certain traits in measures
of trait complementarity is to weight each trait relative to its perceived importance for
a particular ecosystem process (as described by Petchey and Gaston (2002) for the FD
measure). It is clear that the choice of traits included in the trait complementarity
measure, or the weighting they are given, will likely have a large impact on the
calculated level of trait complementarity.
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Measuring resource complementarity
In contrast to trait complementarity, the quantification of resource complementarity
presents some serious challenges. To quantify the complementarity of resource use by
organisms in a community we require accurate information regarding the rates at
which each organism (or species) in a community utilises resources from a resource
pool. This may be extremely difficult to measure for many natural communities.
Generally, we can measure traits, total community resource use, but it will often be
very difficult to quantify resource use for individual organisms (or species) in a
community.

An existing operational approach to quantifying resource use differentiation of
organisms in a community may be drawn from explorations of niches and niche
partitioning among species. Here I refer to the 'impact niche' of each species in
relation to a resource, rather than the 'requirement niche' associated with the approach
of Hutchinson (1957) (Leibold 1995). The concept of the 'impact niche' stems back to
Elton (1927) who used the term 'niche' to describe the effect that a species has on its
environment (Leibold 1995). It appears, however, that most studies investigating
niches have done so from a 'requirement niche' perspective, with limited
methodological development given to quantifying the 'impact niches' of species in
natural communities (Schoener 1986, Leibold 1998).

Measuring phenological

complementarity

A number of studies have attempted to directly quantify the temporal aspect of
complementarity through the concept of phenological complementarity (e.g. Frost et
al. 1995, Klug et al. 2000, Stevens & Carson 2001, Qin 2003). Phenological
complementarity is the asynchrony of species resource use and growth, or the
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partitioning of resources on the temporal scale (Stevens and Carson 2001). The
quantification of phenological complementarity is generally performed using the
variance ratio of Frost et al. (1995), which determines the degree of synchronicity in
the abundances of species over time. In applying the variance ratio to quantify the
level of phenological complementarity, a key assumption is that the species included
are using the same resources. Temporal differentiation in resource use by species only
enhances complementary if those species are using the same resource but at different
times. Although the variance ratio can be a useful way of quantifying the temporal
aspect of complementarity, measures which include temporal, spatial, and other
functional traits (i.e. multi-trait functional diversity measures) may be a more
informative and comprehensive way to determine complementarity.

THE VARIABLE NATURE OF COMPLEMENTARITY
In those communities where it is impractical to quantify resource complementarity,
the optimal approach may be to measure the level of trait complementarity using a
multi-trait functional diversity measure. The trait complementarity approach
advocated by Petchey (2003) appears to be theoretically sound, mechanistically
informative, and directly quantifiable. However, the quantification of trait
complementarity does present some important issues. A major factor in the
quantification of trait complementarity is the intraspecific variation in functional
traits, both within and between communities (e.g. Al Haj Khajed et al. 2005, Puijalon
and Bomette 2004). This variation in functional traits of organisms within a species is
an important issue which requires attention if we are to accurately quantify
complementarity.
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It is attractive in both a theoretical and practical sense to consider species as the basic
unit of biodiversity. However, species are comprised of individual organisms, and
functional traits can vary markedly between individuals of a species. The most
obvious example of this variation in traits within a species is ontogenic variation (e.g.
Comelissen et al. 2003a), seen where the population of a species contains individuals
from a wide range of age/size-classes (e.g. tree seedlings as well as mature trees). The
differences in functional traits between organisms within a species may have marked
effects on how that species as a whole influences resource levels (e.g. Duvall and
Williams 2000).

Within a species, functional traits also vary across a wide range of biotic & abiotic
factors. Most obviously, resource levels may influence the functional traits of
organisms within a species, and hence the degree of difference in functional traits
between species (Al Haj Khaled et al. 2005). For example, Fridley (2003) suggests
that increased soil fertility can promote light partitioning between plant species by
accentuating size differences between species. In addition, the amount of 'resource
space' can also have large effects on the traits of the species present in a community.
In plant communities, increasing soil volume and depth allows species with large root
systems to more fully exploit the soil volume, increasing the differences in root traits
between species (Dimitrakopoulos and Schmid 2004).

Competitive interactions between species may also influence functional traits. In
natural communities, organisms compete directly for resources, or may compete
through other mechanisms such as aggressive, interference and chemical competition.
Under a variety of competitive environments, the traits of organisms may change,
often resulting in greater partitioning of resources. For example, the morphology of
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white clover (Trifolium repens) responds plastically to the presence of different grass
species (Turkington 1983, Turkington 1991). Competitively generated phenotypic
plasticity with regard to morphological traits also occurs in animals, although is
apparently markedly less common than in plants (Callaway et al. 2003). For example,
marine invertebrates may generate stolons, spines, and tentacles in response to
interference competition (Stemberger and Gilbert 1987).

The marked changes in the functional traits of organisms under different biotic/abiotic
conditions are largely due to phenotypic plasticity. Phenotypic plasticity allows a
given genotype to express different physiological or morphological traits in response
to different environmental conditions (Levins 1968). The result of phenotypic
plasticity is that the differences in the functional traits between organisms in a
community will vary markedly as biotic and abiotic conditions change. Hence, the
level of trait complementarity of a community may vary markedly without major
changes in the 'biodiversity' (composition, richness, evenness) of that community.

Accepting that the level of trait complementarity of a community may undergo large
variation, without major changes in 'biodiversity', we are left with a major obstacle in
quantifying the level of complementarity of a community. If we use a measure of
functional trait diversity to quantify the trait complementarity of a community, we
would generally collect information on a range of functional traits of all the species
present in a community under its field conditions (e.g. Comelissen et al. 2003b). Data
collected under standardised conditions and available in data bases may be of limited
use here, as even if species rankings for specific traits are conserved in space and time
their absolute values are not (Gamier et al. 2001a, Roche et al. 2004, see Chapter 4).
Using the functional traits measured under certain conditions or at a certain point in
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time, we could calculate functional trait diversity and hence the degree of trait
complementarity. However, as the biotic/abiotic conditions of that ecosystem change
over time, the functional traits of the organisms present may also change. The baseline
measure of complementarity would therefore not accurately reflect the actual level of
complementarity under the altered conditions. To determine the actual
complementarity, we would have to measure the functional traits of all species under
the new conditions.

It is therefore evident that by measuring complementarity in functional traits under
one set of biotic/abiotic conditions, such as standardised favourable conditions
(Hendry and Grime 1993), we are quantifying the 'potential complementarity' of the
community under those conditions. However, the actual level of complementarity in
the community under altered biotic/abiotic conditions ('realised complementarity')
may be markedly different from the 'potential complementarity'. To adequately gauge
the level of complementarity as the biotic/abiotic conditions change, reliable
information is required for how those changes influence the functional traits and
resource use of the organisms present. This information may indeed be available for
those communities where variation in the traits of species along gradients have been
studied extensively (e.g. Diaz et al. 1998, Cunningham et al. 1999, Gamier et al.
2004).

The ability for complementarity in functional traits to be expressed will also depend
on the biotic/abiotic conditions. Differences in traits for light interception of plants in
a grassland will be of little relevance if there is no moisture in the soil. Hence, both
functional traits of the organisms in a community and the expression of those traits
(resource use differentiation) are dependant on the prevailing biotic/abiotic conditions.
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There are a number of possible approaches to addressing the variabiHty of traits in
measures of trait complementarity. One approach is to quantify trait complementarity
using attributes of the species in the actual site/community being studied, which will
account for many of the biotic/abiotic factors that vary between sites/communities.
Quantifying how plastic a functional trait is for a species as biotic/abiotic conditions
vary may also be a useful approach. A measure of the variability (or plasticity) of the
traits for each species could be incorporated into a multi-trait measure of trait
complementarity.

FUTURE DIRECTIONS
As we have seen, the concept of trait complementarity offers potential to enhance our
mechanistic understanding of how species assemblages in a community influence
ecosystem processes. Despite the potential benefits of the trait complementarity
concept, there are a number of issues remaining unresolved and deserved of further
research.

One issue worthy of attention is the critical assessment of current approaches for
quantifying trait complementarity (i.e. functional diversity measures). Do these
approaches adequately describe the diversity of functional traits? How sensitive are
they to the traits included and the weighting of those traits? These issues have only
recently begun to be examined (e.g. Petchey et al. 2004, Mason et al. 2005). Current
approaches to quantifying trait complementarity may need to be adapted if they are
found to have significant conceptual or methodological limitations.
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There is also a need to develop appropriate techniques for incorporating the variable
nature of functional traits within a species. The suitability of incorporating measures
of trait plasticity into trait complementarity measures requires attention, as does the
option of breaking up species into more functionally equivalent sub-categories, in
order to deal with large ontogenic variation in traits.

Crucial to the adequacy of the trait complementarity approach will be testing the
degree to which trait complementarity is correlated with resource use differentiation
(resource complementarity). Knowledge of which traits are most important in
influencing resource use is also important for the application of trait complementarity
measures, and in some cases this information already exists (e.g. Craine et al. 2003).
However, in many cases it remains unclear what degree of trait difference is
functionally relevant at the ecosystem level.
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Chapter 2
The effects of biodiversity on resource use: a theoretical approach

ABSTRACT
A theoretical understanding of the mechanisms by which biodiversity may influence
ecosystem processes has been advanced by a number of studies, however, the
generality of these models is often limited to specific communities or certain
ecosystem processes. Here I present a simple model of resource competition between
species along a gradient of a resource, based on a number of existing and well
established theories of resource use. Under this gradient model of resource
competition, total resource use by a community is simply the summation of species
abundances multiplied by their per capita rate of resource use. I explored the potential
of this model to provide insight into the relationship between biodiversity and
resource use through a range of simulations. For the vast majority of scenarios I
examined, the gradient model of resource competition predicted that total resource
consumption increases asymptotically with species richness, a finding which is
concordant with empirical studies and previous theoretical investigations. Although
the resource utilisation functions of each species often had large impacts on total
resource use, the relative abundances of species was critical in mediating these effects.
The gradient model of resource competition presented here, and the simulations
generated from it, support Grime's mass ratio hypothesis, which proposes that the
functional attributes of the dominant species in a community largely determine
ecosystem processes.
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INTRODUCTION
Intensification of human impacts on natural communities, including species
extinctions and introductions, has generated considerable research interest into the
effects of biodiversity on ecosystem processes. Empirical research has provided
valuable information on how key elements of biological communities may influence
ecosystem processes (Hooper et al. 2005). A significant number of theoretical studies
have also explored the mechanisms by which diversity may effect ecosystem
processes. These previous theoretical investigations have applied a broad range of
approaches and have often had highly contrasting objectives.

Many theoretical studies have focused specifically on modelling how diversity
influences ecosystem processes in a specific biotic community, commonly plant
communities (e.g. Tilman et al. 1997b, Loreau 1998a, Njis and Roy 2000, Chesson et
al. 2001, Fox 2003, Cardinale et al. 2004, van Wijk 2007). In addition, theoretical
investigations have often restricted their scope to examining only one type of
ecosystem process, such as changes in community biomass (e.g. Tilman et al. 1997b,
Chesson et al. 2001, Cardinale et al. 2004, Richmond et al. 2005). Other studies have
presented broader frameworks for understanding how diversity influences ecosystem
processes, but have the objective of interpreting data from empirical studies, rather
than proposing explicit mechanisms by which community diversity influences
ecosystem processes (e.g. Loreau 1998b, Loreau and Hector 2001, Fox 2006). A
general mechanistic theory for how community diversity influences a broad range of
ecosystem processes has not yet been achieved.

An approach which may provide general insight into the relationship between
biodiversity and ecosystem processes involves examining the use of a resource along a
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gradient. The concept of species utilising and competing for a resource along a
gradient has its foundations in niche theory (e.g. Hutchinson 1957, Mueller-Dombois
and Ellenberg 1974). In the approach of MacArthur and Levins (1967), populations
consume a single resource, which carmot be described by a simple scalar quantity, but
is continuously or discretely distributed along a gradient according to some attribute,
such as the location of the resource (Grover 1997). This is distinct from the gradients
in resource ratios applied by Tilman (1982), which refer to different relative
concentrations (ratios) of two resources at a single point in space.

A variety of studies have applied gradients along which resource concentrations may
vary, following the approach of MacArthur and Levins (1967). In general, these
theoretical studies have applied resource competition theory to specific situations
involving spatial gradients in resource availability (e.g. Huisman and Weissing 1994,
Codeco and Grover 2001, Craine et al. 2005). Other studies have applied
environmental gradients, along which the growth rates of species are differentiated
(e.g. Chesson et al. 2001, Cardinale et al. 2004, Richmond et al. 2005). Despite the
insight provided by these studies, a broad examination of how resource gradients
themselves fit into resource competition theory is lacking.

The objective of this study was to derive and apply a general model for resource
competition along a gradient. My aim was to use this gradient model of resource
competition to examine how various aspects of biodiversity (species richness,
evenness, and functional identity) may influence the consumption of a resource by a
community. Further, I explored how the gradient model of resource competition could
contribute to a mechanistic understanding of how biological communities may effect
key ecosystem processes.
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A GRADIENT MODEL OF RESOURCE COMPETITION
Resource gradient framework
Here I develop a gradient model of resource competition, where the concentration of a
resource is allowed to vary across a gradient. Much resource competition theory (e.g.
Tilman 1982) has two or more species competing for one or more resources. In this
situation, resources are fixed entities whose concentrations may either increase,
decrease, or remain constant (Fig. 1 A). More realistic in many instances is a resource
distributed over a gradient, where the concentration of the resource changes along that
gradient (Fig. 1B,C). Here, the gradient may refer to space, time, or other attributes
along which resource concentrations may vary. The concept of the concentration of a
resource varying along a gradient may be applied to a wide number of situations. For
example, in plant communities one could consider the variation in soil moisture
concentration along a gradient of soil depth. In animal communities, one may examine
the concentration of insects as a food resource for predators along a gradient of insect
size. Under the gradient approach to resource competition, factors which determine
resource concentrations (rates of supply, loss, and consumption by different species)
are allowed to vary across the gradient.

(1)
H
3

B

8

C
O
<E

m r
Gradient

Gradient

Figure 1. Conceptual illustration of: (A) resource j as a singular entity; (B)
components of resourcej" along a gradient, and; (C) a continuum of resource^' along a
gradient.
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In the theoretical framework presented here, the amount of resource j (R/(t)) in an
ecosystem is a function of the amount of resource j previously present (R/t-i)), the
amount of resource j being supplied to the system (Sy), the amount of resource j lost
from the ecosystem (Ly), and the amount of resource j consumed by all species within
the ecosystem ( Q ) :

R/(t) = R/(t-1) + Sy - L; -Cj

(1)

where t denotes time. A 'resource' could be abiotic (e.g. water, sunlight, mineral
nutrients) or biotic (e.g. vegetation for herbivores, certain animal species for
predators). This framework is adapted directly from Tilman (1982), with the addition
that resources can be lost from the ecosystem through means other than consumption
by organisms. Under a gradient model of resource competition, the amount of
resource j being supplied to the system (Sj), the amount of resource j lost from the
system (Ly), and the level of consumption of resource j by all species within the
ecosystem (C;) would not be single values, but rather functions along the gradient (as
in Fig. IC).

Resource

consumption

Assuming species i is the only species consuming resource j in the ecosystem, the
amount of resource j consumed (C,,) will be a function of the abundance of species i
(N/), and the rate at which species / consumes resource j per unit abundance of species
iiTij)-

Cy, = Hr^.

(2)
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The r,y term in Equation 2 would itself be a function of the amount of resource j
available per unit abundance of species i (Ry,), and the maximum possible rate of
resource consumption (r,y max) for species i along the gradient. Such a function may
follow a Monod (1950) type distribution, where xy increases with resource availability
(at each point along the gradient) and asymptotes at the maximum possible resource
consumption rate for that species (r^ max) (Fig. 2). This type of function would
represent a realistic situation where resources become more difficult to locate and
consume as resource concentration decreases, and where there are physiological limits
on the maximum capacity for resource consumption.

Figure 2. A possible relation between the per capita rate at which species i consumes
resource j (r^) and amount of resource j available per unit abundance of species i (%),
based on the Monod (1950) function.

When there are a number of species consuming resource j, the total amount of
resource j consumed (Q) will be the sum of the functions describing the resource
consumption of each species:

(3)
So for multi-species communities, the ry term would be dependent on the available
resource concentration per unit abundance of each species (Ry,), which would be a
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function of the abundances (N,) and maximum possible rate of resource consumption
(r,7max) of each species along the gradient, as well as overall resource availability (Ry):

Rj N,- r^-,

J_
• N,-

(4)

E(N,- rymax)

The basic approach presented here, where community resource use is described by a
summation of the resource consumed by each species, shares similarities with a
number of previous studies (e.g. Abrams 1998, Njis and Roy 2000, Fox 2003,
Thebault and Loreau 2003, 2006, Balvanera et al. 2005). A key assumption of my
theoretical framework is that species only compete for resources, with no interspecific
facilitation or interference of resource consumption. Of particular importance is the
maximum rate at which species i consumes resource j per unit abundance (r,y max) (Eqs.
2 - 4). This function essentially describes the resource niche of species i along the
gradient (Fig. 3).

Gradient

Figure 3. A hypothetical function describing the maximum rate at which species i
consumes resource j per unit abundance (r^ max) along a gradient.

Under this gradient model of resource competition, shifts in the functions describing
the consumption of a resource by a species would only occur due to changes in
resource concentration along the gradient. The function describing the potential
utilisation of resource j by species i would be independent of the actual levels of
resource j, and would be represented by the rymax term. In contrast, the fiinction
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describing the actual utilisation of resource j by species i would be represented by the
Tij term (Eq. 2). The potential resource utilisation function (r,; max) and the actual
resource utilisation function (r,;) equate well to the concepts of fundamental niche and
realised niche (respectively) proposed by Hutchinson (1957).

METHODS
I examined the implications of the gradient model of resource competition for overall
resource use by holding resource supply (Sy) and loss (L,) constant, and focussing on
the consumption of resource j by the species in a community (Q). I explored the
impact of three primary factors on resource consumption: (1) species richness; (2) the
evenness of species abundances, and; (3) the nature of the resource utilisation
functions (r^ max) of species. These model explorations were performed using
simulated data as described below, for a single time step. Resource consumption was
only examined over one time step, as modelling the feedbacks between resource use
and species abundances over multiple time steps would alter the intended richness and
abundance levels and limit explicit examination of the effects of diversity and
resource use characteristics.

In testing the effects of species richness on resource consumption, two levels of
resource availability (Ry) were assessed: (1) limiting resources (Ry = 50 units), and; (2)
non-limiting resources (R, = 1000 units). For each scenario, resource concentrations
(Ry) were held at the same level across the gradient (arbitrarily set as 100 units long),
with limiting resources used as the default setting. For the evenness of species
abundances, the total abundance of all species (EN,) was held constant (at 100 units)
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and four levels of evenness were applied: (1) even; (2) almost even (slope of
geometric distribution = -0.1); uneven (slope = -0.3) and; highly uneven (slope =
-0.6). The 'uneven' abundance distribution was used as the default, as it is most
representative of natural communities (Magurran 2004).
I based the resource utilisation function of each species (ry max) along the resource
gradient on the Gaussian distribution (Fig. 3), and manipulated a number of its
attributes: (1) amplitude; (2) width, and; (3) position along the resource gradient. The
amplitude represents the maximum possible rate of resource consumption for a
species (the maximum height of the ry max curve). Three scenarios for the amplitude of
fy max were considered: (1) a random normal distribution of amplitudes (mean = 5
units, SD = 1.5), which is the default used; (2) amplitudes positively correlated with
species abundances (N,) where the random normal distributions of amplitudes (mean =
5 units, SD = 1.5) were assigned to species on the basis of ascending rank abundance,
and; (3) amplitudes negatively correlated with species abundances (N,) where the
random normal distributions of amplitudes (mean = 5 units, SD = 1.5) were assigned
to species on the basis of descending rank abundance. For the widths of the ry max
functions, three scenarios were assessed, all of which designate widths based on a
random normal distribution: (1) narrow (mean = 0.75 units, SD = 0.25); (2)
intermediate (mean = 1.5 units, SD = 0.5) (used as the default), and; (3) broad (mean
= 3 units, SD = 1). Three approaches were used to allocate the position of the ry max
function of each species along the gradient: (1) ry max positions allocated randomly (the
default); (2) r^ max positions allocated regularly along the gradient, and; (3) ry max
positions allocated by a random normal distribution (mean = 50, SD = 15), so that ry
max functions are aggregated in the centre of the gradient.
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To assess the effects of species richness on total resource consumption, the number of
species was varied (from 1 - 3 0 ) for each set of conditions examined. I also examined
the interactive effects of evenness and r,y max positions and widths by assessing total
resource use at each of the four levels of evenness established, with species richness
held constant at 20 species. For each scenario assessed, data were generated from 100
model simulations.

RESULTS
For all scenarios examined, total resource consumption (C,) increased asymptotically
as species richness increased, although the nature of these relationships depended on
the selection of variables (Fig. 4). There was little difference in the relationship
between richness and resource consumption when resources were limiting or nonlimiting, except for the greater total resource consumption under non-limiting
conditions (Fig. 4A). The effect of species richness on resource consumption was
highly dependent on the evenness of species abundances, with resource consumption
reaching a low asymptote at low richness when abundances were highly uneven, while
even abundances resulted in high resource consumption which continued to increase
at high levels of richness (Fig. 4B).

With regard to the interactive effects of maximum resource utilisation functions
(rymax) and species richness, resource consumption was greater where ry max
amplitudes were positively correlated with abundance, compared to randomly
allocated amplitudes, (Fig. 4C). A unique response was observed when ry max
amplitudes were negatively correlated with abundance, with resource consumption
increasing with species richness up to 7 species, followed by a decrease and
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stabilisation of resource consumption with further increases in richness (Fig. 4C). The
width of the r,y max functions had large effects, with total resource consumption
increasing as the width of r^ max increased (Fig. 4D). In contrast, total resource
consumption was relatively insensitive to the positions of the rymax functions along the
gradient, with regular distributions resulting in only slightly more resource consumed
compared to random distributions, and aggregated positions producing the lowest
resource consumption (Fig. 4E).

When the interactive effects of evenness and r,y max functions were examined, evenness
was found to have the greatest effect on resource consumption when Yy max functions
were relatively wide (Fig. 5A). At high levels of evenness, resource consumption was
greatest where the positions of ty max functions along the gradient were regularly
distributed, and lowest where r,; max functions were aggregated in the centre of the
gradient (Fig. 5B). There were only minor effects of the positions of ry max functions
along the gradient at low levels of evenness (Fig. 5B).
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DISCUSSION
Here I have presented a simple model of competition for a resource along a gradient.
This model is founded on a number of existing and well established theories of
resource use and competition (Hutchinson 1957, MacArthur and Levins 1967,
MacArthur 1972, Tilman 1982, Grime 1998, Balvanera et al. 2005), and broadly
represents a mechanistic niche based resource competition theory. Although a number
of simplifying assumptions are inherent in this gradient model of resource
competition, its generality allows application to a broad range of communities and
resources.
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For the vast majority of scenarios I examined, the gradient model of resource
competition predicted that total resource consumption should increase asymptotically
as species richness increases (Fig. 4). This prediction is concordant with a significant
number of empirical studies observing asymptotic increases in ecosystem processes as
species richness increases (e.g. Tilman et al. 1996, 1997c, McGrady-Steed et al. 1997,
Symstad et al. 1998, van der Heijden et al. 1998, Dukes 2001, Roscher et al. 2005).
Such relationships have also been predicted by previous models relating resource use
to species richness (e.g. Tilman et al. 1997b, Loreau 1998a, 2000, Balvanera et al.
2005), and this asymptotic trend is commonly known as the 'redundant species
hypothesis' (Lawton 1994). An asymptotic relationship between species richness and
community resource use suggests that above a low level of richness, changes in the
number of species will have negligible impact on ecosystem processes.

The tendency I observed for resource consumption to reach an asymptote as species
richness increased reflects two major properties of the model I applied: (1) increases
in species richness results in greater resource consumption until species' resource
utilisation functions (r^ max) fully occupy the gradient, and; (2) as species richness
increases beyond 5 - 1 0 species, additional species tend to have very low abundances
(applying the default uneven abundances), hence their impact on resource
consumption is minimal. My model simulations suggest that the evenness of species
abundances will have a far greater impact than occupancy of the resource gradient on
the relationship between species richness and resource consumption. Increases in the
evenness of species abundances resulted in greater resource consumption, with a
greater number of species required to reach the maximum level of resource
consumption when abundances were more even (Fig. 4B). In contrast, the distribution
of resource utilisation functions (r^ max) along the gradient had only minor effects on
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total resource consumption, with regular positions along the gradient generating only
marginally higher resource consumption than aggregated positions (Fig. 4E). This
result reflects the overwhelming importance of the distribution of species abundances,
with overlaps of r^ max functions along the gradient having little impact on total
resource consumption except when they occur between 2 species of high abundance.
Hence, the positions of

max functions were only important when species abundances

were relatively even (Fig. 5B).

Although resource consumption was relatively insensitive to the positions of species
resource utilisation functions (r/, max) along the gradient, other aspects of r,) max
functions were found to be of greater importance. As expected, total resource
consumption increased as the mean width of Vy max functions increased, although the
richness level at which maximum resource consumption was reached was relatively
insensitive to the width of r^ max (Fig. 4D). Wider ry max functions represent species
which are more generalised in their resource consumption, hence, less resource
consumption is expected as the species in a community become more specialised, all
other variables being equal (as proposed by Richmond et al. (2005)). The width of
Ty max functions were more important in determining total resource use as species
abundances became more even (Fig. 5A), a similar result to that observed for the
positions of r,ymax functions (Fig. 5B).

The amplitude of species resource utilisation functions (r^ max) was also found to be an
important factor determining total resource consumption. When the amplitude of r^ max
was positively correlated with species abundances, more resource was consumed by
the community, and maximum resource consumption was reached at higher levels of
species richness (Fig. 4C). Positive correlation between the amplitude of ry max and
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species abundances represents a scenario where dominance by a species in a
community is associated with a greater capacity for rapid uptake of resources per unit
abundance. In contrast, a negative correlation between the amplitude of r^ max and
species abundances resulted in a unique response, with resource consumption peaking
at low levels of richness, followed by a reduction and stabilisation in resource
consumption as richness increased further.

Correlations between abundance and maximum resource use per unit abundance
(amplitude of r,y max) are likely to depend on the measure of abundance applied. If
abundance is quantified by the number of individuals, then species with smaller body
size are likely to be more abundant (White et al. 2007), and so the amplitude of r^ max
may be negatively related to abundance (assuming a positive relation between
resource use and body size). However, if the abundance measure applied incorporates
organism size (e.g. use of biomass or cover for plant communities) then the amplitude
of ry max may be positively related to species abundances.

It is important to highlight that the model simulations presented here incorporate a
number of simplifying assumptions. One assumption made was to hold the sum total
abundance of all species constant, regardless of species richness. If the total
abundance of organisms were to increase with species richness then total resource
consumption would be expected to increase with the number of species. Such a
scenario may be expected if increased richness facilitates greater 'packing' of
individual organisms in the community (Policy et al. 2003). Another important
assumption in the simulations performed was that resource concentration is the same
across the gradient. Different patterns of resource availability along the gradient
should increase the importance of the positions of species xy max functions.
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In essence, the gradient model of resource competition applied here is an indirect
formalisation of Grime's (1998) mass ratio hypothesis. Under the mass ratio
hypothesis, it is the functional attributes of the dominant species in a community
which largely determine ecosystem processes (Grime 1998). In the gradient model of
resource competition I present, total resource consumption is directly related to both
the abundances and the resource consumption attributes of each species in the
community (Eq. 3). Given the uneven distribution of species abundances in most
communities (Magurran 2004), the framework presented here suggests that the
resource utilisation functions of the most dominant species will be the primary factor
determining total community resource use. If species traits are used as a proxy for
their resource use capacity, then Equation 3 also translates directly into the 'mean trait
value' index. Mean trait values have explained significant amounts of variation in
ecosystem processes in a number of recent studies (Smith and Knapp 2003, Gamier et
al. 2004, Balvanera et al. 2005, Polley et al. 2006, Vile et al. 2006).

The gradient model of resource competition presented here incorporates much existing
knowledge on how species use and compete for resources. The predictions of this
model are consistent with those generated by other models of resource use, and are
congruent with empirical evidence for how total resource use is related to species
richness. However, specific testing of the gradient model of resource competition
requires tailored empirical experiments and comparison of predicted resource use with
that measured for multi-species communities. Such empirical testing, and further
theoretical extensions, may generate adaptations and improvements to this framework,
and further enhance a mechanistic understanding of how resource competition and
utilisation relates to community diversity.
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Chapter 3
Species abundances related to functional traits in a temperate native
grassland

ABSTRACT
Knowledge of the factors determining the abundances of species is crucial for
understanding the forces structuring communities and how communities respond to
change. Here I investigate the relationship between vegetative plant traits and species
abundances in a temperate native grassland of SE Australia. Abundance was
quantified in three ways: as overall relative abundance (relative cover across all plots),
as local relative abundance (relative cover in plots where that species occurred), and
as frequency of occurrence (across all plots). I found alternate trait - abundance
relationships depending on the abundance measure applied. Overall relative
abundance tended to be poorly related to species traits, although greater overall
abundance was significantly associated with high leaf dry matter content (LDMC),
tussocky growth form, grasses, and C4 species. Local relative abundance was
positively related to traits associated with plant size and leaf size, as well as LDMC,
and negatively related to specific leaf area (SLA). In contrast, species that occurred
more frequently tended to be smaller plants, have annual life cycles and have higher
SLA. I suggest that in this grassland community, the contrasting trait - abundance
relationships observed when applying different abundance measures reflect underlying
differences in plant strategies.
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INTRODUCTION
The reason why certain species are abundant in a community while others are rare is
fundamental to many aspects of ecology, such as understanding the forces that
structure communities. Knowledge of the primary causes of abundance patterns has
practical applications in providing insights into how species and communities may
respond to changes in climate, resources, or management (Suding et al. 2003). In
particular, such knowledge may have a significant impact on the success of strategies
aimed at conserving species which are rare or threatened (Murray et al. 2002, 2005).

Niche theory holds that species traits are essential in determining the outcome of
interspecific interactions and hence play a major role in influencing abundance
(Harpole and Tilman 2006). Within a given environmental context, some traits are
likely to be more important than others in influencing how abundant a species will be.
Gaston and Kunin (1997) proposed a range of traits which may influence the relative
abundance of species, including: competitive ability, resource usage, trophic group,
body size, breeding system, reproductive investment, dispersal ability, and genetic
polymorphism. According to Theodose et al. (1996), more abundant species should be
of large size, possess high rates of resource acquisition, preferentially allocate
resources to organs responsible for acquiring the most limiting resource, and be
efficient in their use of resources. Other authors have suggested that abundant species
should be more generalised in their niche requirements (Eriksson and Jakobsson
1998), and be better adapted to intraspecific rather than to interspecific competition, as
they will tend to be surrounded by their conspecifics (Gaston and Kunin 1997).

Much of the research into the relationship between the traits of species and their
abundance has been conducted in plant communities. These studies have found
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significant correlations between species abundance and a range of traits, including
plant height/biomass (Theodose et al. 1996, Reader 1998, Austrheim et al 2005),
growth rate (Reader et al 1998), root:shoot ratios (Theodose et al. 1996, Reader 1998),
tissue N-concentration (Mamolos et al. 1995, Fargione and Tilman 2006), seed weight
(Murray et al. 2005), clonality (Eriksson and Jakobsson 1998, Austrheim et al 2005),
water use efficiency (Tsialtas et al. 2001), and levels of mycorrhizal infection (Reader
1998).

Despite these significant correlations between species traits and abundance in natural
communities, many traits have been found to have no significant relationship with
abundance. In other cases, relationships between species traits and abundance are
inconsistent (Murray et al. 2002). For example, studies have found that the size
(height or biomass) of more abundant plant species is larger (Theodose et al. 1996),
smaller (Reader 1998, Austrheim et al 2005), or no different (Epp and Aarssen 1989,
Eriksson et al. 1995, Eriksson and Jakobsson 1998) to that of less abundant species.

Methodological differences may be of key importance in explaining the contradictions
evident between studies. For example, Murray et al. (2005) presented a meta-analysis
of studies examining the relationship between seed weight and species abundance.
They found that seed size does not have a significant effect on plant abundance when
all relevant studies are examined together (Murray et al. 2005). However, when
communities were separated into groups based on the measure of abundance used
(density or canopy cover), Murray et al. (2005) found that seed size was negatively
related to density, and positively related to cover. These contradictory relationships
occur because abundance measured as cover is generally negatively related to plant
density (Guo 2003).
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In addition to the inconsistencies between studies in the measure of abundance, there
are a number of other methodological issues which may be obscuring the relationships
between the traits of species and their abundance. In many studies, the number of
species used to assess the relationship between species traits and abundance is a small
non-random sample of the focus community (e.g. Mamolos et al. 1995, Reader 1998,
Fargione and Tilman 2006). Examining correlations for small subsets of the species in
a community is likely to generate chance correlations and miss any underlying
relationships between traits and abundance. Also, studies often measure species traits
under controlled conditions (in pots or monoculture plots) rather than on the plants
occurring within the community being studied. Although this may be convenient for
certain traits (e.g. resource use), species are likely to possess different trait values
when grown under controlled conditions compared to field conditions (Cornelissen et
al. 2003a).

In this study, I examine the relationship between the abundance of plant species from
a native grassland in temperate SE Australia and a range of vegetative traits. I
examine the abundance - trait relations for all species present in my sample plots, and
therefore avoid the potentially confounding issues of examining only a subset of the
community. In addition, I compare the results obtained by using three different
measures of abundance: overall relative abundance (relative cover over all plots), local
relative abundance (relative cover over plots where that species occurs) and frequency
(frequency of occurrence across all plots). Further, I explore the potential implications
of different abundance measures for understanding how traits relate to the abundances
of species within a community.
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METHODS
Study area and field survey
The community examined was a native grassland 20 km N of Canberra, Australia
(35°07'S, 149°07'E, 725 m a.s.l.)- Mean annual precipitation is 622 mm and mean
daily maximum temperatures are 27.8°C in January and 11.3°C in July. Soils are
loams overlying clays and have generally low nutrients concentrations (extractable P
= 12.8 mg.kg' ± 4.5, K = 213 mg.kg ' ± 94, total N = 0.204% ± 0.065). The preEuropean grassland and grassy woodland was largely cleared of trees in the mid
1800's and the native herbaceous flora allowed to colonise under low to moderate
sheep/cattle grazing, with some naturalisation of exotic species. The area has never
been cultivated and there is no recorded history of fertiliser application at the study
sites.

Ten sites were established within a 1 km radius in the same contiguous area of native
grassland (Fig. 1). Each site (7 m x 14 m) was fenced in October 2004 to exclude
stock and kangaroos and allow for full expression of species traits, as standard
protocols require measurement of traits on undamaged plants and leaves (Gamier at
al. 2001b, Comelissen et al. 2003b). Within each site, 5 plots (1 m^) were established
in random locations, giving 50 plots in total. In November 2005, the projected foliage
cover of all species (n = 74) was estimated in each 1 m^ plot. From these data, three
measures of abundance were calculated for each species: (1) overall relative
abundance - the mean relative cover over all 50 plots; (2) local relative abundance the mean relative cover in the plots where that species occurred, and; (3) frequency the frequency of occurrence across the 50 plots. The overall relative abundance
provides a measure of the abundance of a species over the entire grassland area, while
the local relative abundance is a measure of the abundance of a species in the areas it
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has colonised. I used cover rather than density as a measure of abundance due to the
high proportion of species possessing clonal growth forms and the resulting inability
to clearly distinguish individuals (Chiamcci et al. 1999).

Figure 1. One of the fenced native grassland field sites.
Trait measurements
Functional traits of all species were measured during their peak growth period in
spring (October - December, 2005), with 3 - 5 replicates per species. At the whole
plant level I measured maximum height and width of the green canopy, shoot biomass
(separated into green leaf and non-green and measured at various height intervals),
root biomass in the top 10 cm of soil, number of primary root axes, and the diameter
of the thickest root axis. From these measurements I calculated leaf mass ratio (green
shoot / total shoot), root:shoot ratio (for the top 10 cm of root biomass), and the mean
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height of the green canopy (the height at which half the green leaf is both above and
below). For the leaves of each species I measured leaf angle (degrees from
horizontal), length, width, area, fresh mass and dry mass. From this data I calculated
leaf dry matter content (LDMC - leaf dry mass per unit fresh mass) and specific leaf
area (SLA - leaf area per unit dry mass). In addition, I determined the following
attributes for each species: growth form, life form, N - fixation ability, photosynthetic
pathway (C3, C4), phenology (annual, perennial), clonality, presence of swollen root
storage organ, and presence of a tap root (Comelissen et al. 2003b). The latter data
were either determined from plants growing at the field sites or collated from diverse
published sources.

Statistical

analyses

For continuous traits, I examined the relationship between traits and abundance (for
each of the three abundance measures) using simple linear regression, with the trait as
the independent variable and the abundance measure as the dependent variable. I
examined the relationships for individual traits rather than multi-trait indices, as I
found individual traits were more strongly related to abundance than either of the first
two axes of a principle components analysis including all traits. For categorical traits,
I tested for differences in the abundance of species within each category using residual
maximum likelihood (REML) linear mixed models (Genstat 7th Ed.), with the
abundance measure being the variate and the categorical trait as the fixed model.
Significantly different categories were identified through the examination of the least
significant difference. Correlations between variables were examined using Pearson's
correlation coefficient. Data were log transformed where skewed distributions were
evident, which was the case for the three abundance measures, as well as most plant
and leaf traits.
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RESULTS
There were few significant relationships between the overall relative abundance of
species and their vegetative traits (full list of trait values given in Appendix 1).
Overall relative abundance was positively related to LDMC (Table 1, Fig. 2B)
although this trend was weak (r^ = 0.085). There were no significant relationships
between overall relative abundance and traits associated with plant size (Table 1, Fig.
2A). Species with high overall relative abundance were significantly more likely to be
tussocky, grasses, hemicryptophytes, have C4 photosynthetic pathway and no capacity
for root storage, and were less likely to be dwarf shrubs, have semi-basal habit, be
woody plants, geophytes, or have C3 photosynthetic pathway (Table 2).

Table 1. Summary of linear regression analyses of abundance (measured as either
overall relative abundance, local relative abundance or frequency) as a function of
various plant and leaf traits. Significant resuhs (P < 0.05) are indicated in bold.

Trait
Shoot Biomass
Green Shoot Biomass
Non-green Shoot Biomass
Leaf Mass Ratio
Root Biomass
Root:Shoot
Plant Height
Plant Width
Mean Height of Canopy
No. Root Axes
Diameter Thickest Root

Overall
Relative Abundance
v.r.
P
r^
Slope
+
1.02 0.317
0.65

0.424

2.18

0.144

1.43
0.30

0.236
0.585

0.33
0.05

0.565
0.823

+

0.75

0.390

+

0.08

0.773

+

2.41
0.41

0.125
0.524

+

0.016
0.006

-

0.019

0.085

Leaf Length
Leaf Width

1.20
1.84

0.276

Leaf Dry Mass
Leaf Angle

0.18

0.179
0.672

0.003
0.012

0.08

0.776

v.r. = variance ratio
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22.87 <0.001

0.231

21.01 <0.001

0.215

15.62 <0.001

0.167

1.03

0.314

15.49 <0.001
0.20
5.36

0.166

0.658
0.023

0.056

18.09 <0.001

0.190

5.06
6.54

0.028
0.013

0.053
0.071

3.47

0.067

0.033

+

32.54 <0.001

0.305

-

10.73

0.002

0.119

8.13
0.65

0.006
0.424

0.090

7.84
0.49

0.007
0.488

0.087

+
•

0.007
0.855

SLA

-

+

7.73
0.03

LDMC

+

Local
Relative Abundance
v.r.
P
r^
Slope

+
-

+
+

Frequency
v.r.

P
15.3
<0.001
3
17.3
<0.001
5
4.26 0.043
0.00 0.969
15.7
<0.001
1
2.62 0.110
6.60 0.012
13.1
<0.001
8
5.53 0.021
0.18 0.673
14.3
<0.001
6
0.47 0.493
12.1
<0.001
6
2.34 0.131
1.84 0.180
7.19 0.009
0.13 0.715

^

Slope

0.164

-

0.183

-

0.043

-

0.168

-

0.022

-

0.071

-

0.143

-

0.058

-

0.155

-

0.134

+

0.018
0.011

-

0.079

-

In contrast, where abundance was quantified as the local relative abundance, there
were significant positive relationships for many of the traits measured (Table 1). The
local relative abundance of species increased significantly with a range of attributes
associated with plant size, including green shoot biomass, non-green shoot biomass,
total shoot biomass (Fig. 2D), root biomass, plant height, plant width, and mean height
of the green canopy (Table 1). Local relative abundance also increased with the
number of primary root axes, leaf length and leaf dry mass. While local relative
abundance increased significantly with LDMC (Fig. 2B), it decreased significantly
with SLA (Fig. 2F). Overall, the best predictors of local relative abundance were
LDMC (r^ = 0.305) and total shoot biomass (r^ = 0.231) (Table 1, Fig. 2D,E). Species
that had high local relative abundance were more likely to be tussocks, phanerophytes,
woody plants, legumes, and C4 species, and were less likely to have semi-basal
growth forms, be therophytes or geophytes, forbs, non-legumes, or be C3 species
(Table 2).

When abundance was measured as frequency, there were generally negative
relationships with vegetative traits (Table 1). The frequency of species decreased
significantly with traits associated with plant size, including green shoot biomass,
non-green shoot biomass, total shoot biomass (Fig. 2G), root biomass, plant height,
plant width, and mean height of the green canopy (Table 1). Frequency also decreased
with the diameter of the thickest root and leaf dry mass (Table 1). While there was no
relationship between frequency and LDMC (Fig. 2H), frequency increased
significantly with SLA (Fig. 21). The relationships between frequency and the
vegetative traits measured were generally weaker than for trait relationships with local
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relative abundance, with the best predictors of frequency being green shoot biomass
(r^ = 0.183) and root biomass in the top 10 cm of soil (r^ = 0.168) (Table 1). Species
that occurred more frequently over the study plots were more likely to be therophytes,
non-clonal, and have no root storage capacity, and less likely to be dwarf shrubs,
phanerophytes, woody species, perennials, have clonal habits and have some root
storage capacity (Table 2).
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Figure 2. Overall relative abundance, local relative abundance and frequency of
occurrence as a function of shoot biomass (A, D, G), LDMC (B, E, H) and SLA (C,
F, I) respectively, with broad plant forms indicated: forbs ( • ) , grasses ( • ) , woody
species Ijk ), and other species ( ). Note that both relative abundance measures,
frequency, and shoot biomass are on a logio scale.
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Table 2. Summary of REML analyses of abundance (measured as either overall
relative abundance, local relative abundance or frequency) as a function of various
categorical plant, leaf and root traits. Significant differences between categories are
indicated in bold and in the summary, with different letters indicating significant
differences, and categories ordered from the highest to lowest mean abundance.

Overall Relative Abundance
Trait

Wald

Summary
tussock®,
erect leafy®',
0.009 short basal'',
dwarf shrubs",
semi-basal"

Local Relative Abundance
Wald

P

Summary

Frequency
Wald

tussock®,
dwarf shrubs"
6.57 <0.001 short basal"',
erect leafy"',
semi-basal'

3.38

P

Summary

erect leafy®,
tussock',
0.009 short basal',
semi-basal',
dwarf shrubs"

W4

3.39

Life form

W4

Hemicryptoph^e',
chamaephyte' ,
5.00 <0.001 phanerophyte'",
therophyte®",
geophyte"

phanerophyte',
chamaeph^e'".
9.58 <0.001 hemicryptophyte",
therophyte',
geophyte'

therophyte',
hemicryptophyte"
7.18 <0.001 geophyte®",
chamaephyte®",
phanerophyte'

Coarse Growth
Form

W2

3.04

0.048

5.40

0.005

8.58 <0.001 grass' forb',
woody

N - fixation

W,

3.19

0.074

3.87

Q Q^g legume®,
non-legume

0.42

0.515

Photosynthetic
pathway

W,

4.00

0.045 C4', C3"

4.43

0.035 C4®, C3"

0.71

0.401

Phenology

Wi

2.20

0.138

1.54

0.215

Glonality

W,

0.55

0.459

1.35

0.246

8.64

Root Storage

W,

7.54

1.63

0.201

10.45

Tap Root

W,

0.11

0.740

0.20

0.655

1.36

Growth Form

woody

t^^b'",

22.72 <0.001

perennial
n nno non-clonal',
clonal"
n nni no-storage',
storage"
0.243

W4 = Wald (Wald statistic / d.f.) where d.f. is 4

With regard to relationship between the three abundance measures applied here,
overall relative abundance was highly and positively correlated with both local
relative abundance (r = 0.836, P < 0.05) and frequency (r = 0.732, P < 0.05). In
contrast, the correlation between local relative abundance and frequency was poor,
although still positive and marginally significant (r = 0.238, P < 0.05).
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DISCUSSION
Relationships between traits and abundance
For the plant species in this native grassland community, alternate relationships were
evident between vegetative traits and the 3 abundance measures quantified here. Trait
- abundance relationships were weakest for overall relative abundance. Although
overall relative abundance was positively related to LDMC (Fig. 2B), no significant
relationships were found with any other continuous leaf or whole plant traits (Table 1,
Fig. 2A,C). There were significant relationships between overall relative abundance
and a number of categorical traits, with high overall relative abundance associated
with tussocky growth form, hemicryptophytic life form, grasses, C4 photosynthetic
pathway, and no major capacity for root storage of carbohydrates (Table 2).

In contrast, there were relatively strong and consistent relationships between local
relative abundance and vegetative traits (Table 1). There were significant positive
relationships between local relative abundance and a suite of traits associated with
plant size, including shoot biomass (Fig. 2D), root biomass, plant height and plant
width. Species that occurred at high local relative abundances tended to be woody
species or perennial large tussocky grasses (Table 2), as also found by Craine et al.
(2001). The strong relationships between local relative abundance and traits associated
with plant size is unsurprising, as larger plants are more likely to have high levels of
projected foliage cover in the study plots they occur in, independent of plant density.

The local relative abundance of species was also positively related to LDMC (Fig. 2E)
and negatively related to SLA (Fig. 2F). Well established relationships regarding leaf
strategies suggest that high LDMC and low SLA are associated with lower relative
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growth rates, greater leaf longevity, and more conservative resource use (Reich et al.
1999, Wright et al. 2005, Westoby and Wright 2006). The association of these leaf
strategies with high local relative abundance in the grassland examined here aligns
with the relatively low nutrient status of the soils, suggesting that a conservative
strategy for leaf construction is successful under these conditions (Reich et al. 1997).

The relationships between the frequency of species occurrence and vegetative traits
tended to be opposite to those observed for local relative abundance. Frequency was
negatively related to traits associated with plant size, including shoot biomass (Fig.
2G), root biomass, plant height and plant width, a similar result to those presented by
Reader (1998) and Austrheim et al. (2005). Whereas species of greater local relative
abundance tended to be woody species and large perennial tussock grasses, species
that occurred more frequently tended to be smaller grasses and forbs, with erect leafy
growth forms, annual life cycles, and limited capacity for root storage or clonal
growth (Table 2).

The frequency of species occurrence was positively related to SLA (Fig. 21), the
opposite trend to that observed for local relative abundance (Fig. 2F). This result
suggests that more frequently occurring species have a greater capacity for rapid
growth, and corresponds with previous findings of high SLA in small herbaceous
annual species (Gamier et al. 1997, Reich et al. 1999). The absence of a relationship
between frequency and LDMC (Fig. 2H) is unexpected, as both the present study
(data not shown) and previous studies have demonstrated strong negative relationships
between SLA and LDMC (Gamier et al. 2001b, Al Haj Khaled 2005). However, the
lack of a significant relationship between frequency and LDMC is indicative of the

54

generally weaker relations observed between frequency and traits, compared to
stronger relations found between local relative abundance and traits.

The contrasting relationships between vegetative traits and the three abundance
measures examined here may reflect underlying differences in plant strategies. In the
community I studied, large plant species with conservative leaf strategies are more
likely to be dominant locally, but occur less frequently. In contrast, smaller species
with high potential growth rate are likely to occur frequently, but not achieve local
dominance. This may indicate that the larger species have more specialised
requirements for colonisation and persistence, while the smaller species are more
generalist in their needs, and are able to successfully fill gaps. The traits associated
with high overall relative abundance shared some similarities with traits associated
with both high local relative abundance and high frequency. These results are
reflected in the correlations between the three abundance measures, with overall
relative abundance being positively and significantly correlated with both local
relative abundance (Pearson's r = 0.836) and frequency (r = 0.732), but local relative
abundance being poorly correlated with frequency (r = 0.238). Our data highlight the
importance of the abundance measure applied when examining trait - abundance
relationships. The scale at which abundance is measured will also be critical when
relating traits to abundance.

Broader perspectives on trait - abundance relations
Although there is merit in exploring relationships between functional traits and
abundance within communities, such as the native grassland examined here, it is
evident that trait - abundance relationships will be highly dependent on the
environmental conditions experienced by a community (Leishman and Murray 2001).
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The competitive abilities of species are often tightly linked to environmental factors,
such as resource levels, disturbance, and environmental stresses (Grubb et al. 1982,
Austrheim et al. 2005). The interaction between species traits and environmental
attributes is likely to be critical in determining abundance patterns. As environmental
conditions change, either within a site or between sites, we may expect the
relationship between the abundances of species and their traits to alter (Reader 1998).

Generating robust hypotheses for how trait - abundance relations will change along
major environmental gradients is likely to be difficult, due to the combined effects of
key environmental factors in determining which traits will be associated with the most
abundant species. The ecological history of a community will also be important in
determining trait - abundance relations, primarily by influencing the pool of available
species. In addition, trait - abundance relations will be dependent upon the measure of
abundance applied, as has been demonstrated in this study.

Novel approaches to understanding how species traits influence abundance are being
developed, such as that presented by Shipley et al. (2006). Under their theoretical
framework, species abundances are predicted from the traits of species and the
community aggregated trait mean, through a procedure of entropy maximisation. For
the example they present, this theoretical approach reliably predicted species
abundances (Shipley et al. 2006), although the methods they applied are subject to
debate (Roxburgh and Mokany 2007). In addition, the reliability of their entropy
maximisation framework to predict species abundances from functional traits appears
to be dependent on strong underlying relationships between traits and abundance.
Where there are no clear trait - abundance relationships, the community aggregated
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trait mean would tend to be located in the centre of the trait axis, and the predictive
capacity of the entropy maximisation procedure would most likely be reduced.

Although we are gaining greater empirical and theoretical knowledge of how the traits
of species relate to their abundance, we are yet to achieve a firm understanding of the
interplay between these two key components of ecology. The number of empirical
studies examining trait - abundance relations are few, hence more research is required
over a broad range of communities. Targeted research examining how trait abundance relations change along key environmental gradients (e.g. resource,
disturbance, stress) is also required, in order to develop and test hypotheses for how
the traits of species influence their abundance (e.g. Leishman and Murray 2001,
Murray et al. 2005, Shipley et al. 2006).
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Chapter 4
Are traits measured on pot grown plants representative of those in
natural communities?*

ABSTRACT
The accurate quantification of functional traits in natural communities is vital for
improving our understanding of how the biota influence ecosystem processes.
However, many traits (e.g. root traits, resource use) are difficult to quantify for plants
growing in natural communities. Here I assess the utility of traits measured on pot
grown plants to represent traits for plants growing in a natural grassland community. I
compared traits measured in the field to those measured under two different pot
conditions: unfertilised and fertilised. As with previous studies, I found significant
differences between the values of traits as growing conditions changed, however,
species ranking remained consistent for most leaf traits between the field and the two
pot growing conditions. In contrast, species ranking was not consistent for most
whole-plant traits when comparing field plants to fertilised pot grown plants,
providing a caution against the tendency to grow plants in controlled conditions at
'optimal' (high) resource levels. I also examined the potential for root traits to be
predicted from above ground traits. Moderate to strong correlations between below
ground and above ground plant traits, including between root dry matter content and
leaf dry matter content, and between specific root area and specific leaf area. The
apparent consistency between above ground and below ground plant trait strategies
suggests that, below ground traits may be predictable based on above ground traits,
reducing the need to quantify root traits on cultured plants.

* This chapter published as: Mokany, K. and Ash, J. (2007) Are traits measured on pot grown plants
representative of those in natural communities? Journal of Vegetation Science (in press).
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INTRODUCTION
Evidence is accumulating that the traits of species are crucial in influencing ecosystem
processes. A range of morphological and physiological plant traits have been found to
be of key importance in affecting carbon cycling, water cycling, nutrient dynamics,
and species interactions (Reich et al. 1997, Craine et al. 2003, Wright et al. 2005). The
accurate quantification of functional traits in ecological studies is therefore vital for
improving our understanding of the interaction between the biota and biogeochemical
pools and fluxes.

Much research has been undertaken into the quantification of leaf and other above
ground plant traits, and the relation of these traits to key ecosystem processes (e.g.
productivity, nutrient use, community dynamics) (Westoby 1998, Gamier et al. 2004).
Unfortunately, we know less about below ground traits, despite their importance for
resource uptake, storage and transport (Wahl and Ryser 2000, Wright and Westoby
2000, Craine et al. 2002b, 2003). Lack of clear knowledge for how root traits
influence ecosystem processes results from the difficulties associated with quantifying
root traits in natural communities. Not only does the soil and rock matrix restrict
visual and physical access to root systems, but the highly interwoven nature of root
systems severely limits our ability to accurately quantify root traits.

The difficulties in quantifying some key plant traits in natural communities have led
researchers to measure traits on plants growing under controlled conditions. These are
typically monocultures of selected species, grown in growth chambers, glasshouses, or
controlled field plots (Comelissen et al. 2003a). Quantifying plant traits under
controlled conditions provides easy access to both shoots and roots, accurate control
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over growing conditions, and enhanced capacity to quantify relative growth rate and
resource use (Gamier and Freijsen 1994).

Although quantification of traits under controlled conditions presents clear
advantages, it is important to know whether such traits accurately reflect traits for
plants growing in natural communities. It is well established that the traits of species
can vary markedly with growing conditions (Boot and Mensink 1990, Ryser and
Lambers 1995), and over time (Gamier et al. 2001a, Craine et al. 2002b). More
important is the question of whether variation in trait values with growing conditions
is reasonably standard across all species, or whether species respond differently to
changes in growing conditions (Comelissen et al. 2003a).

Species rankings based on trait values are generally consistent when comparing
different natural communities (Abrams et al. 1994, Gamier et al. 2001a, Roche et al.
2004) or when comparing different experimental treatments (Shipley and AlmeidaCortez 2003, Al Haj Khaled et al. 2005). Fewer studies have examined whether
species trait rankings are consistent between pot conditions and field conditions, with
species rankings found to be consistent for some traits (e.g. SLA) but not others (leaf
density, thickness, and N concentration) (Gamier and Freijsen 1994, Gamier et al.
1997, Poorter and De Jong 1999, Comelissen et al. 2003a). If there are significant
interactions between genotype and environment, there are likely to be problems in
extrapolating traits measured on pot grown plants to plants growing in the field
(Gamier and Freijsen 1994, Poorter and De Jong 1999).

Assessing the accuracy of pot-grown plants to reflect traits in natural communities is
limited by the few studies which have examined this issue, and the small number of
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traits examined. Further data are needed to test the robustness of interspecific trait
rankings (Comehssen et al. 2003a). Additionally, I am aware of no studies that have
investigated the importance of pot growing conditions in relating the traits of control
grown plants to those in the field. The culture techniques applied are likely to be
highly relevant in determining the ecophysiological applicability of traits measured on
pot grown plants (Gamier and Freijsen 1994).

An alternative approach to quantifying traits on pot grown plants for field based
applications may be to develop robust relationships between traits which are easy to
measure (e.g. leaf traits) and difficult to measure (e.g. root traits) in the field. A small
number of studies have suggested linkages between above ground and below ground
traits (Wahl and Ryser 2000, Craine and Lee 2003, Roumet et al. 2006), however
further evidence is required to support the notion that plant strategies extend from leaf
and shoot traits to root traits.

The primary aim of this study was to determine the adequacy of plants grown under
controlled conditions to represent traits of plants growing in a natural community. I
quantified 17 traits important for plant function (Comelissen et al. 2003b, Stubbs and
Wilson 2004) for 14 species growing in both a native grassland community and in
controlled pot conditions. I assessed the influence of pot conditions on species trait
rankings, by comparing traits of field grown plants to those growing in either
unfertilised or fertilised pot conditions. Finally, I examined whether key below ground
traits are predictable from above ground traits, which would reduce the need to
quantify root traits on cultured plants.
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METHODS
Study area and experimental

design

The community examined was a native grassland 20 km N of Canberra, Australia
(35°07'S, 149°07'E, 725 m a.s.l.) (Fig. 1). Mean annual precipitation is 622 mm and
mean daily maximum temperatures are 27.8°C in January and 11.3°C in July. Soils
are loams overlying clays and have generally low nutrients concentrations (extractable
P = 12.8 mg.kg-1 ± 4.5, K = 213 mg.kg-1 ± 94, total N = 0.204% ± 0.065). The preEuropean grassland and grassy woodland was largely cleared of trees in the mid
1800's and the native herbaceous flora allowed to colonise under low to moderate
sheep / cattle grazing, with some naturalisation of exotic species.

Within a contiguous area of native grassland, 10 sites were established, all within a
1 km radius (to limit environmental variation). All sites (7 m x 14 m) were fenced in
October 2004 to exclude stock grazing and allow full expression of species traits.
Traits were measured for 14 of the most abundant species at the field sites, which
included perennial C3 grasses {Austrodanthonia caespitosa,

Austrodanthonia

carphoides, Joycea pallida, Poa labillardieri) perennial C4 grasses {Aristida ramosa,
Bothriochloa macra, Themeda australis), annual C3 grasses {Aira

elegantissima,

Vulpia bromoides), perennial forbs {Hypochaeris radicata, Plantago varia), annual
legumes {Trifolium dubium, T. subterraneum), and a perennial mat rush (Lomandra
filiformis) (nomenclature follows Harden (1996) and Linder (1997)).

For the pot study, each species was grown in monocultures in an outside area at The
Austrahan National University, Canberra, Australia (35°17'S, 149°07'E, 571 m a.s.l.)
(Fig. 2). Monocultures were grown in vertical polyvinylchloride (PVC) tubes, 15 cm
in diameter and 60 cm high, with drainage holes in their solid bases. Soil for
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monocultures was a sandy loam mixture (60% sand, 40% loam). For all perennial
species, live plants were collected from the field sites, their roots washed free of soil,
and four ramets of representative size planted in each pot. For the annual species
examined, soil was collected from the field sites, watered, and four emergent
seedlings of the appropriate species planted per experimental pot. Pot grown plants
generally achieved canopy size (height and width) similar to, or greater than, field
grown plants over the growing period (Table 1). Species were planted in August 2005,
and two treatments allocated: no fertiliser, and fertiliser addition (20 g Osmocote®
slow release fertiliser, 18% N, 9.3% K, 0% P). This was a significant fertiliser
treatment, resuhing in an average 120% increase in shoot biomass. Each treatment
was replicated in three pots, and the location of treatments was randomised within
each of three blocks. Plants grown in pots received ambient rainfall and moderate
additional watering (twice weekly), with incident radiation being similar to the field
site.

Figure 1. The area of native grassland examined.
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Figure 2. The pot study set-up.

Trait measurements
Functional traits of all species were measured during their peak growth period in
spring (November / December 2005). For pot grown plants, three replicate plants,
leaves or root samples were measured (one replicate per pot) for each species in each
treatment. In the field, five replicate plants or leaves were sampled, with each replicate
from a different field site. At the whole plant level 1 measured maximum height and
width of the green canopy, shoot biomass (separated into green leaf and non-green
biomass, measured at height intervals of 0 - 5 cm, 5 - 10 cm, and then 10 cm
intervals), and root biomass (in the top 10 cm of soil for field plants and in all 10 cm
intervals for potted plants). From these measurements I calculated leaf mass ratio
(green shoot / total shoot), root:shoot ratio (for the top 10 cm of root biomass), mean
height of the green canopy (height at which half the green leaf is both above and
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below), and a root biomass depth distribution coefficient for pot grown plants ('B'
from Gale and Grigal (1987), where high values indicate root biomass allocated
deeper in the soil). The root biomass in the top 10 cm of soil was highly indicative of
the entire root biomass for the pot grown plants examined here (P < 0.001,
R^ = 0.938). Whole plant relative growth rate (RGR) was determined for pot grown
plants using initial plant biomass (determined from a sub-sample of ramets for
planting), final plant biomass, and the growth period.

For the leaves of each species I measured leaf angle (degrees from the horizontal),
hairiness (l=glabrous to 4=pubescent), length, width, area, fresh mass (saturated) and
dry mass. From these data I calculated leaf dry matter content (LDMC - leaf dry mass
per unit fresh mass) and specific leaf area (SLA - leaf area per unit dry mass). For
each species in each pot treatment, I took one replicate sample of fine roots (<1 mm)
at a depth of 20-30 cm from each of the three pots, washed them over a 1 mm screen,
and measured fresh root mass. Each sample was stained, suspended in 7 mm of water
in a 15 cm diameter clear petri dish, scanned digitally at 600 dots per inch with a
Hewlett Packard Scanjet 5470c, and then dried at 80°C for 3 days. Each digital image
was analysed using WinRhizo 3.9f Pro (Regent Instruments, Quebec) to determine the
root sample's total volume, length, surface area, and average diameter. From this data
I calculated specific root length (SRL - root length per unit dry mass), specific root
area (SRA - root surface area per unit dry mass), and root dry matter content (RDMC root dry mass per unit fresh mass). All trait measurements were made using standard
methods (Comelissen et al. 2003b).
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Statistical

analyses

I used residual maximum likelihood (REML) linear mixed models (Genstat 7th Ed.) to
test for differences between species, growing conditions (field, unfertilised pot,
fertilised pot), and the interaction of species and growing conditions for each trait. In
each case the fixed model was the interaction of species and growing conditions, and
the random model was field site or experimental block. Significantly different
categories were identified through the examination of the least significant difference.
Note that Table 1 shows actual mean values, however the statistical results refer to
modelled means analysed by REML. Spearman rank correlation coefficients were
calculated to test whether the ranking of species for each trait was conserved between
growing conditions. I used chi-squared tests to examine if the proportion of species
with a positive trait response following fertiliser differed significantly to the
proportion expected if there was: (1) no similarity in response (=50% positive
response), and; (2) a uniform response (=100% response in one direction).

Correlations between above and below ground traits were examined for the pot grown
plants using Pearson's correlation coefficient, with ^-values (analogous to P-values)
calculated using the false discovery rate approach of Storey (2002) to correct for the
increased likelihood of significance due to muhiple tests. Pairwise relationships
between above and below ground traits were determined with model II regression,
which is required when there is no clearly defined independent variable (Sokal and
Rohlf 1981). Data were logio transformed where skewed distributions were evident,
which was the case for most plant, leaf, and root traits.
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RESULTS
Pot grown plants vs field plants
For most traits measured, plants growing in the field were significantly different to
those growing in either fertilised or unfertilised pot conditions (Table 1). Plants
growing in the field had significantly greater shoot biomass, but were significantly
shorter than pot grown plants (Table 1). The leaves of plants growing in the field were
significantly smaller (shorter and narrower), had significantly lower SLA, and grew at
significantly greater angles from the horizontal compared to plants grown in pots
(Table 1). Plants growing in the field had significantly greater root:shoot ratios (for
root biomass to 10 cm depth) than plants grown in pots, despite no significant
difference in root biomass (Table 1).

Table 1. Summary from REML analyses detailing differences between species,
treatment (growing conditions) and the interaction between species and treatment for
each trait quantified. Mean values for each treatment are given, with significant
differences between treatments (unfert = unfertilised pot grown, fert = fertilised pot
grown) for each trait indicated by a different letter.
Species
Trait
SUV ( m l k g - ' )

Wald
(W,3,26)

Treatment (Growing Conditions)
p

92.47 <0.001

Wald
(W2,2e)

1p

21,97 <0.001

Fert
Mean

Field
Mean

Wald

D

P

18.15a

18.54 a

16.65 b

4.91

0.002 0.297 ab

0.284 a

0.324 b

3.06

<0.001

499.1 a

572.1 b

265.8 c

10.85

<0.001

LDMC

121.45 <0.001

Leaf Area (mm^)

206.68 <0.001

26.57 <0.001

Leaf Dry Mass (g)

275.82 <0.001

14.28 <0.001

6.40

Unfert
Mean

Species'Treatment

<0.001

0.036 a

0.040 a

0.028 b

9.44

<0.001

72.02 <0.001

4.98

0.007

2.50 a

2.45 a

2.27 b

10.90

Leaf Length (cm)

<0.001

183.13 <0.001

6.63

0.001

11.52 a

12.37 a

10.94 b

7.46

Leaf Width (cm)

<0.001

401.66 <0.001

24.45 <0.001 0.9253 a 0.9687 b

0.5939 c

6.88

Leaf Angle* (° from horizontal)

143.07 <0.001

<0.001

40.16 <0.001

61.08 c

56.01

<0.001

Hairs (1=glabrous to 4=pubescent)

51.03 a

42.00 b

Green Shoot Biomass(g)

90.29 <0.001

2.11

0.121

0.819

1.595

4.278

Non-green Shoot Biomass (g)

7.65

58.61

<0.001

<0.001

7.02 <0.001

2.282 a

5.271 b

17.682 b

Shoot Biomass (g)

13.12

121.89 <0.001

<0.001

24.19 <0.001

3.10a

6.87 b

21.96 c

Root Biomass (<10cm) (g)

15.22

140.06 <0.001

<0.001

0.096

1.051

1.511

6.289

8.14

<0.001

2.34

Root:Shoot (for root <10cm)

17.94 <0.001

13.20 <0.001

0.356 a

0.341 a

0.717 b

Mean Height of Green Canopy (cm)

45.98 <0.001

8.76

<0.001

16.86 <0.001

6.690 a

7.578 a

Max. Canopy Height (cm)

5.990 b

85.46 <0.001

8.09

<0.001

16.26 <0.001

21.30 a

21.91 a

Max. Canopy Width (cm)

19.56 b

30.12 <0.001

12.63

<0.001

22.19 a

25.89 b

Leaf Weight Ratio

20.76 a

15.16 <0.001

5.94

<0.001

0.29 a 0.2745 a

0.4699 b

6.49

<0.001

6.20

0.002

22.09 <0.001

# - Wald for Species (W,i,22), for treatment (W2.22), for Species*Treatment (W2
Max. = maximum; LDMC = leaf dry matter content; S U \ = specific iea'f area
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For all traits, there were significant interactions between growing conditions and
species identity, indicating that changes in trait values with growing conditions
depended on species identity (Table 1). Some species displayed great plasticity in
their trait values, with mean plasticity (PIv index, Valladares et al. (2006)) exceeding
0.5 for two of the introduced species, H. radicata (0.526) and V. bromoides (0.501). In
contrast, the traits of L.filiformis

were generally consistent across growing conditions

(mean Ply = 0.254). A number of traits were particularly variable across the growing
conditions, most notably green shoot biomass (mean Ply = 0.729), non-green shoot
biomass (0.848), total shoot biomass (0.826) and root biomass to 10 cm depth (0.694).
Of the traits measured under all growing conditions, LDMC was the most
conservative (mean Ply = 0.166).

When only the pot grown plants were considered, the traits of most species responded
in a similar way to fertiliser treatment {P < 0.001, chi-sq.34 = 87.8), however, the
direction of response to fertiliser was not uniform for all species {P < 0.001, chi-sq.34
= 6583.2). In particular, three perermial monocot species {B. macra, L.filiformis,

and

T. australis) had lower plant biomass in the fertilised compared to the unfertilised
pots, and in contrast to all other species they had significantly greater root:shoot ratios
following fertiliser (Wald (W)i = 11.64, P < 0.001), and significantly smaller leaf
length (W, = 8.62, P = 0.003), leaf dry mass (W, = 6.25, P = 0.012), and mean height
of the green canopy (Wi = 8.03, P = 0.005) following fertiliser. In the unfertilised
pots, these three species had significantly greater root:shoot ratios (Wi = 9.49, P =
0.002), LDMC (Wi = 3.94, P = 0.047), and significantly lower B-coefficients (Wi =
8.61, P = 0.003) than the other 11 species.
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Species ranking was significantly correlated between field grown plants and both pot
growing conditions for all the leaf traits quantified (with the exception of leaf angle)
(Table 2). For whole plant traits, the ranking of species was significantly correlated
most often between field grown plants and unfertilised pot grown plants, with ranking
only significantly different for root:shoot ratios and leaf weight ratios (Table 2). In
contrast, species rankings for whole plant traits were generally not correlated between
field plants and fertilised pot grown plants, with significantly different rankings for six
out of nine traits (Table 2). Overall, species ranking for traits was most strongly
correlated between field grown plants and unfertilised pot grown plants.

Table 2. Summary from Spearman's rank correlation tests comparing species ranking
for each trait between the field site, the unfertilised pot conditions (Unfert Pot) and the
fertilised pot conditions (Pert Pot). Significant values indicate significant correlation
in the ranking of species for each trait for each growing condition comparison. Traits
for which rankings are not significantly correlated are shown in bold.

Field vs Unfert Pot
Trait

Correl.*

t,2

P

Field v s Fert P o t
Correl.*

t,2

P

Unfert Pot v s Fert Pot
Correl.*

tl2

P

SLA

0.8857

6.609 <0.001

0.8154

4.879 <0.001

0.8769

6.320

<0.001

LDMC

0.9253

8.450 <0.001

0.8022

4.654

0.001

0.8901

6.766

<0.001

Leaf Area

0.8593

5.821 <0.001

0.8286

5.127 <0.001

0.9824

18.23

<0.001

Leaf Dry Mass

0.8725

6.187 <0.001

0.8725

6.187 <0.001

0.9736

14.78

<0.001

Leaf Hairs

0.6187

2.612

0.023

0.5747

2.315

0.039

0.9626

12.08

<0.001

Leaf Length

0.8989

7.107 <0.001

0.7978

4.584

0.001

0.9429

9.802

<0.001

Leaf Width

0.8890

6.721 <0.001

0.8725

6.187 <0.001

0.9813

17.66

<0.001

Leaf Angle (tio)

0.4476

1.583

0.145

0.7413

3.492

0.006

0.8531

5.172

<0.001

Green Shoot Biomass

0.8242

5.041

<0.001

0.6308

2.816

0.016

0.8154

4.879

<0.001

Non-green Shoot Biomass

0.5956

2.569

0.025

0.3890

1.463

0.169

0.8330

5.215

<0.001

Shoot Biomass

0.8242

5.041 <0.001

0.5341

2.188

0.049

0.7495

3.921

0.002

Root Biomass (<10cm)

0.8418

5.401 <0.001

0.7626

4.084

0.002

0.7670

4.141

Root:Shoot (for root <10cm)

0.001

0.3231

1.183

0.260

0.2527 0.9049

0.383

0.7846

4.384

Mean Height of Green Canopy

0.001

0.5560

2.317

0.039

0.3011

1.094

0.296

0.8813

Max. Canopy Height

6.461

<0.001

0.7407

3.819

0.002

0.5121

2.065

0.061

0.8989

7.107

Max. Canopy Width

<0.001

0.6396

2.882

0.014

0.3407

1.255

0.233

0.6044

2.628

Leaf Weight Ratio

0.022

0.1692

0.594

0.563

0.0197

0.068

0.946

0.8066

4.727

<0.001

* - Spearman's Correlation Coefficient; Max. = maximum; LDMC = leaf dry matter content; SLA = specific leaf area
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Relationships between below ground and above ground traits
For pot grown plants, RDMC was positively correlated with plant height {q < 0.001,
r^ = 0.584), and LDMC {q = 0.001, r^ = 0.391) (Fig. lA; ^-values are analogous to
P-values). SRL was positively correlated with SLA {q = 0.013, r^ = 0.251), although
SRA and SLA were more strongly correlated {q = 0.001, r^ = 0.294) (Fig. IB). Both
SRL {q = 0.001, r^ = 0.449) and SRA {q < 0.001, ? = 0.233) were negatively related
to green shoot biomass. The root biomass depth distribution coefficient (B) was
positively correlated with total shoot biomass {q = 0.021, r^ = 0.203) and negatively
correlated with SLA {q = 0.001, r^ = 0.400). Whole plant RGR was most positively
correlated with leaf width {q = 0.028, r^ = 0.196), and most negatively correlated with
LDMC {q = 0.024, r^ = 0.255). SLA was not significantly correlated with whole plant
RGR (^ = 0.126, r2 = 0.004).

DISCUSSION
Utility ofpot grown plants in representing traits in the field
As has been documented in previous studies (e.g. Ryser and Lambers 1995, Gamier et
al. 2001a, Shipley and Almeida-Cortez 2003), I observed significant differences in
trait values for species as growing conditions changed. Most traits measured on both
unfertilised and fertilised pot grown plants were significantly different to those for
plants of the same species growing in the natural grassland community (Table 1). This
plasticity in the functional traits of species as environmental conditions vary limits the
direct application of trait values from plants grown under controlled conditions to
plants growing in natural communities, and more importantly, limits the
characterisation of a species by a single trait value.
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Figure 1. Relationships between (A) RDMC and LDMC, and (B) SRA and SLA, for
the 14 species grown in either unfertilised ( • ) or fertilised ( # ) pots. Model II
regression relationships are shown (Logio RDMC = -0.662 + 1.924*(LDMC - 0.291),
and; Logio SRA = 1.019 + 0.024*(SLA - 18.208)). Note that axes for both RDMC and
SRA are on the Logio scale.

Despite the significant differences in trait values between field and controlled growing
conditions, the ranking of species with respect to trait values was often highly
correlated across growing conditions. This was particularly evident for leaf traits,
where species ranking was generally consistent between the field and the two pot
conditions (Table 2). Previous studies have also found general consistency in species
ranking for key leaf traits between field and pot conditions (Gamier and Freijsen
1994, Gamier et al. 1997, Poorter and De Jong 1999, Comelissen et al. 2003a).
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In comparison, the ranking of species on the basis of whole plant traits was less
consistent between growing conditions. This was especially the case when comparing
field grown plants to fertilised pot grown plants, where rank correlations were low and
non-significant for 6/9 traits measured. While leaves can be produced relatively
rapidly, it may take more time for whole plant biomass allocation and structure in pot
grown plants to resemble that of plants growing in natural communities. For example,
species rank correlations for the biomass allocation ratios of root:shoot (for root
biomass in the top 10 cm) and the leaf weight ratio (green shoot / total shoot) were
low and non-significant when comparing field to both pot growing conditions (Table
2). The slow accumulation of both dead shoot and below ground biomass in some
perennial species may alter biomass allocation ratios over the long term. Control
grown plants will only reflect biomass allocation patterns of field plants if they are
maintained for sufficient time periods and provided with sufficient space for growth.

I also observed marked differences between species with regard to trait variability,
with some species displaying great trait plasticity while others possessing conservative
trait strategies. These differences in trait plasticity between species are reflected in the
many significant interactions between species and growing conditions (Table 1), and
promote further caution in directly applying trait values from pot grown plants to field
conditions. The fact that three of the 14 species had lower growth in the fertilised pots
than the unfertilised pots emphasises that not all species will have a unidirectional
response in their traits to ahered growing conditions. In this case, the three species
with lower growth in the fertilised pots most likely had nutrient optima at much lower
levels than those of the other species studied (Groves et al. 2003). The potential for
differential response of species traits to environmental conditions reduces the
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reliability of traits measured on pot grown plants for applications in natural
communities.

Overall, traits measured on the unfertilised pot grown plants were more representative
of traits from plants growing in the field (where soil nutrient status is low) than were
fertilised pot grown plants. Absolute trait values were more similar and species rank
correlations stronger for unfertilised pot grown plants when compared to field grown
plants. Although the absolute trait values from unfertilised pot grown plants do not
directly reflect those in the field, species rankings for most traits may be reliably
applied from unfertilised pot to field conditions. This finding has particular relevance
considering the tendency to grow plants in controlled conditions at 'optimal' (high)
resource levels (Gamier and Freijsen 1994). If traits are to adequately represent plants
growing under field conditions, they should be grown under conditions as similar as
possible to those of the natural community (in this case, low nitrogen availability). It
is therefore apparent that the utility of pot grown plants to quantify traits for plants
growing in natural communities is highly dependent on the growing conditions in the
controlled environment.

Relationships between below ground and above ground traits
Growing plants under controlled conditions is particularly useful for the quantification
of root traits, which are difficult to measure accurately on plants growing in natural
communities. An alternative to measuring root traits under controlled conditions is to
improve our knowledge of how root traits correlate with leaf and shoot traits, allowing
root traits and strategies to be predicted once leaf and shoot traits have been
quantified. I explored the potential of this approach by quantifying a range of root
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traits for the pot grown plants, and relating these to shoot and leaf traits of the same
plants.

I found some moderate and strong correlations between above and below ground plant
traits. RDMC was significantly correlated with the corresponding leaf trait LDMC
(r^ = 0.391) (Fig. 1 A), and was correlated even more strongly with plant height
(r^ = 0.584). This suggests that the plant strategy commonly associated with high
LDMC (slow growth and conservative use of N) may also apply to roots of the same
species (Wahl and Ryser 2000, Craine and Lee 2003, Westoby and Wright 2006).
Another root trait identified by previous research as having high functional
significance is SRL, which is thought to reflect the capacity for acquisition of soil
resources relative to tissue investment (Ryser 2006). I found a significant positive,
though weak, correlation between SRL and the corresponding leaf trait SLA (r^ =
0.251), with a stronger correlation between SRA and SLA (r^ = 0.294) (Fig. IB). SRA
may be considered a more appropriate measure than SRL of capacity for soil resource
acquisition relative to tissue investment, as it relates tissue mass to root surface area
rather than length. It is the root surface area which will more directly determine the
capacity for resource uptake, hence, the functional relevance of SRA as a key root trait
(in comparison to SRL) deserves greater attention.

Of further interest was the negative correlation between both SRA and SRL and the
total mass of green leaf (r^ = 0.233 and 0.449 respectively). Species with high SRA
and SRL are more likely to be smaller plants (e.g. annual species) with high growth
rate and low green shoot biomass (Roumet et al. 2006). When only considering the
field grown plants, the root biomass in the top 10 cm of soil was highly correlated
with total shoot biomass (r^ = 0.906), supporting previous data on relations between
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shoot and root biomass (Schenk and Jackson 2002). The correlations observed here
between below and above ground traits support the concept that plant strategies extend
from leaf and shoot to root traits (Reich et al. 2003, Roumet et al. 2006), and that
above ground traits can be indicative of root traits.
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Chapter 5
Do the decisions required to quantify functional diversity limit its
utility?

ABSTRACT
Research into the effects of biodiversity on ecosystem processes has highlighted the
need for a suitable measure for how functionally diverse different communities are.
To date, attempts at relating ecosystem processes to functional diversity have been
restricted to examinations of functional group richness (how many ftinctional groups
are present). The functional group approach ignores species abundances, assumes that
all species within a group are functionally equivalent, and that the functional
differences of any species in different groups is uniform. More suitable indices of
functional diversity have been proposed recently, which take into account the
functional traits of each species present in a community and the abundances in which
those species occur. Here I assess the applicability of two such indices of functional
diversity: FDvar and Rao's FDQ. Employing either of these indices requires a number
of important decisions to be made, including: which traits to include; how many traits
to include; whether traits should be weighted by their perceived importance, and if so;
what weighting scheme to use; how data from different traits should be standardised,
and; which distance measure to use. As I demonstrate here, the objectivity of some of
these decisions can be enhanced by developing strict decision making criteria and by
quantitatively assessing the implications of various decisions. For example, both FDyar
and FDQ were found to be sensitive to the number of traits included in them. The
correlation of both these indices with Simpson's diversity increased as the number of
traits included in them increased, especially FDQ, which became highly correlated
with Simpson's diversity when it incorporated more than 3 traits. In contrast, FDQ was
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found to be relatively insensitive to the weighting of traits based on their perceived
importance. Finally, I highlight that there is no 'right answer' in the quantification of
functional diversity. When different decisions are made, the functional diversity of a
community will be valued differently. The appropriateness of the decisions taken in
quantifying functional diversity might only become evident by assessing the power of
functional diversity measures to explain community and ecosystem processes.

INTRODUCTION
Quantifying functional

diversity

There has been much debate and research over the last decade into the role of
biodiversity in influencing ecosystem processes. While methods for quantifying
ecosystem processes (biogeochemical pools and fluxes) are generally widely accepted
and applied, there is a lack of agreement as to the most appropriate measure of
biodiversity within this context. Early research in this field focussed on the effects of
species richness on ecosystem processes (e.g. Naeem et al. 1994, Tilman et al 1996,
1997b, Hector et al 1999), however it rapidly became evident that the identity and
functional attributes of the species present in a community were just as important as
the number of species (e.g. Diaz and Cabido 2001, Naeem and Wright 2003, Smith
and Knapp 2003). This is seen in much of the discussion regarding the 'selection
effect' and its role in influencing diversity - function relations (Loreau 2000,
Spaekova and Leps 2001, Fox 2005).

Further experimental research generated experimental designs which allocated species
into functional groups, and examined the effects of functional group richness on
ecosystem processes (e.g. Tilman et al. 1997b, Symstad and Tilman 2001, Spehn et al.
2005). Allocating species into functional groups has been a key component of
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research into the functional traits of species present in different communities
(Leishman and Westoby 1992, Diaz and Cabido 1997, Lavorel et al. 1999). However,
there are some important limitations of the functional group approach. Allocating
species into groups based on their functional attributes assumes that all species within
a group are functionally equivalent, and that the functional differences of any species
in different groups is uniform (Mason et al. 2005, Ricotta 2005, Petchey and Gaston
2006). In addition, Wright et al. (2006) found that the power of a priori functional
group classifications to predict ecosystem processes was rarely significantly greater
than that of random classifications of species into functional groups.

The need for a more accurate representation of how functionally diverse different
communities are has led to a number of functional diversity indices being proposed
over recent years. Walker et al. (1999) presented the first derivation of a functional
diversity index, which they call functional attribute diversity (FAD). FAD is simply
the sum of the pairwise species distances in multi-dimensional trait space {dij : the
Euclidean distance between the rth andy'th species in trait space).

FAD = ^

dij.

iJsA
Some major limitations have been identified with the FAD index of Walker et al.
(1999), including the strong relationship between FAD and both species richness and
the number of functional characters used (Mason et al. 2005).

An alternative method for quantifying functional diversity was presented by Petchey
and Gaston (2002), which they call FD due to its similarities with the phylogenetic
diversity (PD) measure. The calculation of FD involves four steps: (1) obtaining a trait
matrix (s rows of species by t columns of traits), (2) converting the trait matrix into a
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distance matrix (containing the pairwise trait distances {dtj) between all species), (3)
hierarchical clustering of the distance matrix to produce a functional dendrogram, and
(4) calculating the total branch length of the dendrogram (which gives the FD for that
community). The FD measure has the advantage of accounting for potential nonindependence in the source of differences between species, through the use of a
dendrogram (Petchey and Gaston 2006). However, FD tends to be highly correlated
with species richness, as new species entering a community increase the number of
branches of the dendrogram, and consequently increase FD (Botta-Dukat 2005). The
FD measure has therefore been viewed as a pure functional richness index (Mason et
al. 2005, Mouillot et al. 2004), rather than a broader gauge of functional diversity.
The corresponding aspect to functional richness is functional evenness, and a method
for quantifying the evenness of abundance distributions in functional trait space was
presented by Mouillot et al. (2004). The functional regularity index (FRO) of Mouillot
et al. (2004) gauges the evenness of the distribution of species along a single trait axis.
The FRO index has the key advantage of including the abundances of species within a
community. Mouillot et al. (2004) also present a method for extending their FRO
index to include multiple traits, using the principle components of a trait matrix as the
axes from which to gauge functional evenness. However, as with the FD index of
Petchey and Gaston (2002), FRO examines only one component of functional
diversity, in this case functional evenness.
Mason et al. (2003) presented a more comprehensive gauge of functional diversity in
their FDvar index. The FDyar measure is essentially the variance in the log-transformed
character values for a trait, weighted by relative abundances of each species. The
weighted logarithmic mean of the character for a trait (In x) is derived as:
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N
In.r =

1

In.Y,

i=\

where pt is the relative abundance of species /, and x,- is the mean character value for
species i. The sum of the squared deviations, weighted by species relative abundances,
gives the measure of variation (V) key to FDvar:

N

S
The final FDvar index is then simply obtained by transforming Fto give FDvar a 0 - 1
range:

FD^,^ = — arctan(5r)

JT

The primary limitation of the FDyar index is that it is designed to be applied to one
functional trait at a time. Mason et al. (2003) suggest that FDvar may be applied to
multiple traits by simply taking the mean of the FDvar values for each trait, although it
is unclear how this will influence the applicability of the FDvar index (Botta-Dukat
2005, Ricotta 2005).

The FDvar approach to quantifying functional diversity was extended by Mason et al
(2005), who proposed methods for quantifying three components of functional
diversity: functional richness, functional evenness and functional divergence. Mason
et al. (2005) recognise the importance of intraspecific variation in character values for
a trait, and incorporate this aspect of functional diversity into 3 measures which
describe the distribution of individuals of each species along a trait axis. Although this
approach has a number of clear advantages over previous functional diversity
measures, it was intended to apply to only one functional trait (as with FDvar). In
addition, application of the functional divergence (FDvar) measure of Mason et al.
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(2005) requires reliable information on the variation in character values of a trait
within each species in a community. The need to collect accurate information on the
variation in character values for all species may be a major obstacle to the application
of the FDvar index of Mason et al. (2005) in many situations.

From the various proposals for quantitative measures of functional diversity described
above, it is clear that an optimal functional diversity index should possess a number of
attributes. It should be relatively independent of the number of species in a
community, incorporate differences between species for more than one trait, and
include the relative abundances of each species (further criteria were proposed by
Mason et al. (2003)). An index with the above properties has been advocated by a
number of authors (Shimatani 2001, Champely and Chessel 2002, Botta-Dukat 2005,
Pavoine et al. 2005, Ricotta 2005, Ricotta and Avena 2005) and is derived from Rao's
measure of quadratic entropy (Rao 1982). Calculating functional diversity through
Rao's quadratic entropy (FDQ) involves generating a trait matrix (5 rows of species by
t columns of traits), converting the trait matrix into a distance matrix (containing the
pairwise trait distances {dij) between all species), multiplying the pairwise trait
distances {dij) by the relative abundances of each species in a pair (p, and pj), then
summing over all species pairs in the community:
s

s

1=1 ;=i
where dy is the distance between the rth and theyth species in the community, and/?,
and Pj are the relative abundances of species i and j respectfully. FDQ represents the
average distance between two randomly selected individuals from a community,
where their relative abundances are quantified as density of individuals (Botta-Dukat
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2005). Importantly, if the pairwise trait distances for all species are the same {dij = 1
for all i j), FDQ reduces to the Simpson diversity index:
2

I-IP;

An interesting property of FDQ is that its value may decrease if species richness
increases, and its value may increase when species are lost from the community
(Botta-Dukat 2005). Introduction of new species into a community will increase the
species-abundance diversity, but it may decrease the average dissimilarity among
species. Consequently, functional diversity (FDQ) may increase or decrease. Loss of a
species which is functionally similar to other species may result in an increase in FDQ
if it causes an increase in the relative abundance of a functionally distinct species.
Although this property has been criticised by Petchey and Gaston (2006), who see
richness as an important aspect of diversity, it is a clear demonstration of the relative
independence of FDQ from species richness.

Evaluating and selecting a functional diversity measure
Most of the functional diversity measures proposed to date have clear benefits, and the
selection of an appropriate index will depend largely on the application for which it is
intended. When the objective is to quantify the functional diversity of a community
using a number of functional traits, and to include the important effect that the relative
abundances of species will have, the two most attractive indices appear to be Rao's
FDQ,

and

FDvar

of Mason et al. (2003) averaged over multiple traits. No other

functional diversity measures currently available allow for the incorporation of both
the differences between species with regard to a number of functional traits, and the
relative abundance of each species present.
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Although both

FDQ

and

FDVAR

appear theoretically appropriate functional diversity

indices, few studies have applied either index to natural communities. There are
therefore a number of important methodological issues that need to be addressed in
applying either of these indices. The first decision to be made is which functional
traits to include. Petchey and Gaston (2006) suggest that for any multi-trait functional
diversity index, we should include all traits that are important for the ecosystem
process of interest and no traits that are functionally uninformative. However, two
traits may be highly correlated and influence an ecosystem process in a very similar
way (e.g. both leaf length and leaf area influence light interception). Including
correlated traits which have similar influence over an ecosystem process in a
functional diversity index may over-emphasise those suite of traits. The degree of
correlation between traits should not in itself be a gauge of which traits to include in a
functional diversity measure though, as traits may be highly correlated but influence
an ecosystem process in a different way.

In order to decide which traits to include in a multi-trait functional diversity index, I
propose the following criteria:
(1)

In order for a trait to be included in a functional diversity index, there
must be a generally accepted mechanism by which that trait will influence
the ecosystem process of interest.

(2)

If two traits are highly correlated and influence the same ecosystem
process by the same mechanism, then include only the trait which is most
strongly related to the ecosystem process of interest.

Another issue which has yet to be examined is whether traits included in a functional
diversity measure should be weighted according to their perceived importance.
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Although a trait may influence a given ecosystem process, we may want to downweight that trait if it is likely to be less important than other traits (Leps et al. 2006). A
number of authors have discussed the option of weighting traits for application in
functional diversity indices (Petchey and Gaston 2002, 2006, Mouillot et al. 2004,
Leps et al. 2006), yet no study has quantitatively examined possible weighting
schemes and their effects on the resultant functional diversity measure.

The number of traits used to calculate either F D Q or FDVAR is also likely to have
important consequences for the nature of these indices. Petchey and Gaston (2002)
showed that as the number of traits in a trait distance matrix increases, variation in the
pairwise trait distances (dtj) decreases (Fig. 1). Hence when there are a large number
of traits in the trait matrix used to calculate FDQ, all species will tend to be a similar
distance from one another in multi-dimensional trait space. As Leps et al. (2006)
illustrate, one effect of trait number is that the FDQ value calculated using a number of
traits is merely the average of the FDQ for each individual trait (Fig. 2). The broader
implications of how both F D Q and FDVAR vary with the number of traits they
incorporate are yet to be fully examined.

The objective of this chapter is to examine the decisions required in applying multitrait functional diversity indices (in particular, F D Q and FDVAR), and to quantitatively
assess the implications of these decisions on the resultant functional diversity
measures. Specifically, I aim to explore the effects of both the number of traits
included and different trait weighting schemes. Further, I examine the relationship
between both F D Q and FDVAR and other measures of diversity (e.g. species richness,
Simpsons diversity) in order to assess the relative benefits of the functional diversity
approach. I conduct these analyses with the overall objective of obtaining adequate
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measures of functional diversity with regard to a number of key ecosystem processes
in native grassland ecosystems of SE Australia.

u
S

3
f

Standardised Euclidean distance

Figure 1. The distribution of distances (standardised Euclidean distance) between
species in trait space {dij) when different numbers of traits are included in the trait
matrix (numbers adjacent to curves indicate number of traits) (reproduced from
Petchey and Gaston (2002)). Data generated from randomisation of trait values
(20,000 times).
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Figure 2. The relationship between the number of traits included in Rao's FDQ and
the resultant FDQ value (reproduced from Leps et al. (2006)). Data are from 4 traits,
measured in a plot with 33 species.
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METHODS
Study site and data collection
To examine the properties of both FDQ and FDvar, I collected data on both plant
species composition and functional traits of all species present in 50 plots (1 x 1 m) in
a native grassland community, approximately 20 km N of Canberra, Australia
(35°07'S, 149°07'E, 725 m a.s.L). Within a contiguous area of native grassland, 10
sites were established, with 5 plots (1 x 1 m) per site. All sites (approx. 7 m x 14 m)
were fenced in October 2004 to eliminate grazing and allow for full expression of
species traits.

Traits were measured for all species present in the plots during their peak growth
period (November / December, 2005), with 5 replicates per species for the 27 most
abundant species and 3 replicates per species for the remaining 49 species. In both
FDQ and FDvar, the traits of the most abundant species have the overwhelming
influence on the resultant diversity value, so it is most important to obtain accurate
trait information for these species. From field observations and published information
I determined the categorical traits of life form (phanerophyte, chamaephyte,
hemicryptophyte, geophyte, therophyte), photosynthetic pathway (C3, C4),
presence/absence of nitrogen fixation capacity, and presence/absence of a taproot.

At the whole plant level I extracted root systems to 10 cm depth and determined the
number of primary root axes and the diameter of the thickest root. Due to the highly
correlated nature of many variables associated with plant size, I calculated a single
plant size axis from a number of traits (plant height, plant width, green shoot biomass,
non-green shoot biomass, root biomass in the top 10 cm of soil) using Principle
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Components Analysis (PCA) (Eigenvalue for plant size axis = 3.751, with 75.0% of
variance explained). From the whole plant data I collected, I also calculated the leaf
weight ratio (green shoot: total shoot) and the root: shoot ratio (for root biomass in the
top 10 cm of soil). The distribution of green leaf biomass with height was quantified
by harvesting green leaf biomass at 0-5 cm above the soil surface, 5-10 cm, and then
10 cm height intervals thereafter for each plant sampled.

At the leaf level, I quantified a number of attributes, including leaf angle (degrees
from the horizontal), leaf hairiness (using an arbitrary scale), leaf dry matter content
(LDMC), and specific leaf area (SLA). I also calculated a single leaf size axis from a
number of traits associated with leaf size (leaf length, width, area and dry mass) using
PCA (Eigenvalue for leaf size axis = 3.031, with 75.7% of variance explained).

A number of other root traits were quantified by growing the 14 most abundant
species in controlled pot conditions (methods described in Chapter 4). For fine roots
(< 1 mm diameter) I measured mean diameter, specific root area (SRA - root surface
area per unit dry mass), and root dry matter content (RDMC - root dry mass per unit
fresh mass), and for entire root systems I quantified a root biomass depth distribution
coefficient ('B' from Gale and Grigal (1987), where high values indicate high root
biomass allocated deeper in the soil). For the remaining 62 species, these root traits
were predicted from multiple linear regression models based on the 14 most abundant
species, with each root trait predicted from a range of traits which were measured for
all species at the field sites. As both F D Q and FDYAR give most emphasis to the trait
values of the most abundant species, the approach applied here represents an
appropriate balance between accuracy and efficiency.
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Selecting traits for each ecosystem process
I derived functional diversity measures for 6 major ecosystem processes in native
grasslands of SE Australia (above ground biomass stocks, below ground biomass
stocks, litter biomass stocks, litter decomposition rate, soil moisture fluxes, and light
interception). I applied the criteria proposed earlier to select the functional traits
appropriate for inclusion in functional diversity measures for each of the 6 major
ecosystem processes (Table 1). To reiterate, there must be a proposed causal
mechanism (with evidence where possible) for how each trait influences an ecosystem
process, and where two traits are highly correlated and influence the same ecosystem
process in the same way, only the trait thought to be most strongly related to the
ecosystem process is selected. Hence, the strength of correlations between traits
(Table 2) was accounted for in the selection of each trait for the 6 major ecosystem
processes.
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Table 1. The traits proposed to be relevant in influencing each of 6 major ecosystem processes in native grasslands, with the postulated causal link
given for each relevant trait.

Ecosystem Processes
Trait

Life form

N-fixation

Photosynthetic pathway

Plant size axis
Green leaf height
distribution
Leaf weight ratio

Root:Shoot ratio

Tap root present
No. primary root axes

VD

o

Above ground blomass
Diversity in broad life forms
(spatial/temporai strategies) will
allow greater blomass
production by optimising
resource use ^
Diversity in nutrient acquisition
strategies increases available N
pool, allowing for greater
qrovrth"
Differences in optimum growth
temperature and water use
efficiency allows for
maintenance of productivity as
conditions change ^
Diversity in plant size allows for
greater occupancy of spatial
niche axes allowing for greater
resource use & growth
Differences in green leaf
distribution allows alternate light
capture strategies & more light
used for qrovrth'
Diversity in relative mass of
green leaf represents differences
In growth strategy, leaf longevity,
aRGR'"

Below ground blomass
Diversity in broad life forms
(spatial/temporal strategies) will
allow greater blomass
production by optimising
resource use ^
Diversity in nutrient acquisition
strategies increases available N
pool, allowing for greater
growth"
Differences in optimum growth
temperature and water use
efficiency allows for
maintenance of productivity as
conditions c h a n g e '
Diversity in plant size allows for
greater occupancy of spatial
niche axes allowing for greater
resource use & growth

Diversity in root:shoot ratios
influences capacity for
occupancy of roots throughout
the soil profile'
Diversity in presence of taproots
influences capacity for
occupancy of roots throughout
the soil profile'
Diversity in no. of primary root
axes influences capacity for
occupancy of roots throughout
the soil profile °

Litter biomass
Seasonal plant growth strategy
associated with life form will
alter timing & quantity of litter
fluxes through dead biomass '

Litter decomposition
rate
Seasonal plant growth strategy
associated with life form will alter
litter biomass hence litter
decomposition conditions ®

Soil moisture fluxes
Diversity In broad life forms
(spatial/temporal strategies) will
allow greater efficiency of soil
moisture use '

Light interception
Diversity in broad life forms
(spatial/temporal strategies) will
allow greater efficiency of light
use ^

Diversity In nutrient acquisition
strategies influences soil N
content & microbial c o m m u n i t y '
Differences in photosynthetic
pathway influence timing and
quantity of leaf senescence &
litter generation'
Diversity in plant size allows for
greater occupancy of spatial
niche axes allowing for greater
growth & litter generation

Differences in photosynthetic
pathway influence optimum
growth temperature & water use
efficiency'
Diversity in plant size influences
environmental conditions at the
soil surface (light, temp) hence
decomposition rate

Diversity in plant size allows for
greater occupancy of soil volume
by roots allowing for greater soil
moisture fluxes

Diversity in rootishoot ratios
influences capacity for
acquisition of soil moisture
throuqhout the soil profile '
Diversity in presence of taproots
influences capacity for moisture
acquisition throughout the soil
profile'
Diversity in no. of primary root
axes influences soil moisture
foraging capacity ®

Diversity in plant size allows for
greater occupancy of
aboveground space allowing for
greater light interception
Differences in green leaf
distribution allows alternate light
capture strategies & greater light
interception '
Diversity in relative mass of
green leaf to structural tissue
influences light interception
capacity
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Table 1. continued
Trait

LDMC

SLA

Leaf size axis

Leaf hairs

Leaf a n g l e

RDIVIC

SRA

D i a m e t e r thickest root

IVIean root d i a m e t e r

B (root b l o m a s s d e p t h
distribution coefficient)

Above ground blomass

Below ground biomass

Diversity in LDMC represents
differences in RGR, leaf
longevity, water use efficiency &
allow/s maintenance of
productivity as conditions
change
Diversity in SLA represents
differences in RGR &
photosynthetic capacity,
influencing bicmass production
overtime ®
Represents differences in light
capture strategies and use of
light resource, influencing
productivity'
Diversity in leaf hairiness
influences differences in water
use efficiency & productivity
under varying conditions ^
Represents differences in light
capture capacity,
complementarity in light use, and
potential productivity"

Litter blomass
Diversity in LDMC influences
leaf longevity and leaf nutrient
content, hence influencing
production & residency of dead
leaves as litter ^

Litter decomposition rate

Soil moisture fluxes

Light interception
Diversity in LDMC influences
capacity for utilisation of light for
grovirth ^

Diversity in LDMC influences N
content of surrounding litter,
hence influencing decomposition
rate '

Diversity in SLA influences leaf
area per unit foliage mass,
hence light interception capacity

Influences diversity in size and
shape of litter components,
influencing decomposer
community'

Diversity in leaf size influences
potential transpirational surface
area '

Represents differences in light
capture strategies and potential
for total light interception '

Diversity in leaf hairiness
influences water use efficiency &
total water use ^
Represents differences in
transpirational loads & potential
water u s e "
Diversity in RDMC influences
root longevity & root biomass
pools and f l u x e s '
Diversity in SRA influences rate
of soil resource uptake, rate of
root turnover, RGR hence root
biomass & productivity ^
Diversity in the diameter of
thickest root influences capacity
for root proliferation throughout
the soil profile '
Diversity in root diameter
influences root robustness and
root biomass pools & f l u x e s '
Diversity in root biomass
distributions influences capacity
for use of soil resources &
occupancy of roots throughout
the soil profile'

Represents differences in light
capture capacity, & influences
overall light interception"

Diversity in SRA influences
uptake rate of soil moisture '

Diversity in the diameter of
thickest root influences water
transport capacity '
Diversity in root diameter
influences potential rate of water
transport & overall water use '
Diversity in root biomass
distributions influences capacity
for moisture acquisition
throughout the soil profile ' '

1 - proposed mechanism 2 - W o o d m a n and Fernandes (1991); 3 - Cornelissen et al. (2003b); 4 - Anten and Hirose (1999); 5 - Wright and Westoby (2000); 6 - Westoby (1999); 7 - Stubbs and Wilson
(2004); 8 - Jackson et al. (1999); 9 - K r a m e r (1995); 10 - Lambers et al. (2004)

Table 2. Correlations (Pearson's r) between each of the traits examined for all 76
species.
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0.014
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0.101 -0.006

Leaf Size PCA Axis

0.573

0.394

Leaf Weight Ratio

0.014

0.234 -0.065 -0.418

Mean Root Diameter
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-0.017
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-0.781 -0.544

0.023

0.200
0.027

0.007 -0.571 -0.394

0.082
0.301 -0.292

0.571

0.371

0.030

0.081

0.740

-0.058

0.242

0.086

0.152

0.135 -0.071 -0.028

0.045

No. primary root axes

0.497 -0.302 -0.078

0.542

0.370 -0213 -0.341

0.301 -0.306

Photosynthetic pathway

0.104 -0.208 -0.012

0.096 -0.090 -0.067 -0.204 -0.091 -0.104

0.239

Plant Size PCA Axis

0.765

0.497

0.018

0.678

0.599 -0.354 -0.757

0.359

0.123

0.472

0.100

RDMC

0.686

0.281

0.013

0.869

0.392 -0.428 -0.685

0.170

0.130

0.546

0.113

0.855

Root: Shoot

0.401

0.221

0.042 -0.058

0.281

0.810 -0.062

0.195 -0.101

0.053

N-fixation

0.415 -0.122

SLA

-0.723 -0.518

0.060 -0.633 -0.476

0.088

0.690 -0.418

SRA

-0.640 -0.402 -0.119 -0.295 -0.881

0.055

0.422 -0.686 -0.074 -0.377

0.006 -0.343

Tap root

0.329 -0.277 -0.136

0.379

leaf angle

0.020 -0.090 -0.180

0.346 -0.003 -0.339 -0.034 -0.055 -0.008

0.318 -0.108 -0.183

0.261 -0.392

0.776

0.011

0.068 -0.686 -0 682 -0.227
0.143 -0.635 -0.483 -0.289

0.519

0.113

0.281

0.341

0.123 -0.288 -0.342

0.210 -0.093

0.224

0.276 -0.095 -0.076 -0.053

Note: the trait 'green leaf height distribution' is not included in this table, due to it being constituted by 2 variables (height intervals and
green leaf biomass).
B = root biomass depth distribution coefficient (Gale and Grigal 1987)

Standardising trait data and selecting a distance measure
When applying a multi-trait functional diversity measure, it is desirable to standardise
the data from different traits in some way, so that the absolute values of a trait do not
influence the final functional diversity value. For the FDyar index of Mason et al.
(2003), standardisation of trait data is performed automatically through log
transforming the character values of each trait, and then transforming the final FDvar
value to obtain a 0 - 1 range. For the FDQ index, 2 choices are required: how to
standardise the trait data and what distance measure to use.

In order to apply FDQ, I evaluated 2 alternative options for distance functions and trait
standardisation: (1) Gower's distance (Gower 1971, Podani 1999), which has an
inherent standardisation by range (min = 0, max = 1), and; (2) Euclidean distance,
with data standardised by mean and variance (mean = 0, SD = 1). The distance
between species i and species j for trait k idyi^ using Gower's method is calculated as
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0.161

the absolute difference between the mean character values for each species with
regard to trait k (X^), divided by the absolute range of trait k:
I ^ik - Xjk I
range of k
For multiple traits, the distance between species i and j is simply the sum of the
distances for each trait (t/yi), divided by the number of traits («):
I
"

i=i

For categorical trait data, species in different categories (binary or nominal) are given
the maximum distance (= 1), while species in the same category are given the
minimum distance (= 0). Treatment of ordinal data is described by Podani (1999),
however no traits applied in this chapter are of an ordinal nature. In comparison, the
Euclidean distance is simply the squared difference between the mean character
values of the two species, summed over all traits, square-rooted, then divided by the
number of traits:

With Gower's distance, the maximum distance between two species for any trait is 1,
whereas for Euclidean distance using trait data standardised by the mean and variance,
the maximum distance between species is variable, and depends on the distribution of
data for each trait. Having a uniform maximum distance between species for their trait
values (as in Gower's distance) appears more desirable, as a potentially unlimited
pairwise species distance for a trait (when using Euclidean distance with
standardisation by distribution) may result in some traits having undue influence on
the final FDQ value. Hence, Gower's distance gives less relative importance to the
largest differences between species than does Euclidean distance.
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One property of Gower's distance is that the mean pairwise species distance varies
between traits, so that one trait may have an inherently greater mean distance between
species than another trait. This would appear an undesirable attribute, as species
would generally be more functionally distinct for one trait compared to another.
However, the same effect occurs when using Euclidean distance for data standardised
by its distribution, with mean pairwise trait distances differing between traits.

One clear advantage of Gower's distance over Euclidean distance is that it allows
categorical data (binary, ordinal and nominal) to be incorporated. Although the mean
pairwise species distance for a categorical trait using Gower's distance is highly
dependent on the number of categories (the more categories the higher the mean
distance), and the distribution of species between categories (the more even the
distribution, the higher the mean distance), there is no established method for
incorporating categorical traits in a Euclidean distance matrix. The lack of any clear
advantages in using Euclidean distance (with trait data standardised by its mean and
variation), combined with the obvious advantage of Gower's distance in incorporating
categorical traits, led to the decision to use Gower's distance in quantifying FDQ in
this study.

Calculating FD^AR and FDQ
In calculating FDQ, data for all traits were maintained in their original format, with the
exception of the 'number of primary root axes', which were Logio transformed due to
a highly right skewed distribution. For all other traits, data were either normally
distributed (most traits) or deemed to accurately represent the variation in trait values
(diameter of the thickest root, root:shoot). Pairwise species distances were calculated

94

for all traits using Gower's distance, with the exception of the green leaf height
distribution. The overlap in the distribution of green leaf biomass along the height axis
was calculated between each species with resulting distances between pairs of species
ranging from 0 (fully overlapping canopies) to 1 (no overlap).

In calculating FDvar, data for all traits were transformed so that all trait values were >0
(by adding the lowest integer needed to achieve this). This was required due to the log
function in the FDvar calculations. As no methods have previously been proposed for
incorporating categorical data into FDvar, binary categorical traits were given arbitrary
values (1 & 2) while nominal categorical traits (>2 categories) were not included. For
the trait 'green leaf height distribution', I applied the FDvar functional divergence
procedure of Mason et al. (2005). Calculations of multiple trait FDvar were performed
by simply averaging the FDvar values of each component trait (Mason et al. 2003).

Effects of trait number and relationships between diversity indices
I examined the effect of the number of traits included in multi-trait measures of both
FDVAR and F D Q

on the correlation between each of these indices and both species

richness and Simpson's diversity. The 15 non-categorical traits were selected, then
FDVAR and F D Q

calculated for each trait individually. FDVAR and F D Q were also

calculated for 3 traits, 5 traits and 10 traits, with the identity of traits included selected
at random 30 times for each number of traits. I also calculated the single FDvar and
FDQ values when all 15 traits were included. Variation in the correlation of each index
with both species richness and Simpsons diversity as the number of traits included
increased was examined using simple linear regression and analysis of variance. The
number of traits were log transformed for the analyses to achieve linearity.
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Effects of weighting traits
I examined the effects of a number of trait weighting schemes on the resultant FDQ
values. Four weighting schemes were assessed (linear, categorical, concave, and
convex) (Fig. 3) and compared to no trait weighting. All traits identified as important
for 3 ecosystem processes (above ground biomass stocks, soil moisture fluxes, light
interception) were ranked based on their perceived importance in influencing that
ecosystem process (Table 3). To apply the weighting schemes, each pairwise species
distance in the distance matrix for each trait was multiplied by the relevant weighting
fianction. FDQ was then calculated as usual, with the pairwise distances in the final
multi-trait distance matrix divided by the sum of the weighting functions, rather than
the number of traits used (as done for no weighting).

Possible effects of the number of traits used on the trait weighting process were
examined by applying the trait weighting functions to all traits perceived relevant, or
to only the top 5 ranked traits for each ecosystem process. The FDQ values produced
using different trait weighting functions for different numbers of traits were compared
to FDQ calculated using either the same traits but no weighting function, or only the
highest ranked trait. Comparisons were made using Pearson's correlation coefficient

(r).
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Figure 3. Representation of the four weighting schemes assessed in this study. Each
scheme represents an ahemative way in which the weighting of a trait is associated
with its importance ranking.

Table 3. The importance ranking appUed to the relevant traits for the 3 ecosystem
processes examined.

Ecosystem Process
Importance Rank

(1 =most important trait)

Soil Moisture Fluxes

Light Interception
Green leaf height
distribution
Plant Size (PCA axis)

1

Plant Size (PGA axis)

Plant Size (PCA axis)

2

N-fixation

3

Leaf Size (PCA axis)

Root:Shoot
B

4

SRA

Life form

Mean root diameter

SLA

6

LDMC
Green leaf height
distribution
Life form

No. primary root axes

7

SLA

Leaf Weight Ratio

Diameter thickest root

8

Leaf Weight Ratio

Leaf Angle

Tap root

9

Photosynthetic pathway

LDMC

10

Leaf Size (PCA axis)

Leaf Angle

11

Life form

Leaf Hairs

Photosynthetic pathway
Leaf Hairs

5

12
13
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Above ground Biomass

Leaf Angle

Leaf Size (PCA axis)

RESULTS
Effects of trait number and relationships between diversity indices
For individual traits, FDvar and FDQ were generally strongly correlated (mean
Pearson's r = 0.874) (Table 3). In particular, functional diversity for binary categorical
traits (taproot, N-fixation, photosynthetic pathway) were directly correlated between
FDvar and FDQ. FDQ was more strongly correlated with both species richness (mean r
= 0.386) and Simpson's diversity (mean r = 0.599) than was FDvar (mean r = 0.324
and 0.463 respectively).

Table 3. Correlations (Pearson's r) of FDQ and FDvar to each other, and to both
species richness and Simpson's diversity in the 50 study plots, where FDvar and FDQ
were calculated for 18 traits individually. Non-significant correlations (P > 0.05) are
underlined.

Correlation
between Indices
Trait

FDQ & FD.A,

Correlation with
species richness
FDvar

FDQ

Correlation with
Simpsons diversity
FDvar

FDQ

B

0.946

0.317

0.415

0.551

0.699

Diameter Thick. Root

0.886

0.473

0.433

0.461

0.539

Green Leaf Height Dist.

0.479

-0.207

0.239

-0.410

0.462

LDMC

0.928

0.369

0.398

0.575

0.686

Leaf Angle

0.830

0.337

0.486

0.496

0.811

Leaf Hairs

0.937

0.383

0.405

0.719

0.805

Leaf Size

0.844

0.494

0.585

0.379

0.612

Leaf Weight Ratio

0.829

0.069

0.306

0.378

0.582

Mean Root Diameter

0.936

0.431

0.452

0.431

0.592

N-fixation

0.999

0.111

0.110

0.426

0.421

No. Root Axes

0.940

0.280

0.375

0.625

0.720

Plant Size

0.803

0.494

0.409

0.468

0.530

P.synthetic Pathway

0.972

0.055

0.041

0.092

0.043

RDMC

0.932

0.419

0.437

0.602

0.672

Root:Shoot

0.773

0.504

0.349

0.806

0.498

SLA

0.851

0.381

0.568

0.513

0.774

SRA

0.813

0.561

0.563

0.538

0.606

Taproot

0.999

0.372

0.373

0.734

0.728

98

The correlation between species richness and both FDVAR and FDQ increased
significantly {F = 104.4, P < 0.001) as the number of traits in each functional diversity
index increased (Fig. 4A). There was a significant interaction between the number of
traits and the functional diversity index applied ( F = 5.16, P = 0.024), with the
correlation between FDVAR and richness being lower than that between FDQ and
richness when the number of traits used was low, but as the number of traits included
in each index increased, their correlations with species richness became more similar
(Fig. 4A). The correlation between Simpson's diversity and both FDVAR and FDQ also
increased significantly

107.4, P < 0.001) as the number of traits in each

functional diversity index increased (Fig. 4B). FDQ was consistently more strongly
correlated with Simpson's diversity than was FDvar, regardless of the number of traits
included ( F = 112.4, P < 0.001).

Effects of weighting traits
There were only minor differences between FDQ values calculated using the trait
weighting schemes and FDQ calculated using no weighting scheme. FDQ calculated
using all four trait weighting schemes, for the 3 ecosystem processes examined, were
highly correlated to FDQ calculated using no weighting scheme (Pearsons r > 0.95)
(Table 4). This was the case regardless of whether high or low numbers of traits were
included in the calculations. There was no consistent effect of the number of traits
included in FDQ and the correlation between weighted and unweighted FDQ. For the
aboveground biomass FDQ, a weighting scheme that included more traits (11) was less
correlated to no weighting scheme than a weighting scheme that contained less traits
(5) (i.e. weighting had a greater effect when more traits were included). The pattern
was reversed for the soil moisture FDQ, and mixed results were found with the light

99

interception FDQ. FDQ calculated using the convex weighting scheme consistently had
the lowest correlation with FDQ using no weighting scheme (Table 4).
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Figure 4. The correlation between both

FDyar

( • ) and

FDQ

( ) with (A) species

richness, and (B) Simpsons diversity, as the number of traits included in each
functional diversity measure increases. Combinations of traits for n = 3, 5, and 10
traits were selected at random 30 times. For n = 1 trait, both indices were calculated
for all traits individually, and for n = 15 traits, the single value for both indices when
all 15 traits were included was calculated.

FDQ calculated using either all relevant traits or the 5 highest ranked traits (for the
three ecosystem processes examined) was strongly correlated with FDQ calculated
using only the highest ranked trait (Table 5). Even when no trait weighting was
applied in calculating FDQ, there were strong correlations with the FDQ of the highest
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ranked trait. There was little consistency between the number of traits used in FDQ and
the strength of the correlation with FDQ of the highest ranked trait. In general
however, FDQ calculated using the convex weighting scheme for traits was most
strongly correlated with the FDQ of the highest ranked trait.

Table 4, Correlation (Pearson's r) between FDQ for three ecosystem processes
(aboveground biomass, soil moisture fluxes, light interception) calculated without trait
weighting and FDQ calculated with a range of weighting schemes, where either all
relevant traits or the highest ranked 5 traits were included. All correlations are
significant {P < 0.05).

Aboveground Biomass
Trait Weighting

Soil Moisture

Light Interception

All 11 Traits

5 Traits

All 13 Traits

5 Traits

All 8 Traits

5 Traits

Linear

0,979

0.980

0.990

0.982

0.977

0.981

Categorical

0.985

0.990

0.991

0.980

0.984

0.983

Concave

0.963

0.985

0.994

0.990

0.990

0.990

Convex

0.958

0.977

0.982

0.959

0.951

0.959

Table 5. Correlations (Pearson's r) between FDQ calculated using only the highest
ranked trait and FDQ calculated using a range of trait weighting schemes, where either
all relevant traits or the highest ranked 5 traits were included. All correlations are
significant (P < 0.05).

Aboveground Biomass
Trait Weighting

All 11 Traits

Soil Moisture

Top 5 Traits All 13 Traits

Light Interception

5 Traits

All 8 Traits

5 Traits

Linear

0.887

0.865

0.820

0.855

0.816

0.882

Categorical

0.870

0.896

0.797

0.864

0.790

0.874

Concave

0.880

0.863

0.814

0.822

0.776

0.852

Convex

0.888

0.880

0.845

0.906

0.873

0.924

No Weighting

0.842

0.888

0.796

0.766

0.715

0.790

Note: highest ranked traits were plant size PCA axis for aboveground biomass and soil
moisture, and green leaf height distribution for light interception
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DISCUSSION
There are many decisions required in the process of quantifying functional diversity,
as has been practically demonstrated here. These decisions include: which functional
diversity index to use; which traits to include; how many traits to include; whether
traits should be weighted by their perceived importance, and if so; what weighting
scheme to use; how data from different traits should be standardised, and; which
distance measure to use. The objectivity of decisions associated with quantifying
functional diversity can be enhanced by developing strict decision making criteria and
through quantitative assessment of the implications of various decisions. However,
there is no 'right answer' in the quantification of functional diversity (Petchey and
Gaston 2006). When different methods are applied, we will value the functional
diversity of a community differently. The appropriateness of decisions taken in
quantifying functional diversity may only become clearly evident by assessing the
power of functional diversity measures to explain variation in ecosystem processes
(see chapters 6 and 7).

In the quantification of functional diversity, the first major decision involves selecting
traits perceived to be functionally relevant. Here I applied a standardised criteria
driven approach for selecting traits relevant to a number of key ecosystem processes
(Table 1). Despite the virtues of such an approach, the general lack of evidence
regarding the relative importance of various functional traits in influencing ecosystem
processes, inherently makes trait selection a quasi-subjective procedure.

Once we have selected the traits to include in a functional diversity measure, we must
then decide upon a procedure for standardising trait data, and a distance measure for
quantifying species differences. These decisions are already made when applying the
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FDVAR index,

however, choices need to be made in the application of F D Q . Here I

selected Gower's distance and associated standardisation by range in applying FDQ,
due to the benefits associated with including important categorical traits, and limiting
the maximum functional distance between two species. Although not assessed here,
some authors have suggested that the procedure used to standardise data, and the
distance measure applied, will have only minor impact on the resultant functional
diversity values (Petchey and Gaston 2002). However, the small differences these
decisions generate in the final values for functional diversity may have important
implications when assessing the power of FDQ to explain variation in ecosystem
processes.

Another significant choice in quantifying functional diversity is whether traits should
be weighted relative to their perceived importance, and if so, what weighting scheme
to use. In the analyses that I performed, weighting traits prior to calculation of FDQ
had relatively minor effects on the ultimate value of FDQ (Table 4). Regardless of the
weighting scheme applied (Fig. 3), FDQ calculated following trait weighting tended to
be highly correlated with FDQ calculated using no weighting scheme. The reasons for
this result are not entirely clear, although I suggest that for the number of traits for
which weighting was applied (all traits (8, 11 and 13) and 5 traits), the functional
distance between all species would be reasonably constant, regardless of the traits
included and how they were weighted (Fig. 1). All FDQ values would be strongly
correlated with Simpson's diversity (Fig. 4B) and therefore strongly correlated with
each other.

The weighting scheme which produced the strongest effects on FDQ was the convex
weighting (Fig. 3). FDQ calculated using the convex weighting scheme consistently
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had the lowest correlation with FDQ for no weighting scheme (Table 4). I therefore
suggest that, in general, trait weighting has little overall effect on FDQ. If a trait
weighting scheme is to be applied, I recommend the convex scheme (or similar), due
to its strength in emphasising the highest ranked traits. The consequence of using the
convex weighting scheme is that the FDQ values produced tend to be strongly related
to the FDQ values of only the highest ranked trait (Table 5).

Potentially the most important decision in quantifying functional diversity (for both
FDVAR

and F D Q ) is how many traits to include. If the attributes of a functional diversity

index change as the number of traits included in it increases, this will have serious
repercussions for deciding which traits and how many traits to consider. My analyses
demonstrate that the correlation between species richness and both FDVAR and F D Q
increases significantly as the number of traits included increases (Fig. 4A). However,
even at the highest number of traits (15), the correlation of both FDVAR and F D Q with
species richness remained modest (r = 0.57). The relative independence of these
functional diversity indices from species richness is an attractive property, indicating
the significant role that the traits of species and their abundances play in both FDQ and
FDVAR.

In contrast, FDVAR and F D Q were more strongly correlated with Simpsons diversity, and
this correlation increased to high levels as the number of traits included increased
(Fig. 4B). This trend was particularly evident with FDQ, where the mean correlation
with Simpson's diversity was greater than 0.80 (Pearson's r) when more than three
traits were included. As the number of traits in the trait matrix increases, the variance
in the trait distances between species decreases (i.e. Fig. 1) (Petchey and Gaston
2002). The pairwise trait distances between species (Jy) hence become closer to the
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mean trait distance. When all pairwise trait distances are uniform, FDQ becomes fully
correlated with Simpson's diversity index (Botta Dukat 2005). The maximum range in
pairwise trait distances also decreases as the number of traits in the trait matrix
increases.

One method for addressing the effects of the number of traits included in FDQ may be
to re-standardise the multi-trait distance matrix so that the maximum range in pairwise
species distances returns to 1 (i.e. 0 - 1 ) . This operation does tend to increase the
variance in pairwise trait distances (hence reduce the correlation with Simpson's
diversity), however it also increases the mean pairwise trait distance. When trait
distances are larger, species are more functionally unique, under which case FDQ
converges on Simpson's diversity, counteracting the correction procedure.

The increasing correlation of

FDYAR,

and particularly FDQ, with Simpson's diversity as

the number of traits increases has important implications. First, the greater
independence of FDyar from both species richness and Simpson's diversity suggests
that it may be a more desirable index of functional diversity than FDQ. Second, it is
intuitive that as more traits are considered, the fimctional differences between species
become more uniform, hence

FDQ

(and

FDYAR)

approach parity with Simpson's

diversity. If we want to quantify functional diversity with regard to a large number of
traits, it may be simpler just to apply Simpson's diversity, rather than measure each
trait for all species in a community and use a functional diversity index. In such
circumstances, the usefulness of quantifying functional diversity

(FDYAR

or FDQ) will

be determined by whether the small amount of variation in the index not explained by
Simpson's diversity is important in explaining variation in ecosystem processes.
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As has been demonstrated in this chapter, a range of decisions are required when
quantifying functional diversity. While some of these decisions appear to have
minimal effect on the resultant functional diversity measure (e.g. the weighting given
to traits), other decisions appear to have a large influence over the quantification of
functional diversity (e.g. the number of traits included). The dependency of functional
diversity on reasonably subjective decisions suggests that caution is warranted in the
application of functional diversity indices.

The appropriateness of the decisions made in quantifying functional diversity may
only be adequately tested by examining the predictive capacity of the resultant
functional diversity measure in explaining variation in ecosystem processes between
communities (see chapters 6 and 7). Hence, despite the analyses presented here,
assessment of functional diversity measures depends upon their ultimate application.
Whether functional diversity measures for just one or a few traits perform better than
functional diversity calculated using a large number of traits requires such an analysis.
In any examination of the predictive capacity of functional diversity, it is important to
remember that other aspects of the community, such as the identity of the most
abundant species (Grime 1998, Gamier et al. 2004) may have greater power in
explaining ecosystem processes than a unitary measure of functional diversity.
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Chapter 6
Functional identity is more important than diversity in influencing
ecosystem processes in a temperate native grassland

ABSTRACT
Experimental studies have provided significant knowledge of how biodiversity can
influence ecosystem processes, however, there is a growing need to relate these
findings to natural communities. Here I compare how various measures of diversity,
functional diversity, and functional identity perform in explaining variation in
ecosystem processes in a temperate native grassland. Mean trait values best explained
variation in 6 of the 9 ecosystem processes examined, supporting Grime's mass ratio
hypothesis. Muhi-trait functional diversity indices (e.g. FDvar, FDQ) also explained
large amounts of variation in ecosystem processes, while only weak relationships were
observed for species richness. To explore the mechanistic interactions between
variables, I developed structural equation models (SEM's), which indicated that many
of the community diversity and trait properties significantly influenced ecosystem
processes even after accounting for co-varying biotic/abiotic factors. My SEM
analyses confirmed that the functional identity of the dominant species largely
determine ecosystem processes.
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INTRODUCTION
Globally, anthropogenic species loss, species invasions and intensification of natural
resource use are dramatically altering biotic communities (Sax and Gaines 2003). The
clearest evidence for the functional repercussions of such changes in community
diversity comes from experiments which manipulate diversity and observe the
resultant effects on ecosystem processes (biogeochemical pools and fluxes) (Hooper et
al. 2005, Balvanera et al. 2006). These experiments have the obvious benefit of
isolating cause and effect, however, they are criticised for the non-natural (i.e. random
or systematic) way in which experimental communities are constructed, the
immaturity of such communities, and the constant manipulation required to keep a
community in the desired composition (Hooper et al. 2005, Thompson et al. 2005,
Vila et al. 2007). In order to determine whether the results of manipulation
experiments are relevant to natural communities, we must compare experimentally
observed trends to those that occur in natural systems (Symstad et al. 2003, Thompson
et al. 2005, Grace et al. 2007).

The major problems with studies examining how ecosystem processes are related to
biodiversity in natural communities are the inability to identify the direction of
causation between the variables measured, and the many co-varying environmental
factors which may be responsible for any relationships observed. More recently,
studies have attempted to address these issues through strategic sampling designs, and
by accounting for the influence of co-varying factors through multivariate statistical
techniques (e.g. multiple regression, general linear models, structural equation
modelling) (Vila et al. 2004, 2007, Kahman et al. 2005, Grace et al. 2007). Explicit
muhivariate statistical approaches can identify when co-varying factors are
responsible for observed relationships (e.g. Vila et al. 2003) and provide observational
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studies with a greater capacity to inform debate on how biodiversity may influence
ecosystem processes.

From both experimental and observational studies, two primary hypotheses have
emerged to explain how the biota in a community may influence ecosystem processes:
(1) the diversity hypothesis, and; (2) the mass ratio hypothesis. The diversity
hypothesis proposes that the diversity of both the organisms in a community and their
functional attributes influences ecosystem processes through mechanisms such as
complementary resource use (Tilman 1997). When there is a greater diversity in
resource use strategies, it is proposed that there will be greater niche packing along a
resource use axis, and hence the effects on resource use and biogeochemical pools and
fluxes will be larger than in a less diverse community (Hooper 1998, Diaz and Cabido
2001). The diversity hypothesis is supported by studies which have observed
significant effects of species richness and functional group richness on ecosystem
processes (e.g. Tilman et al. 1997, van der Heijden et al. 1998, Spehn et al. 2005).

In contrast, the mass ratio hypothesis proposes that ecosystem processes are
determined overwhelmingly by the fianctional traits of the dominant species in a
community, and are relatively insensitive to the richness of less abundant species
(Grime 1998). Although it has received less attention than the diversity hypothesis, the
mass ratio hypothesis is supported by the few studies that have explicitly tested its
predictions (e.g. Gamier et al. 2004, Policy et al. 2006, Vile et al. 2006). In addition,
the mass ratio hypothesis is indirectly supported by an increasing number of studies
noting the overwhelming influence of species identity on ecosystem processes (e.g.
Downing and Leibold 2002, Hooper and Dukes 2004, Bruno et al. 2006).
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The diversity and mass ratio hypotheses are not mutually exclusive, and it is possible
that both community diversity and the functional identity of the dominant species, are
important in influencing ecosystem processes. However, it is unlikely that both
mechanisms are equal in their influence on ecosystem processes. Despite this, few
studies have directly compared the explanatory power of the diversity hypothesis with
that of the mass ratio hypothesis (Thompson et al. 2005). The primary objective of this
study is to compare measures of diversity, functional diversity, and fianctional identity
with regard to their ability to explain variation in ecosystem processes in a temperate
native grassland. Through such comparison, I directly examine the relative merit of
both the diversity hypothesis and the mass ratio hypothesis. Importantly, I limit covarying factors by examining communities within a small area, and use structural
equation modelling to examine the role of co-varying factors in influencing
relationships between community diversity/trait indices and ecosystem processes. As a
result of these analyses, I also identify the plant functional traits which have the
greatest influence on biomass dynamics and resource use (light and water) in the
grassland studied.

METHODS
Study design and trait measurement
Ten sites were established within a 1 km radius in the same contiguous area of native
grassland near Canberra, Australia (35°07'S, 149°07'E, 725 m a.s.l.). Each site (7 m x
14 m) was fenced in October 2004 to exclude sheep, cattle and kangaroos, and allow
for full expression of species traits. Within each site, 5 plots (1 m^) were established in
random locations, giving 50 plots in total. This design was applied in order to
maximise the contrast in species composition across the 50 plots, while minimising
variation in environmental variables.

Ill

Functional traits of all species present were measured during peak spring growth
(October to December, 2005), with five replicates per species for the 27 most
abundant species, and three replicates per species for the remaining 49 species. For
each species, replicate plants and leaves were randomly sampled from within the
fenced off field sites, with all replicates taken at different sites to incorporate sitevariation within the trait measures. At the whole plant level I extracted root systems to
10 cm depth and determined the number of primary root axes and the diameter of the
thickest root. I calculated a single plant size axis from a number of traits (plant height,
plant width, green shoot biomass, non-green shoot biomass, root biomass to 10 cm
soil depth) using Principle Components Analysis (PCA) (Eigenvalue for plant size
axis = 3.751, with 75.0% of variance explained). From the plant trait data, I also
calculated the leaf weight ratio (green shoot: total shoot) and the root:shoot ratio (for
root biomass in the top 10 cm of soil). The distribution of green leaf biomass with
height was quantified by harvesting green leaf biomass at 0-5 cm above the soil
surface, 5-10 cm, and then 10 cm height intervals thereafter.

At the leaf level, I quantified a number of attributes, including leaf angle (degrees
from the horizontal), leaf dry matter content (LDMC - leaf dry mass per unit fresh
mass), and specific leaf area (SLA - leaf area per unit dry mass). I calculated a single
leaf size axis from a number of traits (leaf length, width, area and dry mass) using
PCA (Eigenvalue for leaf size axis = 3.031, with 75.7% of variance explained). In
addition, I determined the following attributes for each species: life form
(phanerophyte, chamaephyte, hemicryptophyte, geophyte, therophyte), N - fixation
capacity (yes, no), photosynthetic pathway (C3, C4), and presence of a tap root (yes.
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no) (Comelissen et al. 2003b). These latter data were either determined from plants
growing at the field sites or collated from diverse published sources.

A number of other root traits were quantified by growing the 14 most abundant
species in controlled pot conditions (methods described in chapter 4). For fine roots
(< 1 mm diameter) 1 measured mean diameter, specific root area (SRA - root surface
area per unit dry mass), and root dry matter content (RDMC - root dry mass per unit
fresh mass), and for entire root systems I quantified a root biomass depth distribution
coefficient ('B' from Gale and Grigal (1987), where high values indicate high root
biomass allocated deeper in the soil). For the remaining 62 species, these root traits
were predicted from multiple linear regression models based on the 14 most abundant
species, with each root trait predicted from a range of traits which were measured for
all species at the field sites.

Calculation of diversity/trait indices
In November 2005, the abundance of all 76 species in each 1 m^ plot was determined
by visually estimating their projected green foliage cover. From this data I calculated
species richness, Simpson's evenness, and Simpson's diversity. I calculated functional
group richness in each plot by applying commonly used functional groupings to each
species (functional groups = C3 grass, C4 grass, forb, legume, woody, other) (Wright
et al. 2006). I quantified functional diversity using four indices: FD (Petchey and
Gaston 2002), FRO (Mouillot et al. 2004), FDVAR (Mason et al. 2003), and FDQ (BottaDukat 2005, Ricotta 2005).

The FRO index was calculated as described by Mouillot et al. (2004), being applied to
each of the 13 continuous traits quantified. To calculate FD, I applied the procedure
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described by Petchey and Gaston (2002, 2006) to all continuous traits. All traits were
standardised (mean = 0, variance = 1), the euclidean distances between species
calculated, and hierarchical clustering (average method) applied. FDvar was calculated
as described by Mason et al. (2003), with data for all traits transformed so that trait
values were >0 (by adding the lowest integer needed to achieve this). This was
required due to the log function in the FDvar calculations. For categorical trait data,
binary traits were given arbitrary values (1,2) while nominal traits (>2 categories)
were not included. For the trait 'green leaf height distribution', I applied the FDvar
functional divergence procedure of Mason et al. (2005). To calculate FDQ (BottaDukat 2005, Ricotta 2005), pairwise species distances were determined for all traits
using Gower's distance (Gower 1971, Podani 1999), with the exception of the green
leaf height distribution, for which I determined the overlap between species pairs
ranging from 0 (fully overlapping canopies) to 1 (no overlap).

To calculate FDQ for multiple traits, I simply averaged the FDQ values of each
component trait (Leps et al. 2006). Calculations of multiple trait FDvar were also
achieved by averaging the FDvar values of each component trait, as proposed by
Mason et al. (2003). Calculating FD for multiple traits was performed by simply
altering which traits were included in the distance matrix. To examine whether trait
values rather than trait diversity influenced ecosystem processes, I calculated mean
trait values for all continuous variable traits. Mean trait values (39) are obtained by
multiplying the trait value of each species by their relative abundance, then summing
across species

= 2 (xy,. p,); where xy, is the value of trait j for species i and p, is the

relative abundance of species i). I also calculated both FDQ and mean trait values
using only the 3 most dominant species in each plot (hereafter denoted as F D Q DOM3
and mean trait value doms)-
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Measurement of ecosystem processes
I harvested community shoot biomass (separated into green leaf and non-green) and
litter biomass in four 0.25 x 0.25 m quadrats located randomly outside 2 adjacent sides
of each study plot in November 2005. Root biomass was collected from 4 soil cores
(37 mm diameter) taken to the maximum soil depth, with core positions located
randomly outside 2 adjacent sides of each study plot. Root biomass was obtained by
sieving the soil samples with water through a 1 mm mesh. All biomass harvested was
dried at 80°C for 3 days, then dry mass determined. From these measures, community
plant biomass (shoot mass + root mass) was calculated for each plot. I calculated the
aboveground net primary productivity (ANPP) as the difference between November
2005 and July 2005 shoot biomass (time of maximum and minimum shoot biomass
respectively) divided by the number of days between these two harvests for each plot.

To quantify soil moisture use, I established access tubes (60 mm diameter PVC tubes
inserted vertically to maximum soil depth) in the centre of each plot in November
2004. Volumetric soil moisture content (% H2O) was measured 4 times over a 22 day
drying period (31 October - 21 November 2005) using a frequency domain
reflectometry probe (Sentek Diviner2000), and average soil moisture content
calculated. The soil profile of most plots was saturated at the commencement of the
drying period, and precipitation during this time was minor. Litter decomposition rate
was determined by filling 0.7 mm nylon mesh bags with 1 g of dried, cut,
homogenised Themeda australis leaves (a common C4 grass), and measuring the mass
loss in 4 bags at each plot over a 70 day period from mid October to mid December
2005. The proportion of ambient photosynthetically active radiation (PAR) intercepted
by the plant canopy was quantified in November 2005 using a LI-COR Quantum (LI-
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185 A) with PAR meter. Eight replicate measures were taken at each plot, with all
measures taken between 12pm and 2pm on cloudless days.

I measured a range of other variables at each plot, including soil temperature (25 mm
below the surface), air temperature difference (below the canopy relative to above the
canopy), maximum soil depth (depth to bedrock, from the root biomass cores and soil
moisture probe access tube), relative stone volume (stone volume/total soil volume,
from the root biomass cores), and soil surface moisture (mean volumetric soil
moisture in the upper 10 cm of soil from mid October to mid December 2005). I also
visually estimated total community green shoot cover (projected foliage cover), nongreen shoot cover, total shoot cover (= green + non-green cover), and proportion of
bare ground in each study plot. At the site level, I calculated potential annual radiation
from slope and aspect (McCune and Dylan 2002), and determined soil nutrient status
of the topsoil (total N, extractable P and K).

Statistical

analyses

I used simple linear regression to assess the capacity of each diversity/trait measure
(independent variable) to explain variation in each ecosystem process across the fifty
1 m^ plots, explicitly assuming that the diversity/trait measure has a causal influence
on the ecosystem process quantified. For the FRO, mean trait value, and mean trait
value dom3 measures (which use one trait only), I identified all traits which could
potentially influence each ecosystem process, calculated the index using all relevant
traits, examined the linear regressions of that index against the relevant ecosystem
process for each trait, and selected the trait which produced the highest r^ (as with
Thompson et al. (2005)). I could not predict a priori which trait was most likely to
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have the greatest influence on an ecosystem process due to Hmited pre-existing
information, so I applied the a posteriori approach described above.

For the functional diversity measures which can incorporate more than one functional
trait

( F D , FDvar, F D Q , F D Q DOMS), I

identified all traits which were mechanistically

likely to influence each ecosystem process. For each functional diversity measure, I
then identified the four traits which individually explained the greatest variation in the
ecosystem process examined. Using those four traits, I calculated each functional
diversity index using all possible combinations of traits, and selected that trait or trait
combination which best explained variation in the ecosystem process examined. I used
a maximum of four traits for this analysis, as the explanatory power of these
functional diversity measures decreased markedly when four or more traits were
included (Fig. 1), while the correlation of

FDQ

and

FDVAR

with Simpson's diversity

increased (see chapter 5).

To examine the effect of my trait selection procedures on the r^ values produced, I
performed randomisation tests for each trait based diversity/community index. For
each index, I randomised the identity of species in the species-trait matrix (without
replacement), then determined the largest r^ value using the same procedures
described above. This process was repeated 1000 times to produce a distribution of
highest r^ values using randomised trait data, against which I compared the highest r^
obtained using the original data. The PR values I report indicate the proportion of r^
values from the randomisation procedure which are greater than the original r^. My
procedure of randomising by species identity randomises suites of traits between
species, which avoids the unlikely combinations of trait values obtained by
randomising traits independently.
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To examine the role of co-varying factors, I constructed and applied structural
equation models (SEM's) for each ecosystem process. Expert knowledge was used to
develop the SEM's by hypothesising relationships between variables and testing
preliminary models. Co-varying factors with non-significant regression weights within
the SEM's were not included. The final SEM's (see Appendix 2) were applied to each
of the diversity/trait indices, and occasionally it was necessary to alter the relationship
between the diversity/trait measure and the rest of the model. The utility of each
diversity/trait index within the SEM was compared through a number of measures,
including the power of that model to explain variation in the ecosystem process (r^),
measures of model significance and fit (chi-square, AIC - Akaike Information
Criterion), and the significance of the diversity/trait variable within the model
(significance of regression weights).

In all analyses, variables were logio transformed where necessary to avoid nonconstant error variance and to achieve multivariate normality (an assumption of SEM).
Data analyses were performed using R (R Development Core Team), Genstat

ed.

(Lawes Agricultural Trust), PC-ORD (McCune & Mefford) and AMOS 7.0
(Arbuckle).

RESULTS
The FD measure was strongly correlated with species richness, FDQ was strongly
correlated with Simpson's diversity, while none of the diversity/trait measures were
highly correlated with evenness (Table 1). FDQ and FDvar were highly correlated for
most traits, and as expected, FDQ and mean trait values were highly correlated with
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the same measures calculated using only the

3

most abundant species

(FDq

doni3

and

mean trait value dom3 respectively) (Table 1).

I

examined how the number of traits included in

F D ,

FDvar,

F D q

and

F D q

doni3

influenced the power of those measures to explain variation in the 9 ecosystem
processes I considered here, by comparing the best one, two, three, or four trait index
from the four traits that had the highest individual r^ for each ecosystem process. After
standardising r^ values by the best single trait index for each ecosystem process,
functional diversity indices

( F D ,

FDvar,

F D q

and

F D q

doms)

using only one or two traits

tended to perform best on average at explaining variation in ecosystem processes (Fig.
1). When the number of traits included increased to three or four, the explanatory
power of each functional diversity index decreased markedly.

Table 1. Absolute correlations coefficients (Pearson's r) among community diversity
and trait measures. Where brackets are shown, the mean absolute correlation for all
traits quantified is given with the standard deviation in brackets. Correlations are
significant {P < 0.05) where r > 0.273.
Rictiness Evenness Simpson's
Evenness

0.030

Simpson's

0.573

FD
FRO
FDQ
FDvar

Mean trait value

0.633

(±0,179)

0.199

(±0.094)

0.397

(+0.148)

0.353

(±0.157)

0.389

(±0.103)

FD

FRO

FDQ

dom3

0.709
0.110

(±0.092)

0.169

(±0,120)

0.419

(±0,133)

0.347

(±0,155)

0.350

(±0,209)

0.316

(±0.176)

0.208

(±0.108)

0.615

(±0.176)

0.514

(±0,169)

0.523

(±0.236)

0.185

(±0,200)

0.443

(±0,193)

0.357

(±0,200)

0.313

(±0,195)

0.132

0.807

(±0.096)

0.125

(±0.087)

0.087

(±0.072)

(±0.063)

0.876

(±0,122)

0.411

(±0,350)

domS: correlation between that index and the same index calculated using only the dominant 3 species
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FDvar

0.406

(±0.265)

0.906

(±0,034)

(D
•o

C

(0

s>

1

2

3

4

No. Traits Included

Figure 1. Influence of the number of traits included in (A) F D , (B) F D q ,

(C) F D q

doms

, and (D) FDvar on the amount of variation explained (r^) in each of 9 ecosystem
processes (grey lines) standardised by the highest r^ for a single trait (from the four
traits examined for each ecosystem process). Mean values are shown in black.
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When simple linear regression analyses were used to compare the explanatory power
of each diversity/trait index for the 9 ecosystem processes, the mean trait indices
(mean trait value and mean trait value doms) performed the best in 6/9 cases (Table
2a,b, Fig. 2). FDvar explained more variation in ecosystem processes than all other
diversity measures for 8 of the 9 ecosystem processes (Table 2a,b). In contrast,
functional group richness had the lowest r^ for 7 of the 9 ecosystem processes. In
general, species richness explained only low levels of variation in ecosystem
processes, being significantly related to 5 of the 9 ecosystem processes, with the
highest r^ being 0.095 in the regression with light interception. The randomisation
tests applied to examine trait selection procedures for each diversity/trait index
generally resulted in values of PR > 0.05 (Table la,b), indicating that the process used
to select traits produced high r^ values regardless of any biological mechanisms.

For the plant biomass pools, the mean trait values of root:shoot ratio, leaf size, number
of primary root axes, and LDMC were found to be most important (Table 2a). For the
same biomass stocks, functional diversity in the traits of green leaf height distribution,
root:shoot ratios, N-fixation capacity, SLA, LDMC, and plant size appeared to be
most important (Table 2a). For ANPP, the traits of leaf angle (mean treat value) and
photosynthetic pathway (functional diversity measures) were most important (Table
2b). For litter decomposition rate, the traits of SLA (mean trait value) and
photosynthetic pathway (functional diversity measures) were most important (Table
2b). In explaining mean soil moisture over the drying period, the mean trait value of
SRA, and functional diversity with regard to SRA, LDMC, root: shoot ratios, and
RDMC were most important (Table 2b). For light interception, the mean trait value
for root:shoot ratios and functional diversity with regard to root:shoot ratios and the
green leaf height distribution were most important (Table 2b).
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Table 2a. Simple linear regression models and structural equation models for ecosystem
processes (biomass stocks) in November 2005 as a function of a range of diversity, trait, and
site variables. Diversity/trait indices with highest / for each biomass pool are shown in bold.
Simple Linear
Regressions
Dependent variable

Independent variable

Green Shoot Biomass

Richness
Evenness
Simpson's Diversity
Functional Group Richness
FRO (LA)
FD (SL)
FDQ ( P S _ G _ N )
FDq
(LF_G_N)
FD„ar ( N _ P S _ G )
Mean Trait Value (RS)
Mean Trait Value doms (RS)

(g)

0)

Root Biomass

(g)

Total Plant Biomass

(g)

Litter Biomass

(g)

P

r'

-0.003
-0.078
-0.017
0.001
0.964
0.736
3.242
2.533
1.948
-0.682
-0.683

0.606
0.853
0.929
0.994
0.036
0.028
<0.001
<0.001
<0.001
0.004
<0.001

1.533
0.020
0.001

0.016
0.021
0.044

0.097
0.087
0.063

-0.029
-1.160
-0.971
0.077
-2.140
-2.524
4.140
4.180
3.059
0.454
0.429

0.019
0.165
0.007
0.446
0.048
<0.001
0.002
<0.001
<0.001
<0.001
<0.001

0.092
0.020
0.126
0.000
0.060
0.193
0.169
0.200
0.399
0.587
0.621

Richness
-17.3
Evenness
-1300.0
Simpson's Diversity
-592.0
Functional Group Richness
-15.5
FRO (D)
-797.0
F D ( R S SR)
-1001
FDq(RS_R_T_D)
-3738.0
FDQ dom3 (RS)
-196.0
-1030.0
FD,a, (RS_R)
Mean Trait Value (NP)
242.0
Mean Trait Value dorto (NP)
201.0

0.058
0.031
0.026
0.834
0.215
0.021
0.031
0.133
0.007
0.046
0.119

0.054
0.074
0.081
0.000
0.012
0.088
0.074
0.027
0.124
0.061
0.030

Green Cover Nov04
9.5 <0.001
Relative Soil Stone Volume -2228.0 <0.001
Nitrogen
3205.0 <0.001
Max. Soil Depth
7.9 <0.001

0.266
0.222
0.220
0.191

Richness
Evenness
Simpson's Diversity
Functional Group Richness
FRO (SL)
F D ( S R L LW)
F D q ( R S LA)
FDQdoi,a(LF_N)
F D . „ (N_G)
Mean Trait Value (LS)
Mean Trait Value dona (LS)

-0.013 0.028
-0.661 0.083
-0.384 0.021
0.020 0.662
0.788 0.042
-0.834 0.012
-4.210 0.002
2.640 0.017
1.682 <0.001
0.158 <0.001
0.153 <0.001

0.078
0.042
0.088
0.000
0.064
0.105
0.162
0.094
0.272
0.330

Nitrogen
Potential Annual Radiation
Relative Soil Stone V o l u m e
Phosphorus

1.469
2.530
-0.828
0.016

0.001
0.035
0.042
0.046

0.108
0.070
0.065
0.061

-0.023 0.035
Richness
-1.339 0.068
Evenness
-1.022 0.001
Simpson's Diversity
0.069 0.444
Functional Group Richness
1.598 0.032
FRO (SL)
-1.818 0.003
FD(LS U\)
-10.030 <0.001
FDQ(RS LS)
-0.400 <0.001
FDQ dom3 (N_LS)
-1.128 <0.001
FD.a, (RS)
4.763 <0.001
Mean Trait Value (L)
Mean Trait Value doms (LS)
0.268 <0.001

0.071
0.048
0.186
0.000
0.073
0.150
0.215
0.189
0.232

Non-green Mass Mn Yearly

0.535

Nitrogen
Phosphorus
Potassium
Non-Green Shoot
Biomass

b

Richness
Evenness
Simpson's Diversity
Functional Group Richness
FRO (L)
FD ( L A „ L )
FDq (G)
FDo c,„„3 (G)
F D . „ (G)
Mean Trait Value (LS)
Mean Trait Value doms (LS)

0.574 <0.001

Structural Equation Models
PR

saute
9.237
6.350
4.401

0.000
0.000
0.000
0.000
0.070 0.520
0.078 0.187
0.301 0.019
0.331 0.003
0.345 0.009
0.139 0.341
0.204 0.174

^
4
4
4

EP

S''W(lV)red

0.055
0.174
0.354

31.237
28.350
26.401

0.136
0.156
0.146

ns-0.056
ns-0.069
ns-0.043

4.330
7.306
4.493
6.819
6.937
7.067
4.975

0.363
0.121
0.343
0.146
0.139
0.132
0.290

26.330
29.306
26.493
28.819
28.937
29.067
26.975

0.195
0.262
0.459
0.463
0.517
0.452
0.507

* 0.283
•0.319
" 0.565
" 0.584
** 0 . 6 2 2
"-0.466
"-0.522

3.326

1 0.068

21.326

0.141

ns-0.056

"l

6.806
4.395
4.164

3
3
3

0.078
0.222
0.244

20.806
18.395
18.164

0.342 ns -0.080
0.503 " * -0.363
0.407
* -0.270

2
2
2

2.731
8.394
5.370
7.254
12.454
9.187
8.083

3 0.435
3 0.039
3 0.147
3 0.064
3 0.006
3 0.027
3 0.044

16.731
22.394
19.370
21.254
26.454
23.187
22.083

0.368
0.340
0.366
0.365
0.390
0.371
0.369

ns -0.145
ns -0.139
ns -0.200
ns-0.155
* -0.287
ns 0.205
ns 0.170

2
2
2
2
2
2
2

1.074

1 0.300

11.074

0.354

4.481
1.935
0.110

1 0.034
1 0.164
1 0.740

14.481
11.935
10.110

0.139 n s - 0 . 2 3 0
0.271
* -0.321
0.253 " -0.342

3
3
3

3.523
0.756
0.048
4.613
0.132
1.448
2.602

1
1
1
1
1
1
1

13.523
10.756
10.048
14.613
10.132
11.448
12.602

0.348
0.203
0.289
0.148
0.446
0.599

" 0.392
•-0.316
* " -0.414
ns 0.257
* " 0.550
*•* 0.633
0.693 " * 0.679

3

6.000

0.126

0.355

"3

0.617
0.383
0.838
0.751
0.075
0.017
0.015

0.658
0.634
0.188
0.999
0.731
0.950
0.956

0.461
0.906
0.605
0.715
0.218
0.007
0.367 0.011

0

1

0.496
0.477
0.617
0.679
0.726
0.346 0.125
0.298 0.249

"

3
3
3
3
3

0.503
1.075
3.403

1 0.478
1 0.300
1 0.065

10.503
11.075
13.403

0.545
*-0.318
0.545 ns -0.221
0.545 " -0.392

4
4
4

2.443
0.136

1
1
0
1
1
0
1

12.443
10.136
12.000
11.759
12.728
12.000
10.557

0.545
0.545
0.609
0.616
0.545

ns 0.214
* " -0.514
* -0.323*
" * -0.341
* " -0.489
0.621 • " 0 . 4 8 5 *
0.545 " * 0.813

4
4
5
6
4
5
4

6.000

0.545

"4

1.759
2.728
0.557
1

0.061
0.385
0.827
0.032
0.716
0.229
0.107

0

0.118
0.713
0.185
0.099
0.456
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Table 2b. Simple linear regression models and structural equation models for a number of
key ecosystem processes in Spring 2005 as a function of a range of diversity, trait, and site
variables. Diversity/trait indices with highest r^ for each ecosystem process are shown in bold.
Simple Linear

S t r u c t u r a l E q u a t i o n IVIodels

Regressiotis
b

p

r'

P^

Dependent variable

Independent variable

Aboveground Net
Primary Productivity
(g.m-'.day-')

Richness
Evenness
Simpson's Diversity
Functional Group Richness
FRO(SL)
FD(LS_LA)
FDq(PP)

-0.058
-0.380
-1.370
-0.592
5.910
-5.73
-7.880

FDQd„m3(PP)
FD.ar(PP)
Mean Trait Value (LA)
Mean Trait Value dom3 (L)

-7.290 0.002 0.174 0.326
-5.880 <0.001 0.188 0.433
0.168 <0.001 0.225 0.637
11.290 0.003 0.154 0.767

Litter Decomposition
Rate
(g.day')

Mean Soil Moisture
(vol %H20)
(310ct05-21Nov)

-1.8 x10-'
-5.0x10""
-3.0 xlO""
7.5x10'
-2.8x10'
-2.7x10'
6.1 X 10"'
6.3x10'
3.3x10'
8.2 xlO""
6.5x10^

Total cover Nov05
Bare ground Nov05
Air Temp - Rel. Difference
Surface Soil Moisture

2 . 2 x 1 0 ' < 0 . 0 0 1 0.615
-9.2 X 10 " <0.001 0.414
- 5 . 4 x 1 0 ' < 0 . 0 0 1 0.250
1.4x10-" <0.001 0.224

Richness
Evenness
Simpson's Diversity
Functional Group Richness
FRO (LS)
FD (SR L LW)
FDQ (L_SR)
FDQ <,„„3 (PP)
FD™(L_RS_R)
Mean Trait Value (SR)
Mean Trait Value doms (SR)

Richness
Evenness
Simpson's Diversity
Functional Group Richness
FRO (LA)
FD (L_LS^PS)
FDQ (RS)
FDq d„m3 (RS)
FD,a, (G)
Mean Trait Value (RS)
Mean Trait Value doms (RS)
Total Cover Nov05
Shoot Mass Nov05

-0.15
-12.49
-6.16
0.28
5.30
-15.03
-50.80
13.46
-12.36
-0.30
-6.88

0.318
0.683
0.566
0.606
0.024
0.003
<0.001
<0.001
0.001
<0.001
<0.001

0.018
0.002
<0.001
0.588
0.058
<0.001
<0.001
<0.001
<0.001
<0.001
<0.001

0.000
0.000
0.000
0.000
0.083
0.157
0.259
0.270
0.200

0.694
0.264
0.235
0.256
0.516
0 . 3 2 0 0.203
0.288 0.118

0.093
0.161
0.207
0.000
0.053
0.312
0.410
0.274
0.455
0.443
0.261

0.678
0.226
0.187
0.277
0.429
0.165
0.752

0.07 <0.001 0.482
-3.16 <0.001 0.392
0.06 <0.001 0.247
-0.015
-0.697
-0.499
0.000
0.915
-1.478
-0.445
-0.305
1.455
-1.118
-1.083

0.017
0.103
0.007
0.999
0.053
<0.001
<0.001
<0.001
<0.001
<0.001
<0.001

P

AlC

^^

S R W (IV)

0.018
0.000
0.004
0.042
0.066 0.455
0.095 0.312
0.175 0.122

Richness
Evenness
Simpson's Diversity
Functional Group Richness
FRO (LW)
FD (RS_LS)
FDq (N^PP)
FDodoms (LF_PP)
F D . „ (PP_G)
Mean Trait Value (SL)
Mean Trait Value d„m3 (SL)

Total Cover Nov05
Bare Ground Nov05
Max. Soil Depth
Light Interception
(Proportion Intercepted)

0.172
0.894
0.275
0.082
0.040
0.017
0.001

Chidf
Square

0.095
0.035
0.126
0.000
0.056
0.189
0.250
0.213
0.339
0.386

0.677
0.216
0.215
0.507
0.313
0 . 5 1 5 0.010

0.007 <0.001 0.529
0.536 <0.001 0.453

19.543
25.112
13.231

9 0.021
9 0.003
8 0.104

43.543 0.687
49.112 0.730
39.231 0.759

10.775
24.960
9.413
15.056
19.997
9.986
9.457

9
9
9
9
9
8
8

0.291
0.003
0.400
0.091
0.018
0.266
0.305

7.648

5 0.177

7.029
6.940
3.222

5 0.218 27.029 0.646
5 0.225 26.940 0.709
4 0.521 25.222 0.685

5.516
5.934
5.973
9.054
4.634
6.100
7.411

5
5
4
5
4
4
4

3.199

2 0.202

19.199 0.635

0.075
0.351
0.716

2 0.963
2 0.839
2 0.699

16.075 0.839
16.351 0.839
16.716 0.840

•-0.369
ns-0.233
"-0.378

13
13
13

1.620
1.682
0.834
3.631
0.100
0.055
0.660

2
2
2
2
2
2
2

17.620
17.682
16.834
19.631
16.100
16.055
16.660

ns 0.254
•••-0.483
•••-0.553
••-0.449
••• 0.659
•"-0.696
•••-0.776

13
13
13
13
13
13
13

0.356
0.313
0.201
0.107
0.327
0.192
0.116

0.445
0.431
0.659
0.163
0.951
0.973
0.719

' -0.322
ns 0.124
" 0.258

9
8
7

34.775
48.960
33.413
39.006
43.997
35.986
35.457

*-0.214
0.725
0.700 " * -0.507
0.709 " * 0.546
0.706 " * 0.549
0.678 * " 0.652
0 . 7 7 7 " * 0.301
0.737
* 0.221

8
9
9
9
9
7
7

27.648

0.697

"7

25.516
25.934
27.973
29.054
26.634
28.100
29.411

"

0.422
-0.320
• -0.239

12
11
10

0.647 ns 0.217
0.629
0.685
0.724 • " - 0 . 3 1 5
"
•
0
.527
0.678
* -0.284
0.686
0.745 "•-0.372
0.708 • ' - 0 . 2 8 1

12
12
10
12
10
10
10

0.840
0.839
0.839
0.841
0.838
0.839
0.840

'10

12.000 0.839

P r = P-value derived from randomisation test (traits randomised 1000 times),
r^ EP = proportion of variance in the ecosystem process (dependent variable) explained by the S E M (note: P>0.05
indicates a significant model),
SRW (IV) = standardised regression weight leading from the independent variable.
Model Used ; see Appendix 2 for full structural equation models
dom3 = only the 3 most abundant species used to calculate that measure.
" ' P < 0 . 0 0 1 , **P<0.01, 'P<0.05, ns = P>0.05,
@ = no model significant when site factors are included,
# = independent variable removed,
$ = path to non-green biomass.
Trait Code: B=B (root biomass distribution factor); D=diameter thickest root; G=green leaf distribution; L=LDMC; LA=leaf angle;
LF=life form; LS=leaf size axis; LW=leaf weight ratio; N=N-fixation; NP=no. primary root axes; PP=photosynthetic pathway;
PS=plant size axis; R=RDMC; RD=mean root diameter; RS=root:shoot; SL=SLA; SR=SRA; T=taproot
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"13

Of the ecosystem processes measured, environmental factors (e.g. total Nitrogen) and
aggregate community factors (e.g. total plant cover) directly explained more variation
than the diversity/trait measures for 5 of the 9 ecosystem processes (Table 2a,b).
However, only 7 diversity/trait indices lost significance when moving from simple
linear regressions with ecosystem processes to S E M ' s including co-varying factors
(while 2 diversity/trait indices gained significance). In general, most S E M ' s were
significant (note P > 0.05 indicates significance for SEM), and although the AIC
values were consistently lower when only environmental and community aggregate
variables were included (indicating better models), adding the diversity/trait variables
often generated large increases in the amount of variance explained for each
ecosystem processes (Table 2a,b).
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Figure 2. ANPP, litter decomposition rate, mean soil moisture content, and light
interception as a function of species richness, Simpson's diversity, and the best
functional diversity and mean trait value measures. Data are from spring / November
2005. Notation follows Table 2b.
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DISCUSSION
Comparing the diversity and mass ratio hypotheses
My results indicate that the mass ratio hypothesis (Grime 1998) provides a superior
framework for explaining how the biota influences key ecosystem processes in
comparison to the diversity hypothesis, for the native grassland studied. The mean
trait value indices best explained variation in 6 of the 9 ecosystem processes (Table
2a,b, Fig.2). These findings support Grime's (1998) hypothesis that it is the traits of
the most abundant species which largely determine ecosystem process. My results
correspond with previous research demonstrating the power of mean trait values to
explain variation in key ecosystem processes (Gamier et al. 2004, Vile et al. 2006).

When mean trait values were calculated using only the three most abundant species in
each plot (mean trait value doms), there were generally only minor differences in the
explanatory power compared to when all species were used (Table 2a,b) (as with
Gamier et al. 2004). This result not only emphasises the overwhelming importance of
the most abundant species in determining ecosystem process, but also the inherent
weighting given to dominant species in the calculation of mean trait values. Indeed,
mean trait values for all the species in a plot were highly correlated to those calculated
using only the dominant three species (Table 1). This result is also reflected in the
comparison of FDQ with FDQdom3, where inherent weighting of dominant species in
the FDQ index results in little benefit gained by including all but the most abundant
species (Tables 1, 2a,b).

The trait based functional diversity indices (especially FD, FDQ, and FDvar) also
performed well, often approaching and occasionally exceeding mean trait values in
their explanatory power (Table 2a,b). Most notable of the functional diversity indices
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was

FDvar

(Mason et al. 2003), which explained more variation than any other

diversity measure for 8 of the 9 ecosystem processes, and had the highest r^ values of
all the diversity/trait indices for three of the ecosystem processes (green shoot
biomass, root biomass, soil moisture) (Table 2a,b). Functional diversity indices which
weight the traits of species by the abundances of those species (namely FRO, FDQ,
and

FDvar)

are essentially fusing elements of both the diversity hypothesis and the

mass ratio hypothesis. Implicit in these indices is the assumption that the diversity of
traits is important, but is relative to the abundances of the species possessing those
traits (Ricotta 2005). The fact that these diversity measures (FRO,

F D Q , FDVAR)

tend to

perform intermediately between the 'pure' diversity indices (e.g. species richness) and
mean trait values supports my suggestion that it is the traits of the dominant species
that are most important in influencing ecosystem processes.

In contrast to the community indices based on functional traits, traditional measures of
community diversity (i.e. richness, evermess, Simpson's diversity) generally explained
very little variation in ecosystem processes (Fig. 2, Table 2a,b). Of particular interest
are the weak relationships between species richness and the ecosystem processes
examined. Species richness has been a core focus of most studies examining the
interaction between biodiversity and ecosystem processes, with much empirical
research and mechanistic theory devoted to understanding how the number of species
in a community may influence ecosystem processes (Schmid 2002, Hooper et al.
2005). The weak relationships I observed between richness and ecosystem processes
suggests that the loss of species present at low abundances in a community is likely to
have negligible direct impact on ecosystem processes, and that changes in the identity
and abundance of the most dominant species will be of far greater importance.
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Of the traditional diversity indices, Simpson's diversity had the highest r^ values for 6
of the 9 ecosystem processes examined, reflecting the importance of the relative
abundances of species. Interestingly, functional group richness (the number of
functional groups represented in a community) generally performed worse than all
other diversity/trait indices, having the lowest r^ values for 7 of the 9 ecosystem
processes. Many studies have applied measures of functional group richness as a key
way of examining the role of functional traits in influencing ecosystem processes (e.g.
Tilman et al. 1997a, Hector et al. 2000b, Spehn et al. 2005). My analyses highlight the
limitations of functional group richness in adequately representing the functional
diversity of a community, especially in comparison to newer multi-trait indices of
fiinctional diversity. These results add to growing criticisms of functional group
richness as a coarse and often misused measure of functional diversity (Petchey et al.
2004, Petchey and Gaston 2006, Wright et al. 2006)

In quantifying trait based community indices, I identified the most important trait/s for
an ecosystem process through an a posteriori approach, whereby I quantified each
trait based index using all relevant traits, then selected the trait/s which best explained
variance for that ecosystem process. This process was necessary due to the lack of
specific information on which trait/s were likely to be most important for each
ecosystem process, out of a suite of candidates identified previously (e.g. Cornelissen
et al. 2003b, Stubbs and Wilson 2004). To assess the possibility that this a posteriori
trait identification approach achieved high r^ values just by chance, I performed a
series of trait randomisation tests. For most of the trait based indices, the r^ values
from linear regressions with ecosystem processes were not significantly different {P >
0.05) to those achieved using the same trait selection procedure but with randomised
trait values (PR in Table 2a,b).
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My trait randomisation tests raise questions over the validity of some of the / values
generated by my simple linear regressions, and clearly, the process of generating a
range of distributions and selecting the one which best fits each ecosystem processes
is statistically dangerous. However, I argue for a considered use of the randomisation
test results, and suggest that a strict application of the PR-values produced from the
randomisation tests is not desirable (Moran 2003). Relationships between trait indices
and ecosystem processes which have relatively low r^ values (Table 2a,b) should
obviously be treated with much caution. In contrast, relationships between trait indices
and ecosystem processes with high r^ values but non-significance in my randomisation
tests should not be disregarded. The traits and trait combinations produced by the trait
selection process are often common between diversity/trait indices and in the large
part hold to established information & theory on which functional traits are important
for which ecosystem processes (Comelissen et al. 2003b, Stubbs and Wilson 2004).

Co-varying factors and ecological

mechanisms

Observational studies examining effects of biodiversity on ecosystem processes in
natural communities are often criticised due to the potential role of co-varing factors
(e.g. Lawton et al. 1998, Wardle 2001). In this study, I reduced variation in
environmental factors by contrasting communities within a small area, and tested the
mechanistic role of co-varying factors using structural equation modelling (SEM).
Although the co-varying biotic/abiotic factors explained more variation than any of
the diversity/trait indices for 5 of the 9 ecosystem processes examined, most
diversity/trait indices which were significantly related to ecosystem processes in
simple linear regressions retained their significant influence within the SEM's (Table
2a,b).
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In applying SEM's, I explicitly hypothesised and tested mechanisms by which each
aspect of community diversity and trait values combine with the co-varying factors to
influence ecosystem processes. The number of SEM's applied (see Appendix 2) limits
my ability to discuss each model in detail, however some overall patterns are evident.
Most of the SEM's examined were significant {P > 0.05), and combining the
diversity/trait indices with co-varying factors markedly increased the variance
explained for each ecosystem process (Table 2a,b). SEM's which only included covarying factors generally didn't explain as much variation in each ecosystem process
as SEM's which included the best diversity/trait index (Table 2a,b).

Observational studies are also criticised for the inability to isolate cause and effect in
diversity-process relationships (Tilman et al. 1997a), and I clearly recognise such
limitations. Here I have assumed a causal role of community diversity and trait
attributes in influencing ecosystem processes, which was necessary to compare the
explanatory power of different diversity/trait indices. In most cases I examined,
reversed causation (i.e. the ecosystem process caused differences in community
diversity and trait attributes) was either unlikely or nonsensical. The potential for covarying factors to be a common cause was assessed through my SEM approach and
also found to be unlikely in many instances.

Studies examining how species richness influences ecosystem processes have
identified two primary mechanisms for any observed effects: the selection effect and
complementary resource use (Hooper et al. 2005). The functional diversity and trait
indices I examined here directly and indirectly assess these two mechanisms. The
selection effect is the increased probability that more diverse communities contain
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species with attributes that strongly influence an ecosystem process (Aarssen 1997,
Huston 1997, Tilman 1997). The role of species traits in influencing ecosystem
processes alluded to in the selection effect is quantified more directly here through
mean trait values, and summarised more efficiently by the mass ratio hypothesis.

The second proposed mechanism by which diversity influences ecosystem processes
is through complementarity, whereby increased diversity increases the ways in which
species access and utilise resources, allowing for greater overall resource use in more
diverse communities (Tilman 1997, Loreau 2000). In this study, I have essentially
quantified the level of complementarity in each community through the application of
functional diversity indices. By definition, functional diversity represents the diversity
of ways in which species access and utilise resources, with the implicit assumption
that functional traits relate directly to physiological functioning and resource use
(Diaz and Cabido 2001, Westoby and Wright 2006). The different functional diversity
indices I assess here may therefore all be seen as varying approaches for quantifying
the complementarity of communities (see chapter 1). With this in mind, the results
from my study indicate that complementarity can be important in influencing
ecosystem processes, but in most cases it is not as important as the functional identity
of the dominant species.

Interestingly, many of the significant interactions between diversity/trait indices and
ecosystem processes were negative relationships (Fig. 2, Table 2a,b). For mean trait
values, negative relationships merely indicate that greater ecosystem processes are
associated with the dominance of species with lower values for a trait. In contrast,
negative relationships between functional diversity and ecosystem processes indicate
that functional diversity of certain traits has a negative impact on ecosystem
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processes. An example is root biomass, which was negatively related to functional
diversity (FDvar) of root:shoot ratios and RDMC (Table lb). This result suggests that
increasing diversity of these traits reduces root biomass, with high root biomass likely
to be achieved by a less diverse community with most species possessing large
root:shoot ratios and high RDMC. Negative relationships between functional diversity
and ecosystem processes are often mechanistically sensible (Bengston 1998), yet they
have been infrequently reported by previous studies (Balvanera et al. 2006).

On a more technical note, this study has explored some of the practical issues
associated with applying multi-trait functional diversity indices (e.g. FD, FDQ, FDvar).
A key recommendation I present is that the number of functional traits to include in
such indices should be small (<4). I observed that multi-trait functional diversity
indices often perform best at explaining variation in ecosystem processes when only
one or two traits were included. When further traits are added, the power of these
indices to explain variation in ecosystem processes tends to reduce markedly (Fig. 1),
and interpreting the biological meaning of the index becomes increasingly difficult
(Leps et al. 2006). Further issues also may arise, such as the tendency for the FDQ
index to approach Simpson's diversity as more traits are used in its derivation (see
chapter 5).

I also highlight the inter-relationships between the diversity/trait indices examined
here. Although I observed FDvar to be the best functional diversity index in explaining
variation in ecosystem processes, other indices may be considered superior under
different situations and alternative applications. FDVAR was highly correlated with FDQ
(Table 1), and both indices present significant advantages over other functional
diversity measures in their capacity to quantify functional diversity with respect to
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multiple traits and weighted by species abundances (Botta-Dukat 2005, Ricotta 2005).
In this study I have demonstrated that community indices which weight trait values by
the abundances of each species tend to explain more variation in ecosystem processes,
concordant with the mass ratio hypothesis.
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Chapter 7
Functional trait identity and diversity influence spatial and temporal
variation in ecosystem processes

ABSTRACT
Previous research suggests that species richness can reduce the temporal variation of
aggregate community properties, with mechanisms such as statistical averaging and
mean-variance re-scaling proposed to explain such results. Here I compared how
spatial, temporal, and spatiotemporal variation in six ecosystem processes
(biogeochemical pools or fluxes) was related to traditional diversity indices, newer
functional diversity indices, and community mean trait values, over one year in a
native grassland community. I found little evidence for effects of species richness on
variation in the ecosystem processes quantified. In contrast, the functional diversity
and functional identity of the dominant species had significant influence on temporal
and spatial variation in ecosystem processes, with the linked leaf traits of specific leaf
area and leaf dry matter content identified as particularly influential. The functional
traits important in influencing temporal variation were generally different to those
which influenced spatial variation of the same ecosystem process. I applied structural
equation modelling to assess how aspects of community diversity and composition
interact with other biotic/abiotic factors to alter the variability of ecosystem processes.
These analyses indicated that different diversity/trait indices are often related to
variation in an ecosystem process through different mechanisms.
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INTRODUCTION
Many biological communities are experiencing rapid changes in their diversity and
composition, due largely to anthropogenic factors such as species introductions, land
clearance, and nutrient additions (Sax and Gaines 2003). Consequently, increasing
research attention is being given to understand how changes in the diversity and
composition of communities effects the variability of key ecosystem processes
(Cottingham ct al. 2001, Tilman et al. 2006). There is a substantial history of research
into the effects of biodiversity on the variability of populations and ecosystem
processes, however, results from early studies were often contradictory (Pimm 1984),
with some empirical studies suggesting that more diverse communities are less
variable (e.g. MacArthur 1955, McNaughton 1977), while others based on
mathematical models proposed that the opposite was true (e.g. May 1972, 1974).

Recent attention on the broader consequences of species loss has stimulated further
investigations into this issue, with theoretical and empirical studies identifying a
number of statistical and biological mechanisms by which community diversity may
influence the variability of aggregate community properties (most commonly
biomass). A primary mechanism proposed is statistical averaging (or the 'portfolio
effect'), which is an inherent statistical effect whereby the variability of an aggregate
community measure decreases as the number of species in a community increases
(Cottingham et al. 2001). This is due to the dampening of variability when averaging
across species whose temporal variations are not perfectly correlated (Doak et al.
1998). Another statistical effect which can result in reduced variation due to increases
in species richness is mean-variance re-scaling. Under this mechanism, the variance of
the aggregate community measure decreases with increased richness, due to increases
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in the variance of population level properties with increasing mean (a commonly
observed statistical phenomena) (Tilman et al. 1998, Tilman 1999).

A number of biological mechanisms have also been proposed for understanding how
diversity influences community level variability, however these tend to hypothesise
biological influences on the more basic statistical mechanisms mentioned above. For
example, expected increases in the degree of interspecific competition in more species
rich communities is thought to promote negative covariance between species and
hence promote statistical averaging (Tilman 1999). Increases in the evenness of
species abundances also strengthens the statistical averaging effect, as aggregate
community level variability is reduced when variation is averaged over a larger
number of species with non-trivial abundances (Doak et al. 1998).

In general, recent empirical studies tend to support the hypothesis that more diverse
communities have less temporal variability in their aggregate community properties
(e.g. McGrady-Steed et al. 1997, Caldeira et al. 2005, Steiner 2005, Tilman et al.
2006). Despite significant advances in our understanding of how diversity may
influence variability, there are several important limitations of research to date. Most
studies have only examined the effects of diversity on the variability of community
biomass or species abundances. Investigations of how biodiversity influences the
variability of other ecosystem processes are rare.

Another deficiency of diversity - variability research to date is the overwhelming
focus on species richness as a measure of community diversity. Some studies have
examined the effects of other measures of diversity on variability in ecosystem
processes, including Shannon's diversity index (McNaughton 1977, Tilman et al.
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2006), genetic diversity (Hughes and Stachowicz 2004), and food web connectivity
(Hulot et al. 2000). However, studies investigating the effects of functional diversity
on variability in ecosystem processes are rare (Wardle et al. 2000), despite the
potential for functional diversity of certain traits (e.g. phenology) to reduce variation
in ecosystem processes through a reduction in species covariances (Cottingham et al.
2001). In addition, scarce attention has been given to the relative importance of
species functional identity in determining how a community influences the variability
of ecosystem processes (Wardle et al. 2000, Steiner et al. 2005).

Previous research has focused overwhelmingly on how diversity influences the
temporal variability of ecosystem processes, with little attention given to possible
effects on spatial variation. Spatial heterogeneity of community biomass and
ecosystem processes has been linked to important ecological attributes, such as the
diversity within other trophic groups (Benton et al. 2003). Increased spatial variation
in plant biomass, resource levels, and associated abiotic factors, may provide a greater
range of niches for other organisms, and hence promote diversity (Tews et al. 2004).

The key objective of this study was to compare how variation in a number of
ecosystem processes in a native grassland community was related to a range of
diversity measures, including both older diversity indices (richness, evenness,
Simpson's) and newer functional diversity indices (FD, FRO, F D Q , FDVAR) (Petchey
and Gaston 2002, Mason et al. 2003, Magurran 2004, Mouillot et al. 2004, Ricotta
2005). In this analysis, I examined three major components of variability (temporal,
spatial, spatiotemporal) over a single year, and contrasted how each is related to the
diversity indices applied. I also applied structural equation modelling to assess
mechanistic links between diversity and variability in ecosystem processes. Finally, I
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compared the role of diversity to that of functional trait identity in explaining variation
in ecosystem processes.

METHODS
Study design and trait measurement
Ten sites were established within a 1 km radius in the same contiguous area of native
grassland near Canberra, Australia (35°07'S, 149°07'E, 725 m a.s.l.)- Each site (7 m x
14 m) was fenced in October 2004 to exclude sheep, cattle and kangaroos and allow
for full expression of species traits. Within each site, 5 plots (1 m^) were established in
random locations, giving 50 plots in total. This design was applied in order to
maximise the contrast in species composition of the native grassland examined, while
minimising variation in environmental variables.

Functional traits of all species were measured during their peak growth period in
spring (October to December, 2005), with 5 replicates per species for the 27 most
abundant species, and 3 replicates per species for the remaining 49 species. For each
species, replicate plants and leaves were randomly sampled from within the fenced
sites, with all replicates taken at different sites to incorporate site-variation within the
trait measures. At the whole plant level I extracted root systems to 10 cm depth and
determined the number of primary root axes and the diameter of the thickest root. I
calculated a single plant size axis from a number of traits (plant height, plant width,
green shoot biomass, non-green shoot biomass, root biomass in the top 10 cm of soil)
using Principle Components Analysis (PCA) (Eigenvalue for plant size axis = 3.751,
with 75.0% of variance explained). From the whole plant data collected, I also
calculated the leaf weight ratio (green shoot: total shoot) and the root:shoot ratio (for
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root biomass in the top 10 cm of soil). The distribution of green leaf biomass with
height was quantified by harvesting green leaf biomass at 0-5 cm above the soil
surface, 5-10 cm, and then 10 cm height intervals thereafter.

At the leaf level, 1 quantified a number of attributes, including leaf angle (degrees
from the horizontal), leaf dry matter content (LDMC - leaf dry mass per unit fresh
mass), and specific leaf area (SLA - leaf area per unit dry mass). I also calculated a
single leaf size axis from a number of traits (leaf length, width, area and dry mass)
using PCA (Eigenvalue for leaf size axis = 3.031, with 75.7% of variance explained).
In addition, 1 determined the following attributes for each species: life form
(phanerophyte, chamaephyte, hemicryptophyte, geophyte, therophyte), N - fixation
capacity (yes, no), photosynthetic pathway (C3, C4), and presence of a tap root (yes,
no) (Comelissen et al. 2003b). These data were either determined from plants growing
at the field sites or collated from diverse published sources.

A number of other root traits were quantified by growing the 14 most abundant
species in controlled pot conditions (methods described in chapter 4). For fine roots
(< 1 mm diameter) I measured mean diameter, specific root area (SRA - root surface
area per unit dry mass), root dry matter content (RDMC - root dry mass per unit fresh
mass), and for entire root systems 1 quantified a root biomass depth distribution
coefficient ('B' from Gale & Grigal (1987), where high values indicate high root
biomass allocated deeper in the soil). For the remaining 62 species, these root traits
were predicted from multiple linear regression models based on the 14 most abundant
species, with each root trait predicted from a range of trahs which were measured for
all species at the field sites.
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Calculation of diversity/trait indices
In November 2005, the abundance of all 76 species in each 1 m^ plot was determined
by visually estimating their projected green foliage cover. From this data I calculated
species richness, Simpson's evenness, and Simpson's diversity (Magurran 2004). I
calculated functional group richness in each plot by applying commonly used
functional groupings to each species (functional groups = C3 grass, C4 grass, forb,
legume, woody, other) (Wright et al. 2006). I quantified functional diversity using 4
indices: FD (Petchey and Gaston 2002), FRO (Mouillot et al. 2004), FDvar (Mason et
al. 2003), and FDQ (Botta-Dukat 2005, Ricotta 2005). Calculation of all functional
trait diversity indices were applied to single traits only, with no trait combinations
examined.

The FRO index was calculated as described by Mouillot et al. (2004), being applied to
each of the 13 continuous traits quantified. To calculate FD, I applied the procedure
described by Petchey and Gaston (2002, 2006) to all continuous traits. All traits were
standardised (mean = 0, variance = 1), the euclidean distances between species
calculated, and hierarchical clustering (average method) applied. FDvar was calculated
as described by Mason et al. (2003), with data for all traits transformed so that trait
values were >0 (by adding the lowest integer needed to achieve this). This was
required due to the log function in the FDvar calculations. For categorical trait data,
binary traits were given arbitrary values (1,2) while nominal traits (>2 categories)
were not included. For the trait 'green leaf height distribution', I applied the FDvar
functional divergence procedure of Mason et al. (2005). To calculate FDQ (BottaDukat 2005, Ricotta 2005), pairwise species distances were determined for all traits
using Gower's distance (Gower 1971, Podani 1999), with the exception of the green

140

leaf height distribution, for which I determined the overlap between species pairs
ranging from 0 (fully overlapping canopies) to 1 (no overlap). To examine whether
trait values rather than trait diversity influenced variation in ecosystem processes, I
calculated mean trait values (Gamier et al. 2004) for all continuous variable traits.

Quantifying variation in ecosystem processes
Three aspects of variation in ecosystem processes over a single year were examined in
this study: spatial variation, temporal variation, and spatiotemporal variation. Spatial
variation for each plot was quantified by calculating the variation between replicate
measurements within a sampling date, then averaging across all sampling dates to gain
a measure of the mean spatial variation over the year-long study period. Temporal
variation for each plot was quantified by calculating the mean level of ecosystem
process at each sampling date, then determining the degree of variation between the
means for each sampling date. Spatiotemporal variation for each plot was quantified
as the total variation across all replicate measurements taken at all sampling dates. I
applied the coefficient of variation (CV) to quantify variability for most ecosystem
processes, however, in the few cases where the there was no relationship between the
mean and the variance, I quantified variability by using the standard deviation (SD)
(Morin and McGrady-Steed 2004).

I examined variation in three biomass pools: shoot, root, and litter biomass. At each
sampling date (December 2004, then March, July and November 2005), community
shoot and litter biomass was harvested in four 0.25 x 0.25 m quadrats located
randomly along the outside of two adjacent sides of each study plot, with sampling
quadrats placed in different locations at each sampling date. Root biomass was
sampled at one date only (November 2005) by taking four soil cores (37 mm
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diameter) to the maximum soil depth, with core positions located randomly along the
outside of two adjacent sides of each study plot. Root biomass was obtained by
sieving the soil samples with water through a 1 mm mesh. All biomass harvested was
dried at 80°C for 3 days, then dry mass determined.

Variation in litter decomposition rate was determined using 0.7 mm mesh bags
containing 1 g of dried, cut, homogenised Themeda australis leaves (a common C4
grass), with the mass loss of four bags at each plot measured over a 70 day period,
four times over the year (summer, autumn, winter, spring). To quantify variation in
soil moisture content, I established one access tube (60 mm diameter PVC tube
inserted vertically) to maximum soil depth in the centre of each plot at the
commencement of the study (November 2004). Volumetric soil moisture content (%
H2O) for each plot was determined 29 times over the year-long study period using a
frequency domain reflectometry probe (Sentek Diviner2000) in the pre-established
access tubes, and the temporal variation in soil moisture content for the top 20 cm of
soil at each plot determined. The proportion of ambient photosynthetically active
radiation (PAR) intercepted by the plant canopy was quantified four times over the
study period (January, April, August and November 2005) using a LI-COR Quantum
(TI-185A) with PAR meter. Eight replicate measures were taken on each sampling
date at each plot, with all measures taken between 12pm and 2pm on cloudless days.

I measured a range of other variables at each plot four times over the year-long study
period (summer, autumn, winter, spring), including soil temperature (25 mm below
the surface), air temperature difference (below the canopy relative to above the
canopy), relative air humidity difference (below the canopy relative to above the
canopy). I also quantified maximum soil depth (from the 4 root biomass cores and the
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soil moisture access tube), relative stone volume (stone volume/total soil volume,
from the root biomass cores), and visually estimated total community green shoot
cover (projected foliage cover), total non-green shoot cover, total shoot cover (= green
+ non-green cover), and proportion of bare ground in each study plot. At the site level,
I calculated heat load from slope and aspect (McCune and Dylan 2002), and
determined soil nutrient status (total N, extractable P and K).

Statistical analyses
I examined correlations (Pearson's r) between the diversity/trait indices and each
measure of variation in the 6 ecosystem processes. For the trait-based indices, I
identified all traits which could potentially influence each ecosystem process, then
examined the correlations for each diversity/trait index using each of the selected
traits. This approach generated many correlation coefficients for each measure of
variation in an ecosystem process, and was necessary due to the scarcity of reliable
information on which trait was likely to be the most important in influencing variation
in each of the ecosystem processes. As multiple correlation tests were performed for
each measure of variability in ecosystem processes, I corrected for the increased
probability of finding significant correlations by applying a false discovery rate (FDR)
approach. Specifically, I calculated ^-values (analogous to P-values) using the
approach of Storey (2002) applying the smoother method proposed by Storey and
Tibshirani (2003).

To explore possible causal relationships between diversity/trait indices and variation
in the 6 ecosystem processes, I constructed and applied structural equation models
(SEM's), including a range of co-varying factors that were significantly correlated
with variation in each ecosystem process (models presented in Appendix 3). Models
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were refined by omitting co-varying factors whose regression weights within the SEM
were not significant, and expert knowledge was apphed by hypothesising relationships
between variables and testing those preliminary models. The utility of each SEM was
assessed through a number of measures, including the power of a model to explain
variation in the relevant ecosystem process (r^), measures of model significance and
fit (chi-square, AIC - Akaike Information Criterion), and the strength and significance
of the diversity/trait variable within the model (significance of standardised regression
weights).

In all analyses, variables were logio transformed where necessary to avoid nonconstant error variance and to achieve multivariate normality (an assumption of SEM).
Data analyses were performed using Genstat

ed. (Lawes Agricultural Trust), PC-

ORD (McCune & Mefford) and AMOS 7.0 (Arbuckle).

RESULTS
Traditional measures of diversity (species richness, evenness, Simpson's diversity,
fianctional group richness) were weakly correlated with variation in ecosystem
processes, with none found to be significant. In contrast, some of the newer functional
diversity indices (FRO, FD, FDQ, FDvar) and mean trait values were significantly
correlated with variation in a number of the ecosystem processes measured (Fig.
1 A,B; correlations given in Appendix 4). Variation in ecosystem processes was both
positively and negatively correlated with trait based functional diversity measures and
mean trait values (Fig. 1A,B).
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Figure lA. Correlations (Pearson's r) between diversity/trait indices and three forms
of variation in ecosystem processes (spatial, temporal, spatiotemporal) for the
ecosystem processes of litter decomposition, light interception, and soil moisture.
Vertical grey lines represent critical values (P = 0.05) for single test correlations,
while black circles represent correlations found to be significant (q < 0.05) through
multi-test correction of P-values. Significant traits for each diversity/trait index are
indicated, with traits being: G (green leaf height distribution); L (LDMC); LS (leaf
size); LW (leaf weight ratio); N (N-fixation); PP (photosynthetic pathway); PS (plant
size); SL (SLA).
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Figure IB. Correlations (Pearson's r) between diversity/trait indices and three forms
of variation in ecosystem process (spatial, temporal, spatiotemporal) for the ecosystem
processes of shoot, root, and litter biomass. Vertical grey lines represent critical values
{P = 0.05) for single test correlations, while black circles represent correlations found
to be significant {q < 0.05) through multi-test correction of P-values, (see Fig. 1A for
trait code)
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The mean trait values of LDMC and SLA were significantly correlated with variation
in litter decomposition rate, light interception, shoot and litter biomass, while the
functional diversity of these two traits was significantly correlated with light
interception and shoot biomass (Fig. 1 A,B). Other traits commonly identified as
important in influencing variation in ecosystem processes were plant size, leaf size,
green leaf height distribution, and photosynthetic pathway (Fig. 1A,B). Of the trait
based functional diversity indices, FDVAR and FDQ were most frequently correlated
with variation in ecosystem processes (Fig. 1 A,B).

Traits whose diversity or value were significantly correlated with spatial variation in
ecosystem processes tended to be different to those that were significantly correlated
with temporal variation (Fig. 1 A,B). For example, spatial variation in shoot biomass
was significantly related to functional diversity (FDvar) and mean trait value of SLA
(Fig. 2A,C), however the temporal variation in shoot biomass was not significantly
related to these attributes (Fig. 2E,G). In contrast, temporal variation in shoot biomass
was significantly related to the functional diversity (FDvar) of green leaf height
distribution and mean trait value of leaf size (Fig. 2F,H), however the spatial variation
in shoot biomass was not significantly related to these attributes (Fig. 2B,D).

The vast majority of the structural equation models (SEM's) developed to examine
mechanistic relations between diversity/trait indices and variation in ecosystem
processes were significant (note P > 0.05 indicates significance for SEM's) (Table 1),
as were the standardised regression weights for the diversity/trait indices (Table 1).
Although the AIC values were consistently lower when no diversity/trait index was
included in the SEM's (indicating better models), inclusion of the diversity/trait
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indices often generated large increases in the amount of variation explained for each
ecosystem process (Table 1).

The diversity/trait indices were often related in different ways to variation in
ecosystem processes within the SEM's (see Appendix 3). I present an example of this,
with the spatial variation in light interception being influenced directly by spatial
variation in shoot biomass and mean shoot biomass (Fig. 3). In this example, some
diversity/trait indices influence mean shoot biomass (FDvar for green leaf height
distributions and mean trait values for leaf size and plant size) (Fig. 3A), others
influence spatial variation in shoot biomass (FDvar for SLA and mean trait values for
SLA and LDMC) (Fig. 3B), while FRO for SLA directly influenced spatial variation
in light interception through some unmeasured mechanism (Fig. 3C).
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Figure 2. Spatial (A, B, C, D) and temporal (E, F, G, H) variation in shoot biomass
as a function of FDvar (SL), FDvar (G), mean trait value (SL), and mean trait value
(LS). Significant linear regression relationships are shown (Panels A-F< 0.001, r^ =
0.256; C - F < 0.001, r^ = 0.348; F - P < 0.001, r^ = 0.330; H - P < 0.001, P =
0.238). (see Fig. 1A for trait code)
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3

Table 1. Summary of structural equation models relating spatial, temporal, or
spatiotemporal variation in a number of ecosystem processes to each diversity/trait
index with which they were significantly correlated (Fig. 1 A,B), as well as a range of
biotic/abiotic variables (full models presented in Appendix 3).
structural Equation Models
Diversity/Trait Index

Ecosystem Process
Litter Decomposition

Light Interception

Soil Moisture

Shoot Biomass

Litter Biomass

Chidf
Square

P

AlC

EP

SRW
(DTI)

Model
Used'

- Temporal Variation

Mean Trait Value (L)
Mean Trait Value (SL)
None

2.435
0.018

1 C.119
1 0.894
0

12.435
10.018
6.000

0.302
0.432
0.121

'"-0.490
* " 0.551

1
1
'1

- Spatiotemp. Variation

Mean Trait Value (L)
None

5.852
0.881

5 0.321
2 0.644

25.852
16.881

0.975
0.977

*"-0.490

2
»2

- Spatial Variation

FRO (SL)
FD.., ( G )
FD.ar (SL)
Mean Trait
Mean Trait
Mean Trait
Mean Trait
None

3.334
4.179
3.592
3.034
10.366
1.524
1.947

2
2
2
2
2
2
2
0

0.189
0.124
0.166
0.219
0.006
0.467
0.378

19.334
20.179
19.592
19.034
26.366
17.524
17.947
12.000

0.477
0.407
0.389
0.382
0.366
0.407
0.407
0.407

*** 0.380
*** 0.598
" * 0.475
"'-0.558
' " 0.531

3
4
5
5
5
4
4
"5

Value
Value
Value
Value

(SL)
(L)
(LS)
(PS)

...

- Temporal Variation

FDQ (LS)
FDq (PS)
FD.a,(N)
Mean Trait Value (L)
Mean Trait Value (SL)
None

2.777
1.722
1.583
3.115
2.253

2
2
2
2
2
0

0.249
0.423
0.453
0.211
0.324

18.777
17.722
17.583
19.115
18.253
12.000

0.572
0.507
0.424
0.434
0.436
0.439

• " 0.398
"0.313
" ' 0.443
•-0.306
' 0.284

6
6
7
8
7
'6

- Spatiotemp. Variation

Mean Trait Value (SL)
FDQ ( G )
FD.., ( G )
Mean Trait Value (LS)
Mean Trait Value (PS)
None

10.093
11.434
8.491
9.935
8.607
3.998

7
7
7
7
7
3

0.183
0.121
0.291
0.192
0.282
0.262

38.093
39.434
36.491
37.935
36.607
27.998

0.975
0.977
0.977
0.977
0.977
0.977

0.377
* " 0.483
" * 0.598
" * 0.592

9
10
10
10
10

•io

- Temporal Variation

FRO (LW)
FD (LW)
None

10.245
8.225
11.192

5 0.069
5 0.144
3 0.011

30.245
28.225
25.192

0.437 " ' - 0 . 4 0 6
0.469 " ' - 0 . 3 9 2
0.331

11
11
"11

- Spatial Variation

FDQ (PP)
FD.„(PP)
FD.., (SL)
Mean Trait Value (SL)
Mean Trait Value (L)
None

2.484
2.416
1.950
6.778
0.931
0.001

3
3
2
3
2
1

0.478
0.491
0.377
0.079
0.628
0.971

16.484
16.416
17.950
20.778
16.931
10.001

0.421 " ' - 0 . 3 9 9
0.417 " ' - 0 . 3 9 3
0.413
" 0.381
0.429 ' " - 0 . 4 9 2
0.475 • " 0.468
0.320

12
12
13
12
14
"12

- Temporal Variation

FD.., ( G )
Mean Trait Value (LS)
Mean Trait Value (PS)
None

3.849
7.815
4.889
0.882

2
3
3
1

0.146
0.050
0.180
0.348

19.849
21.815
18.889
10.882

0.747 " '
0.716 ' "
0.716 ' "
0.716

0.598
0.711
0.592

15
16
16
'15

- Spatiotemp. Variation

FRO (PS)
FD(L)
FDQ (L)
FDQ (PP))
FD..,(L)
F D . „ (PP)
Mean Trait Value (SL)
None

3.682
0.645
1.156
13.930
3.022
13.894
13.275
5.346

3
2
2
8
1
8
9
3

0.298
0.724
0.561
0.084
0.082
0.085
0.151
0.148

7.681
16.645
17.156
39.930
13.022
39.894
37.275
19.346

0.293
•-0.310
0.383 " ' 0.405
0.343
" 0.379
0.860 " • - 0 . 3 9 9
0.276 " ' 0.421
0.860 " ' - 0 . 3 9 3
0.840 " ' - 0 . 4 9 2
0.276

17
18
18
19
20
19
21
22

- Spatial Variation

Mean Trait Value (SL)
Mean Trait Value (L)
None

3.863
6.154
2.032

2 0.145
3 0.104
1 0.154

19.863
20.154
12.032

0.218
0.180
0.180

23
24
'23

... Q

J^^

•"-0.601
' " 0.588

r^ EP = proportion of variance in the ecosystem process explained by the SEM (note: P>0.05 indicates a significant
model),
SRW (DTI) = standardised regression weight leading from the diversity/trait index,
$ = see Appendix 3
" ' P < 0 . 0 0 1 , " P < 0 . 0 1 , *P<0.05, ns = P>0.05,
# = diversity/trait index removed,
FD = Functional diversity (Petchey and Gaston 2002),
FDQ = Rao's quadratic entropy (Botta-Dukat 2005, Ricotta 2005),
F D , „ = functional diversity index (Mason et al. 2003),
FRO = functional regularity index (Mouillot et al. 2004),
See Fig. 1A for trait code.
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Figure 3. Structural equation models derived to explain spatial variation in light
interception, where the relevant diversity/trait indices are: FDvar (G), mean trait value
(LS), mean trait value (PS) for A (model 4); FDvar (SL), mean trait value (SL), mean
trait value (L) for B (model 5), and; FRO (SL) for C (model 3). (see Fig. 1A for trait
code)

DISCUSSION
Diversity/trait indices related to variation in ecosystem processes
Contrary to previous empirical research (e.g. McGrady-Steed et al. 1997, Caldeira et
al. 2005, Steiner 2005, Tilman et al. 2006), I did not observe significant correlations
between species richness and variation in ecosystem processes in the native grassland
I studied (Fig. 1A,B). The lack of significant correlations for species richness
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contradicts predictions that variability in aggregate community measures should
generally decrease with richness due to statistical averaging (Doak et al. 1998).
Correlations were also non-significant between variation in ecosystem processes and
other basic measures of diversity, including evenness, Simpson's diversity, and
functional group richness (Fig. 1 A , B ) .

In contrast, I found significant correlations between trait based diversity indices (FRO,
FD, FDQ, FDVAR) and variation in ecosystem processes (Fig. 1 A , B ) , suggesting that
functional diversity may be more important than species richness in influencing the
temporal and spatial variability of ecosystem processes. Of the trait based functional
diversity indices I applied, FDVAR and FDQ were most frequently correlated with
variation in ecosystem processes, highlighting the utility of such diversity indices,
which are derived from both the functional traits of species and their relative
abundances (Ricotta 2005).

Variation in four of the ecosystem processes was also significantly correlated with
mean trait values, indicating that the functional identity of species (particularly the
dominant species) can have large effects on ecosystem variability (Fig. 1 A,B), as
suggested by Wardle et al. (2000). The two key trait based functional diversity indices
I identified (FDVAR and FDQ), and the mean trait value index, all weight the functional
traits of species by their abundance, and are overwhelmingly determined by the traits
of the most abundant species in a community. The evidence I present therefore
supports the mass ratio hypothesis of Grime ( 1 9 9 8 ) , which postulates that ecosystem
processes are determined largely by the fianctional traits of the dominant species in a
community. The logical implications of my results are that species loss per se may not
have significant effects on the variability of ecosystem processes, and that the
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functional identity and functional diversity of the dominant species is of much greater
importance.

The diversity and identity of a number of functional traits was found to be of
particular importance in influencing variation in ecosystem processes. Most notable
were the linked leaf traits of LDMC and SLA, whose functional diversity and/or mean
trait values were significantly correlated with variation in many of the ecosystem
processes I examined (Fig. 1A,B)- LDMC and SLA were negatively correlated
(r = -0.633, P < 0.001) (see also A1 Haj Khaled et al. (2005)), and both these traits
have been identified as influential for a number of key plant functions, including
relative growth rate, leaf life-span, stress tolerance and resistance to herbivory
(Westoby 1998, Diaz et al. 2004, Wright et al. 2005). My findings regarding the
importance of SLA and LDMC for the variabihty of ecosystem processes such as litter
decomposition, light interception, shoot biomass and litter biomass (Fig. 1A,B), are
therefore congruent with established dogma on key plant functional traits.

A number of other functional traits were found to influence variation in ecosystem
processes, such as plant size and leaf size, whose diversity and mean trait values were
significantly correlated with variation in shoot biomass and light interception. Plant
size and leaf size were positively correlated in the species I examined (r = 0.599, P <
0.001), and have been previously identified as important traits in determining both
light interception and vegetation biomass (Westoby 1998, Diaz et al. 2004).
Functional diversity in the trait of green leaf height distribution was also important for
shoot biomass and light interception, and is likely to act in a similar way to plant size
and leaf size (Table 1).
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Contrasting spatial and temporal variation in ecosystem

processes

A novel aspect of this study involved examination of temporal, spatial, and
spatiotemporal variation in ecosystem processes. Temporal variation was measured
over an entire year to encompass all seasons, with the variability of temperature and
precipitation over that period providing a diversity of growing conditions, and
generating marked differences in ecosystem processes over time. I observed clear
contrast between traits which were important for temporal versus spatial variation in
ecosystem processes (Fig. 1 A,B). For example, spatial variation in shoot biomass was
significantly related to functional diversity (FDvar) and mean trait value of SLA (Fig.
2A,C), however, the temporal variation in shoot biomass was not significantly related
to either of these attributes (Fig. 2E,G). In contrast, 1 observed that temporal variation
in shoot biomass was significantly related to the functional diversity

(FDvar)

of green

leaf height distribution and mean trait value of leaf size (Fig. 2F,H), however neither
of these attributes were significantly related to spatial variation in shoot biomass (Fig.
2B,D).

The major implication of this comparison is that different functional traits are
important in influencing different aspects of variation in ecosystem processes. Hence,
those community attributes which contribute to increased spatial variation of an
ecosystem process may have either no effect or a negative effect on temporal variation
in that ecosystem process. Different plant traits (and their diversity) may therefore be
important in generating both the spatial and temporal variation in biotic and abiotic
conditions which promote diversity within higher trophic groups (Benton et al. 2003,
Tews et al. 2004).
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In general I found the combined measure of spatiotemporal variation in ecosystem
processes to provide little insight additional to the individual measures of spatial and
temporal variation. The diversity/value of traits that were significantly correlated with
spatiotemporal variation in ecosystem processes were generally related in a similar
way to either spatial variation or temporal variation (Fig. 1 A,B)- This finding makes
intuitive sense, as spatiotemporal variation is by definition a combination of spatial
and temporal variation. The diversity or value of very few traits were significantly
correlated with the spatiotemporal variation in an ecosystem process but not either
spatial or temporal variation individually (Fig. 1A,B)-

Ecological mechanisms underlying variation in ecosystem processes
Empirical studies have generally found negative relationships between species
richness and variation in ecosystem processes (McGrady-Steed et al. 1997, Caldeira et
al. 2005, Steiner 2005, Tilman et al. 2006). In contrast, I observed both positive and
negative effects of functional diversity on temporal and spatial variation in ecosystem
processes (Fig. 1A,B). Negative relationships between functional diversity and
variation in ecosystem processes fit with established mechanisms whereby variation is
smoothed out as diversity increases due to statistical averaging and mean-variance rescaling (Cottingham et al. 2001). A greater level of functional diversity would indicate
reduced covariance between species with regard to resource use and physiological
functioning, hence greater effects of statistical averaging (at least for temporal
variation).

Positive relationships between functional diversity and variation in ecosystem
processes are more difficult to understand using established mechanistic frameworks.
I suggest that functional diversity may increase temporal variation in ecosystem
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processes, because increases in functional diversity are equivalent to decreases in
functional redundancy, with theory linking low redundancy to increased temporal
variation in ecosystem processes (Walker et al. 1999, Fonseca and Ganade 2001). It is
less clear how functional diversity should be mechanistically related to spatial
variation in ecosystem processes. The scale at which spatial variation is measured will
obviously be important in deriving mechanistic relations with diversity, and the
potential exists for significantly different relationships dependent on the scale of
measurement (Chase and Leibold 2002, Valone and Hoffman 2003). At small spatial
scales, variation in ecosystem processes may be greater in more functionally diverse
communities, as neighbouring species are more likely to be functionally unique. This
effect should become less pronounced as the spatial scale increases, with small scale
variation being evened out.

I examined underlying mechanisms for how variation in ecosystem processes was
influenced by community diversity and trait attributes, and other co-varying factors,
by developing structural equation models (SEM's). The majority of SEM's developed
were significant (P > 0.05), as were the regression weights of diversity/trait indices
within the SEM's, indicating that my models were generally appropriate in explaining
variation in ecosystem processes (Table 1). SEM's containing the diversity/trait
indices generally explained more of the variance (higher r^) compared to models
where no diversity/trait index was included (Table 1), suggesting that aspects of the
diversity and composition of communities play an important role in influencing
variation in ecosystem processes, even when co-varying factors are considered.

Interestingly, diversity/trait indices were often related in different ways to variation in
the ecosystem processes examined. For example, the spatial variation in light
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interception was most directly influenced by spatial variation in shoot biomass, as
well as mean shoot biomass (Fig. 3). However, the diversity/trait indices influenced
these two variables in different ways. The functional diversity (FDyar) of green leaf
height distributions and mean trait values for leaf size and plant size influenced the
spatial variation in light interception through their effects on mean shoot biomass (Fig.
3A). In contrast, the functional diversity (FDvar) of SLA and mean trait values for SLA
and LDMC influenced spatial variation in light interception by their effects on spatial
variation in shoot biomass (Fig. 3B). The FRO index for SLA did not influence either
mean shoot biomass or spatial variation in shoot biomass, but rather directly
influenced spatial variation in light interception through some unmeasured mechanism
(Fig. 3C). Similar variations in causal relations were also found for other ecosystem
processes (Table 1, Appendix 3).

In summary, I found little evidence for effects of species richness on variation in the
ecosystem processes quantified. In contrast, my results suggest that the functional
diversity and identity of the dominant species has the greatest influence on temporal
and spatial variation in ecosystem processes, supporting Grime's (1998) mass ratio
hypothesis. The SEM's I derived present a direct approach at understanding how
aspects of community diversity and composition interact with other biotic/abiotic
factors to alter the variability of ecosystem processes.
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Chapter 8
Effects of spatial aggregation on competition, complementarity and
resource use*

ABSTRACT
The spatial distributions of most species are aggregated to varying degrees. A limited
number of studies have examined the effects of spatial aggregation on interspecific
and intraspecific interactions, generally finding that spatial aggregation can enhance
coexistence between species by reducing the capacity for interspecific competition.
Less well studied are the effects of spatial aggregation on complementarity (i.e.
differences in resource use strategies) and resource use. Our primary hypothesis was
that spatial aggregation reduces the complementarity between species due to: (1) less
interspecific interactions as a result of spatial separation, and; (2) less differences
between species as a result of phenotypic plasticity. I further postulate that these
negative effects of spatial aggregation on complementarity will reduce resource use by
the community. Here I test these hypotheses in a pot experiment in which I applied 3
levels of spatial aggregation to 3 sets of 2-species mixtures of herbaceous perennial
plant species from native grasslands of SE Australia. Both root and shoot biomass
were significantly affected by spatial aggregation, although the nature of these affects
depended upon the species involved, and the relative strengths of interspecific vs
intraspecific competition. Complementarity between species in the distribution of their
green leaves decreased significantly as spatial aggregation increased for one of the
species mixtures, providing some evidence in support of our hypothesis that
aggregation reduces complementarity through phenotypic plasticity. Spatial
aggregation also ahered light interception and use of soil moisture resources, although
* This chapter published as: Mol<any, K., Ash, J., and Roxburgh, S. (2007) Effects of spatial
aggregation on competition, complementarity and resource use. Austral Ecology (in press).
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these effects were dependent on the species involved. I suggest that clear effects of
spatial aggregation on complementarity and resource use may be obscured by the
idiosyncratic way in which neighbour identity influences plant growth and hence plant
size, limiting the ability to generalise, at the community level, any underlying effects
of spatial pattern on ecological process.

INTRODUCTION
The way in which individuals of a species are spatially distributed has long been a
focus of ecological research (Harper 1961, Turner 1989). Rather than being randomly
or uniformly distributed, the distributions of most species are aggregated at one or
more spatial scales (Herben et al. 2000). Aggregated spatial distributions have been
observed for many animal species (e.g. Perry 1995, Veech et al. 2003, Bourque and
Desrochers 2006), although spatial aggregation has more often been studied and
observed in plant species, due to their sessile nature (e.g. Rees 1996, Law et al. 1997,
Watkinson et al. 2000).

Intraspecific spatial aggregation may be generated by a number of mechanisms. Most
obviously, the distribution of a species may be aggregated in places where the
resources and environmental conditions are most beneficial for growth and
reproduction. However, endogenous factors may also be important in generating
intraspecific aggregation, including limited dispersal of propagules/offspring, clonal
growth and sociality (Rees et al. 1996, Stoll and Prati 2001). Disentangling these
endogenous and exogenous drivers of spatial aggregation in natural communities
remains elusive.
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Although the aggregated distributions of many species have been well documented,
there has been less attention given to the possible effects of spatial aggregation on
ecological processes. One of the most significant potential effects of spatial
aggregation on communities is thought to be the promotion of coexistence between
species. Where two competing species in a community are aggregated in different
spatial areas, the amount of interspecific interactions is reduced, while intraspecific
interactions increase (Murrell et al. 2001, Lenssen et al. 2005). Spatial aggregation
may therefore limit the negative effects of a competitively superior species on inferior
species, allowing the inferior species to survive and persist in the community. This
effect has indeed been observed in a number of empirical studies (Schmidt 1981,
Bergelson 1990, Rees et al. 1996, Stoll and Prati 2001, Monzeglio and Stoll 2005).
Hence, spatial aggregation of species distributions can facilitate the coexistence of
species, and may therefore result in the maintenance of higher levels of biodiversity
(Bergelson 1990, Monzeglio and Stoll 2005).

Empirical studies have indicated that spatial aggregation can influence the outcome of
competition between species (Rejmanek 2002), however, many important questions
remain unanswered. Key among these are whether spatial aggregation influences
resource use strategies, the degree of complementarity between species (i.e.
differences in resource use strategies (Petchey 2003)), and subsequent resource use by
the community (Schmid et al. 2002, Simioni et al. 2003, Maestre et al. 2005).

Recent research has found that biodiversity can have significant effects on ecosystem
processes (Hooper et al. 2005). One of the main mechanisms proposed to explain
these effects is that biodiversity increases the degree of complementary resource use
between species (Naeem et al. 1994, Hector 1998). Although the attention given to the
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effects of biodiversity on ecosystem processes is warranted, the potential for other
attributes of a community to influence the complementarity between species has
received less interest, despite the likelihood of significant effects on ecosystem
processes (e.g. Dimitrakopoulos and Schmid 2004). The spatial distribution of species
in a community may be one of the more important factors that influence the
complementarity between species, and therefore ecosystem processes.

The major hypothesis I set out to test was that increasing intraspecific spatial
aggregation reduces the level of interspecific interactions, leading to a reduction in
complementarity between species and hence reduced total resource use. I postulate
that as spatial aggregation increases, complementarity may be reduced in two ways.
First, the potential for any differences between species in resource uptake strategies to
be expressed through resource use may be reduced by having less interaction space
between species as spatial aggregation increases. As interspecific interactions are only
possible at the edges of monospecific patches, and the patch edge relative to patch
area decreases as patch size increases, we would expect a decrease in the capacity for
complementary resource use with increasing patch area (De Boeck et al. 2006).
Second, reduced pressure to partition resources between species may result in more
similar morphologies and resource uptake strategies (less differences between species)
due to phenotypic plasticity (Stoll and Weiner 2000). This would be equivalent to
species altering their realised niche, dependent on the level of interspecific interaction
(Giller 1984).

I examined this hypothesis in a pot experiment where three levels of spatial
aggregation were applied to two-species mixtures from a pool of three perennial
herbaceous plant species common in native grasslands of SE Australia. The specific
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objectives of this study were to examine whether: (1) above and below ground
attributes of species were influenced by spatial aggregation; (2) use of light and soil
moisture were influenced by spatial aggregation; (3) complementarity in resource
acquisition was influenced by spatial aggregation; (4) plant attributes and ecosystem
processes varied between the edges and centre of patches, and; (5) the trends observed
varied when different species were competing.

METHODS
Experimental design
I investigated the effects of intraspecific aggregation in an experiment conducted
outdoors (at The Australian National University, Canberra, Australia) in large 'pots',
with three perennial species common and abundant in native grasslands of SE
Australia. Species were chosen to represent different growth forms: large tussock,
small tussock, and basal rosette. Austrodanthonia caespitosa (Gaud.) H.P. Linder is a
native C3 grass which forms small tussocks (leaves up to 20 cm high), Themeda
australis (R.Br.) Stapf is a native C4 grass forming larger tussocks (leaves up to 35
cm high), while Hypochaeris radicata L. is an exotic broadleaf species forming flat
basal rosettes (leaves up to 10 cm high). Boih Austrodanthonia caespitosa and
Themeda australis have fibrous root systems while Hypochaeris radicata generally
has a small number of thick tap-roots. Hereafter I use the genus name for each species.

Two factors were manipulated in this study: the degree of spatial aggregation and the
identities of competing plant species. Three spatial aggregation treatments were
applied in a checkerboard design to mixtures of two species from the pool of three
species, with all species combinations applied (i.e. A\H, H\T, AvT) (Fig. 1). The
aggregation treatments were: low (1 plant per patch); intermediate (4 plants per
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patch), and; high (24 plants per patch) (Fig. 1). Monocuhures (48 plants per patch) of
each species were also applied, and may be considered as the greatest level of spatial
aggregation possible. Each spatial aggregation treatment for each species combination
treatment was replicated five times, as were the monocultures. The soil surface of
each pot (40 cm x 30 cm) was divided equally into 48 squares (5 cm x 5 cm), with a
single plant being planted in the centre of each 5 cm square based on the spatial
aggregation treatments (Fig. 1). This density of plants is typical in the grassland from
which the species were collected (pers. obs.). Hypochaeris was propagated from seed
and seedlings planted, while live plants for the two native grass species were collected
from a single grassland site, their roots washed free of soil, and ramets of similar size
planted.

B

Figure 1. The experimental design, with spatial treatments: (A) low aggregation; (B)
intermediate aggregation; (C) high aggregation, and; (D) monoculture. Each treatment
is 30 X 40 cm, and the positions of plants of each of 2 species are indicated by either
grey or white squares (5 cm x 5 cm). Black squares indicate the 6cm diameter PVC
pipe used for measuring soil moisture.
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Pots consisted of plant bags (200 |im UV resistant plastic) abutted against each other
in two rows of 30 pots each, within a solid superstructure of fibro-cement sheets (Figs.
2,3). Pots were 40 cm x 30 cm wide, filled to 70 cm depth with a sandy loam soil
mixture (60% sand, 40% sieved loam), with drainage holes at the base of each pot.
Pots of this size are likely to generate soil moisture regimes typical of field soils. To
measure soil moisture throughout the soil profile, vertical PVC tubes (60 mm
diameter) were inserted to the base of each pot at set locations within each pot (Fig.
1). The location of the 12 treatments (species combination x spatial aggregation) was
randomised within each of five blocks, with two and a half blocks per row in the
experimental set up.

All species were planted out in the appropriate experimental treatments in August
2005, with the experiment terminated and plants harvested in February 2006. Over
this time, pots were watered at a moderate level to supplement natural rainfall (twice
weekly during warmer months), and the few weeds that emerged were removed. All
reported measurements were taken in late January and February 2006.

Quantifying ecosystem processes
The intensity of Photosynthetically Active Radiation (PAR) intercepted by the plant
canopy was determined by measuring PAR above the canopy and below the canopy
(15 mm above the soil surface) with a LI-COR Quantum (LI-185A) with PAR meter.
PAR was measured at both the edge of patches (for low, intermediate, and high
aggregation treatments) and within patches (for intermediate and high aggregation,
and monoculture treatments) for each spatial aggregation / species combination
treatment, with two replicate measurements taken per position (patch edge and within
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each patch) per pot, giving 10 rephcates per position per treatment. PAR
measurements were made between 1 lam and 1pm on a cloudless day.

Figure 2. The experimental structure
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Figure 3. Top view of one of the experimental 'pots', being a high aggregation
treatment including Hypochaeris and Austrodanthonia. The white pipes are the PVC
access tubes used for measuring soil moisture.
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To quantify effects of the spatial aggregation and species combination treatments on
soil moisture use, the soil in each pot was fully saturated and then left unwatered for a
12 day drying period. Over this time the mean maximum daily temperature was
31.9°C, and mean daily pan evaporation was 8.3 mm. Pots were covered for short
periods to exclude the small amount of rain that fell during this drying period.
Volumetric soil moisture content was estimated at 10 cm depth intervals throughout
the soil profile (depth 70 cm) using a frequency domain reflectometry probe (Sentek
Diviner2000) in the pre-established access tubes. This indicates the soil moisture
content within a radius of approximately 10 cm. The position of the access tubes with
regard to the species of plant it replaced (Fig. 1) in the low and intermediate
aggregation treatments was alternated randomly within treatments between the five
blocks. Measurements were taken at the commencement of drying, and then 2, 3, 4, 6,
8, 10, and 12 days after the commencement. In quantifying changes in soil moisture
over the drying period, data were first standardised by the soil moisture at the
commencement of the drying period (saturated), then the average soil moisture
content over the drying period calculated.

Quantifying plant biomass
Following the drying period in which soil moisture dynamics were measured, the
above and below ground biomass of each species in each spatial aggregation / species
combination treatment was quantified. The total above ground biomass was
determined for four plants per species per pot in the low and intermediate aggregation
and monoculture treatments. For one plant randomly selected from within these four,
biomass was harvested at each height interval above the soil surface (0-5, 5-10, 10-20,
20-40, 40-60, 60-80, 80-100 cm) and separated into green leaf and non-green biomass.
For each species in the high aggregation treatments, four plants were harvested from
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the row of plants at the edge of the patch ( l " row - where it abuts the other species),
three plants from the 2"'^ row, and four plants from the

row. From each row, one

plant was randomly selected and its biomass harvested at each height interval and
separated into green leaf and non-green leaf No plants growing at the edge of the pots
were harvested due to potential edge effects.

The root biomass was determined for two plants per species per pot in the low and
intermediate aggregation and monoculture treatments. For each species in the high
aggregation treatments, the root biomass of two plants were harvested from the row of
plants at the edge of the patch (where it abuts the other species), two plants from the
row of plants next to the edge, and two plants from the next row of plants. All root
systems harvested were randomly selected from plants that had their above ground
biomass harvested. For all plants where roots were harvested, the side of the pot was
exposed, the soil mixture washed clear from the roots with water, and the roots of the
target plants separated from all other plants. The root system of each plant was then
washed clean and its biomass separated into 10 cm depth intervals. All biomass
harvested was dried at 80°C for three days prior to weighing.

In order to quantify the complementarity in resource acquisition attributes between
species, a 'complementarity index' was calculated as the difference in the vertical
distributions of both green leaf biomass and root biomass between species. For both
green leaf biomass and root biomass, the proportion of biomass at each height (for
leaves) or depth (for roots) interval for each plant was determined. The difference
between the two species in a mixture with regard to the proportional distribution of
green leaf and root biomass with height or depth was then calculated, using the
complement of the niche overlap measure of Schoener (1970). Specifically, the
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complementarity index (CI) was calculated as: CI = '/2 E

\px,i - p y , i \ ,

where px.i and pyj

are the proportions of species x and ;; respectively in height or depth category i, with
the summation over all height or depth categories. The greater the complementarity
index, the more complementary two species are with regard to the distribution of their
green leaf or root biomass.

Statistical

analyses

Due to the unbalanced structure of crossed treatments in this study (i.e. some
combinations of aggregation treatment and species combination treatment are
impossible - e.g. a monoculture with two species present), I applied residual
maximum likelihood (REML) linear mixed models for the majority of my statistical
analyses (Genstat 7"' Ed.). For the biomass and plant attribute data, each of the three
species was analysed separately for each variate. The initial fixed model was the main
and interactive effects of aggregation treatment and the competing species, while the
random model included positional information of both the pot and the block. Where
significant effects were detected, the fixed model was simplified to include only
significant factors, and significantly different treatments identified through the
examination of the least significant difference. Model residuals were examined and
where necessary, data were transformed (log, square root, and cubic) to correct for
skewed distribution of residuals and non-constant error variance.

This analytical approach was applied consistently, with the primary factors in the
fixed model altered to include the position of measurement where appropriate. For
ecosystem variables and soil moisture data, each of the three species combinations
were analysed separately. All figures show actual mean values with bars indicating
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standard errors, however the statistical resuhs presented refer to modelled means
analysed by REML.

RESULTS
Biomass

measures

Effects of the spatial aggregation treatments on plant biomass varied between species
and species combinations. Austrodanthonia plant biomass (root + shoot) generally
increased from low to high spatial aggregation (Fig. 4A), although this tendency was
not significant (Wald (^^3,2 = 2.34, P = 0.071). The plant biomass for
Austrodanthonia was significantly greater when in monoculture than the mixture with
Hypochaeris

(fV2= 4.20, P = 0.015). Hypochaeris plant biomass tended to peak at

intermediate level of aggregation in both species mixtures (Fig. 4B). Plant biomass for
Hypochaeris was significantly lower in monoculture than at intermediate or high
aggregation {W^ = 2.99, P = 0.030) and both species mixture treatments {W2 = 5.93,
P = 0.003). There were non-significant tendencies for Themeda plant biomass to
increase from low to high aggregation when grown with Austrodanthonia but decrease
from low to high aggregation when grown with Hypochaeris

(Fig. 4C), and there was

significantly greater plant biomass for Themeda when grown in monoculture
compared to the other spatial aggregation (JV3 = 3.09, P = 0.026) or species
combination (^2 = 8.70, P < 0.001) treatments. The trends shown in the data for plant
biomass were similar for each of the three species when plant biomass was separated
into the root and shoot biomass components (data not shown).
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Examination of biomass within each patch in the high aggregation treatment revealed
the shoot biomass for Austrodanthonia when grown with Themeda decreased from the
edge of the patch to the centre {Ws = 4.38, P < 0.001) (Fig. 5 A). Shoot biomass of
Austrodanthonia at the edge of the high aggregation patch was significantly greater
when neighbouring a patch of Themeda than when neighbouring a patch of
Hypochaeris (JVs = 4.38, P < 0.001) (Fig. 5A). Regardless of the species in the
adjacent patch, shoot biomass for Hypochaeris in the high aggregation treatment
decreased significantly from the edge to the centre of the patch {W2 = 8.33, P < 0.001)
(Fig. 5B). Similar significant trends for Hypochaeris were also observed for both root
biomass ( ^ 2 = 3.98, P = 0.019) and total plant biomass (ff2= 4.08, P = 0.017). There
was a non-significant trend for shoot biomass of Themeda to be lower in the centre
than the edge of the high aggregation patch when grown with Austrodanthonia (W22 =
1.82, P = 0.161) (Fig. 5C). There was significantly less green leaf biomass (W2=3.33,
P = 0.036), and significantly larger root:shoot ratios {W2 = 3.02, P = 0.049) for
Themeda plants in the centre of the high aggregation patch compared to the edge.

The complementarity index for green leaf distribution decreased significantly as the
level of spatial aggregation increased for the mixture of Austrodanthonia and
Themeda

3.10, P = 0.045) (Fig. 6A). There were no significant effects of spatial

aggregation on the complementarity index for green leaf distribution for the mixtures
of Qithex Austrodanthonia andi Hypochaeris (^^2= 0.12, P = 0.885), or Hypochaeris
and Themeda {W2 = 0.42, P = 0.659) (Fig. 6A). There were no significant effects of
spatial aggregation on the complementarity index for root distribution for the mixtures
of Austrodanthonia and Hypochaeris (JV2= 0.48, P = 0.616), Hypochaeris and
Themeda (^2=0.72,
0.689) (Fig. 6B).
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P = 0.487), or Austrodanthonia and Themeda (ff2= 0.37, P =
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Ecosystem

processes

The proportion of light intercepted by the plant canopy increased significantly as
spatial aggregation increased for the mixture of Austrodanthonia and Hypochaeris
{W2 = 3.24, P = 0.039) (Fig. 7A). There were no significant effects of spatial
aggregation on light interception for the mixtures of Hypochaeris and Themeda (fV2 =
1.00, P = 0.369), or Austrodanthonia and Themeda {W2 = 0.34, P = 0.711) (Fig. 7A).

Mean soil moisture loss for the entire soil profile over the 12 day drying period was
not significantly affected by spatial aggregation for the mixtures Austrodanthonia
Hypochaeris ( f f i = 2.01, P = 0.134), Hypochaeris and Themeda {W2=0.1\,P

and

=

0.490), ox Austrodanthonia and Themeda ( ^ 2 = 1.55, P = 0.211) (Fig. 7B). However,
mean soil moisture loss decreased significantly with increasing spatial aggregation in
the mixture oi Austrodanthonia and Hypochaeris at a number of layers throughout the
soil profile, including 10-20 cm (^^2= 3.63, P = 0.026), 30-40 cm (^^2= 3.79, P =
0.023), and 40-50 cm (PF2= 3.29, P = 0.037) (data not shown). For the 0-10 cm layer
in the Hypochaeris and Themeda mixture, soil moisture was significantly lower at
intermediate aggregation than low aggregation (^^2= 3.01, P = 0.049).
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Figure 7. (A) Proportion of light (PAR) intercepted and (B) mean soil moisture loss
over a 12 day drying period, in each spatial aggregation treatment for species mixtures
Austrodanthonia and Hypochaeris (O), Hypochaeris and Themeda ( • ) , and
Austrodanthonia and Themeda (A). Different letters indicate significant (P < 0.05)
differences.
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DISCUSSION
Plant biomass
Spatial aggregation influenced plant biomass attributes for each of the three species
examined in this study, however, the nature of these effects depended on the identity
of both the target and neighbouring species. The response of plant biomass to different
levels of spatial aggregation highlights the importance of spatial aggregation in
modulating the relative intensity of intraspecific and interspecific competition.

For Austrodanthonia, plant biomass tended to increase with increasing spatial
aggregation, being greatest when in monoculture (Fig. 4A). This result indicates that
Austrodanthonia (with its sparse short canopy) is sensitive to interspecific
competition, and that as aggregation increases, the level of interspecific competition
decreases, allowing greater plant growth. Supporting this notion is theoretical and
empirical evidence from previous studies, which suggests that weaker competitors
benefit from increased spatial aggregation (Silvertovm and Wilson 2000, Stoll and
Prati 2001).

The relative effects of interspecific and intraspecific competition were also seen to be
important in the response of Hypochaeris to aggregation. Hypochaeris produced
significantly less plant biomass in monoculture than in either species mixture,
indicating high levels of intraspecific competition (Fig. 4B). However, biomass of
Hypochaeris tended to be greatest at intermediate aggregation rather than low
aggregation. This is possibly because the two negative forces of interspecific and
intraspecific competition were greatest in the low aggregation treatment and the
monoculture respectively, and were balanced at intermediate levels of spatial
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aggregation. As Hypochaeris has a basal rosette growth form, plant size relative to
density is likely to be an important factor in determining this balancing point.

The third species, Themeda, had significantly more plant biomass when in
monoculture than in mixture, indicating significant negative effects of interspecific
competition (as with Austrodanthonia) (Fig. 4C). There were no significant changes in
root, shoot, or total plant biomass for Themeda as the level of spatial aggregation
increased from low to high. When competing with Austrodanthonia,

Themeda plant

biomass did tend to increase with spatial aggregation, although not significantly (Fig.
4C). The pattern was reversed when Themeda was competing with Hypochaeris, with
a slight though non-significant decrease in plant biomass as spatial aggregation
increased (Fig. 4C).

When the patterns within the high aggregation patch were examined in detail (Fig. 5),
I found that the Themeda plants in the centre of the patch had significantly lower
green leaf biomass and non-green shoot biomass than those growing at the edge,
regardless of the species it was competing with. Interestingly, this pattern was also
evident for Hypochaeris, with shoot (Fig. 5B), root, and total plant biomass
significantly greater at the edge of the high aggregation patch than in the centre.
Greater biomass at the edge of the high aggregation patch would be expected for
Hypochaeris, due to the evidence for it experiencing significant intraspecific
competition. The occurrence of the same trend for Themeda may be attributable to the
reduced competition for light when adjacent to the other two species (of smaller
stature), than when adjacent to its conspecifics.
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Interestingly, the smaller statured Austrodanthonia

had significantly greater shoot

biomass at the edge of the high aggregation patch compared to the centre, when
adjacent to the larger statured Themeda (Fig. 5A). Although the edge between
Austrodanthonia

and Themeda was associated with lower light levels and lower

surface soil moisture availability than the centre of the Austrodanthonia patch, the
lower air temperature and greater air humidity at the edge may have generated
conditions more amenable to the growth of Austrodanthonia

(data not shown).

The observation that plant biomass attributes vary significantly across a monospecific
patch has important implications for spatial aggregation in natural communities
(Turner 1989, Chesson and Neuhauser 2002). Large patches are not analogous to
monocultures, with the zone of interspecific interaction at the edge of patches
displaying markedly different biotic and abiotic characteristics to the centre of
patches. Additionally, the potential for some leaves and roots to extend into a
neighbouring patch would seem to generate a gradient of interspecific competitive
effects across a patch. Models of species interactions and resource competition should
therefore recognise both the mean effects of spatial aggregation, as well as finer scale
differential effects within a patch.

Complementarity and ecosystem processes
The key prediction of my study was that spatial aggregation would reduce the
complementarity between species and hence reduce overall resource use. I postulated
that increasing levels of spatial aggregation would reduce complementarity by: (1)
reducing the capacity for interspecific interactions through spatial separation, and (2)
reducing the differences in resource acquisition strategies between species through
phenotypic plasticity. The first mechanism by which spatial aggregation may reduce
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complementarity appears inherently true: as species become more separated in space,
their capacity for complementary resource use is reduced. To test the second
mechanism, I calculated a 'complementarity index' which essentially quantifies the
proportional difference between species in the vertical distribution of their green leaf
or root biomass. Species would be considered to be more complementary when there
is a greater difference in the distribution of their resource acquiring tissues (in this
case, leaves and roots along a vertical axis).

In general, the results of my study do not support the hypothesis that spatial
aggregation reduces the complementarity between species and results in less overall
resource use. For green leaves, I found that increasing spatial aggregation resulted in a
significant decrease in the complementarity index for only one species mixture
examined {Austrodanthonia vs Themeda) (Fig. 6A). As spatial aggregation increased,
Austrodanthonia and Themeda became more similar (less complementarity) with
respect to their shoot morphologies and light capture strategies. The lack of significant
effects of spatial aggregation on complementarity of green leaf distributions for the
other two species mixtures may be due to Hypochaeris (with its basal rosettes) having
limited capacity to alter the vertical distribution of its leaves. Indeed, the contrast
between the basal rosette growth form of Hypochaeris and the tussock growth form of
both Austrodanthonia and Themeda is evident throughout the results from this study.

Unexpectedly, the negative effects of spatial aggregation on the complementarity of
leaf canopies for the mixture of Austrodanthonia and Themeda did not result in
significant effects on light interception (Fig. 7A). In contrast, there was a significant
increase in light interception with increasing spatial aggregation for the mixture of
Austrodanthonia and Hypochaeris (Fig. 7A), which is counter to our hypothesis that
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spatial aggregation should reduce resource use. This is most likely due to the increase
in shoot biomass of Austrodanthonia

as spatial aggregation increases when growing

with Hypochaeris (data not shown).

Examination of the distribution of root biomass with depth revealed no significant
effects of spatial aggregation on the complementarity between species (Fig. 6B).
There was a non-significant trend for the complementarity index to increase with
spatial aggregation, for both the Hypochaeris and Themeda mixture, and the
Hypochaeris and Austrodanthonia

mixture. The generally low values of the root

complementarity index (Fig. 6B) indicate very similar patterns in the distribution of
root biomass between species, even for mixtures of each grass species (fibrous roots)
with Hypochaeris (tap-root). A more detailed analysis of fine root distributions (where
resources are absorbed) may have yielded stronger evidence for effects of spatial
aggregation on complementarity in root systems (Craine et al. 2002a).

In contrast to the root biomass data, soil moisture use showed consistent trends
between aggregation treatments and species mixtures (Fig. 7B), although these were
only statistically significant for certain layers in the soil profile and for certain species
mixtures. If the complementarity in the use of soil moisture decreases with spatial
aggregation, we would expect less use of soil moisture as aggregation increases. This
general pattern was only observed in one of the mixtures {Austrodanthonia vs
Hypochaeris), and was only significant at certain depth intervals (10-20 cm, 30-40 cm
and 40-50 cm). In contrast, soil moisture was depleted significantly more rapidly at
intermediate aggregation than low aggregation for the top 10 cm of soil in the mixture
of Hypochaeris and Themeda. Although this result conflicts with the idea of
decreasing complementarity in resource use with increasing aggregation, it does align
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with the observed peak of Hypochaeris biomass at intermediate aggregation (Fig. 4B),
as larger plants use more water.

De Boeck et al. (2006) presented a model of the effects of plant spatial aggregation on
complementarity in root distributions and subsequent soil resource use, which
predicted reduced below ground resource uptake due to lower complementarity at
higher aggregation levels. Our results for the mixture of Austrodanthonia and
Hypochaeris (Fig. 7B) tentatively support the predictions of the model presented by
De Boeck et al. (2006) with regard to the use of soil moisture. Note however that De
Boeck et al. (2006) only examined the reduction in complementarity due to the
reduced zone of interaction between species as they became further separated in
space, with the potential for shifting resource acquisition strategies through
phenotypic plasticity not included in their model.

In summary, I suggest that spatial aggregation will generally reduce the capacity for
complementary resource use due to species being more separated in space. I found
limited evidence in support of our hypothesis that spatial aggregation reduces the
differences in the resource acquisition strategies of species through phenotypic
plasticity. In many cases, complementarity (through phenotypic plasticity) and
resource use were not significantly affected by spatial aggregation, and I observed
several trends counter to our hypothesis.

I propose that although spatial aggregation may influence the capacity for
complementary resource use (as I hypothesised), changes in the number of conspecific
vs heterospecific neighbours also influence plant growth (and hence plant size), which
will have significant impacts on the capacity for resource use. Clear effects of spatial
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aggregation on complementarity and resource use are therefore obscured by plant size,
which will vary depending upon the identity of neighbouring plants and the
competitive pressure they exert (as was seen here when contrasting tussock grasses
with a rosette forb). The idiosyncratic response of each species to competition from
conspecifics and other species will therefore result in spatial aggregation having no
consistent overall effects on complementarity and resource use.

Broader implications
Here I have shown that under controlled conditions, aggregation in the spatial
distribution of species may influence the growth and productivity of species, the
degree of complementarity between species, and the use of resources by species,
although not in a consistent manner. However, the complexity of spatial aggregation
as it occurs in natural communities, with overlapping patches of species and diffuse
borders between patches (Silvertown and Wilson 2000), presents serious challenges to
gaining a sound empirical understanding of the role of aggregation in influencing
interactions between organisms and their use of resources under natural conditions.
New approaches, such as the 'virtual experiments' of Turnbull et al. (2007), will be
required to improve our understanding of the effects of spatial aggregation.

Regardless of the challenges in understanding the effects of spatial aggregation in
natural communities, it is evident that the spatial distribution of the species in a
community can be important in determining the consequences of interspecific
interactions. The 'mean field assumption' that all species are distributed randomly no
longer appears adequate, especially for plant communities (Stoll and Weiner 2000,
Damgaard 2004).
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Spatial aggregation may facilitate the coexistence of species and promote increased
biodiversity (Rees et al. 1996), but paradoxically it may also reduce the capacity for
complementary resource use. How spatial aggregation, biodiversity, and
complementarity interact to influence ecosystem processes in natural communities is a
complex issue that presents significant challenges for empirical investigations.
Regardless of the approaches taken, it is evident that both empirical and theoretical
studies which examine the effects of biodiversity on ecosystem processes need to pay
more attention to how the spatial distributions of species alter this relationship
(Schmid et al. 2002, Benedetti-Cecchi 2005, De Boeck et al. 2006).
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Synthesis

Key findings
The primary aim of this thesis was to examine how community diversity and
composition influences a range of ecosystem processes, using temperate native
grasslands of SE Australia as the study system. In general, I found the functional
identity of the dominant species to be the most important community attribute
influencing the magnitude and variability of ecosystem processes. These results
support Grime's (1998) mass ratio hypothesis, which proposes that it is the functional
attributes of the dominant species in a community which largely determine ecosystem
processes. Functional trait diversity also tended to have significant effects on
ecosystem processes, although often to a lesser degree than functional identity. In
contrast, ecosystem processes tended to be poorly related to species richness and
functional group richness. As a whole, the results presented in this thesis suggest that
major changes in the dominance hierarchies of communities are likely to have the
greatest impact on ecosystem processes, with only minor effects likely following the
loss of rare species.

In chapter 1,1 identified two major components of complementarity: trait
complementarity (the difference in functional traits between organisms) and resource
complementarity (resource use differentiation). I proposed that the most practical way
to quantify complementarity will often involve applying functional trait diversity
indices as a gauge of trait complementarity, as attempts to directly quantify resource
complementarity are likely to face significant practical challenges. I also highlighted
the importance of variability in functional traits within a species, due to both biotic
and abiotic factors, and the implications of such variability when measuring trait
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complementarity. This conceptual chapter not only introduced functional diversity
indices as a means to quantify complementarity, it also established a methodological
impetus to incorporate trait variability in the measurement of functional traits
(chapters 3 and 4) and when applying functional diversity indices (chapters 5, 6,
and 7).

In chapter 2,1 presented a simple niche based model of resource competition between
species along a gradient, founded on a number of existing and well established
theories of resource use and competition. This gradient model of resource competition
proposes that total resource use by a community is simply a summation of the
abundances of species multiplied by their per capita rate of resource use. For the vast
majority of model simulations I examined, the gradient model of resource competition
predicted an asymptotic increase in total resource consumption as the number of
species increases, a relationship which is evident in a significant number of empirical
studies and previous theoretical investigations (e.g. Tilman et al. 1997b,c, Loreau
2000, Dukes 2001, Balvanera et al. 2005, Roscher et al. 2005). Under the framework
I presented, the resource utilisation attributes of each species can have large impacts
on total resource use, however these effects are strongly influenced by the abundances
of each species. The gradient model of resource competition I presented in chapter 2,
and the simulations generated from it, support Grime's (1998) mass ratio hypothesis,
which proposes that the functional attributes of the dominant species in a community
largely determine resource use.

In the third chapter, I examined the relationship between species abundances and traits
in a native grassland community. I found alternate trait - abundance relationships
depending on the abundance measure applied. Overall relative abundance (relative
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cover across all plots) tended to be poorly related to species traits, although greater
overall abundance was significantly associated with C4 tussocky grasses. Local
relative abundance (relative cover in plots where that species occurred) was positively
related to traits associated with plant size and leaf size, and negatively related to
specific leaf area (SLA). In contrast, species that occurred more frequently tended to
be smaller plants, have annual life cycles and have higher SLA. I proposed that the
contrasting trait - abundance relationships observed when different abundance
measures were applied reflects underlying differences in plant trait strategies. Larger
species are able to obtain greater abundances locally, but occur less frequently than
smaller, faster-growing species.

The occurrence of significant relationships between species traits and their
abundances may have implications for other issues explored in this thesis. Many of the
indices I applied to quantify functional diversity and composition (chapters 5, 6,
and 7) use information on both species traits and their relative abundances (i.e. FRO,
FDVAR, F D Q ,

mean trait value). Strong correlations between species traits and

abundances would result in these indices having a low range in values between
communities. This effect would be most prevalent where traits are correlated with
overall relative abundance, however, the general lack of significant correlations
between overall relative abundance and functional traits suggests this isn't a major
issue for later chapters.

In Chapter 4,1 examined whether traits measured on pot grown plants can be reliably
applied to natural communities, an issue especially relevant for traits which are
difficult to quantify in natural communities (e.g. root traits, relative growth rate). I
found that the utility of pot grovm plants to quantify traits for field plants is highly
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dependent on the selection of growing conditions in the controlled environment.
Although the majority of trait values for pot grown plants differed to plants in the
field, species ranking remained consistent for most traits between the field and
unfertilised pot conditions. In contrast, species ranking was not consistent for most
whole plant traits when comparing field plants to fertilised pot grown plants,
providing a caution against the tendency to grow plants in controlled conditions at
'optimal' (high) resource levels (Gamier and Freijsen 1994).

I also explored correlations between below ground and above ground plant traits, to
see if root traits could be reliably predicted from above ground traits, reducing the
need to quantify root traits on cultured plants. I found moderate to strong correlations
between below ground and above ground plant traits, including between root dry
matter content and leaf dry matter content, and between specific root area and specific
leaf area. These relationships suggest that plant trait strategies extend from shoots and
leaves to roots, and that above ground traits may be highly indicative of below ground
traits. The resuhs of chapter 4 are relevant to chapters 5, 6, and 7, where I applied
information on below ground traits obtained using pot grown plants. The
methodological investigation in chapter 4 influenced which data for root traits was
used, and how it was applied.

In Chapter 5,1 explored the practical issues associated with implementing a range of
functional diversity indices, with specific reference to

FDVAR

and

FDQ.

Applying such

functional diversity indices requires a number of important decisions to be made,
including: which traits to include; how many traits to include; whether traits should be
weighted by their perceived importance, and if so; what weighting scheme to use; how
data from different traits should be standardised, and; which distance measure to use.
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Both FDVAR and F D Q were sensitive to the number of traits included in them, and the
correlation of both indices with Simpson's diversity increased to high levels as the
number of traits increased. In contrast, I observed only minor effects on FDQ when
traits were weighted by their perceived importance. The exploration of the practical
application of functional diversity indices in this chapter greatly influenced the use of
such indices in chapters 6 and 7, where I minimised the number of traits used and
abandoned the use of a trait weighting scheme.

One of the key objectives of my thesis was addressed in chapter 6, where I compared
how a range of ecosystem processes were related to various attributes of community
diversity and composition in a native grassland community. I found that mean trait
values best explained variation in 6 of the 9 ecosystem processes I examined,
supporting Grime's (1998) mass ratio hypothesis. Of the diversity indices, FDvar
explained more variation than any other diversity measure for 8 of the 9 ecosystem
processes, confirming the utility of such multi-trait abundance-weighted functional
diversity indices. In contrast, I found only weak relationships between species
richness and ecosystem processes, suggesting that loss of rare species will have little
direct impact on ecosystem processes, with changes in the identity of the most
abundant species being of far greater importance.

An important aspect of my research into the effects of community diversity and
composition on ecosystem processes was an exploration of the mechanistic
interactions between variables using structural equation modelling (SEM). My SEM
approach indicated that many of the community diversity and trait properties
significantly influenced ecosystem processes even after accounting for co-varying
biotic/abiotic factors. In addition, my mechanistic investigations confirmed the
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overwhelming influence of the functional identity of the most dominant species in
determining the effect of the biota on ecosystem processes.

In a closely related investigation, I examined how community diversity and
composition influenced the spatial and temporal variability in ecosystem processes in
Chapter 7. My results broadly aligned with those of the previous chapter, with little
evidence for significant effects of species richness on variation in the ecosystem
processes I quantified. In contrast, the functional diversity and functional identity of
the dominant species had significant influence on temporal and spatial variation in
ecosystem processes, with the linked leaf traits of specific leaf area and leaf dry matter
content identified as particularly influential. The functional traits important in
influencing temporal variation were generally different to those which influenced
spatial variation of the same ecosystem process. As with the previous chapter, I
applied SEM to assess how aspects of community diversity and composition
interacted with other biotic/abiotic factors to alter the variability of ecosystem
processes. These analyses indicated that different diversity/trait indices are often
related to variation in an ecosystem process through different mechanisms.

In the final chapter of my thesis, I examined another aspect of biotic communities
which has the potential to influence ecosystem processes - the spatial distributions of
species. Here I presented the results of a pot experiment in which I assessed the
potential for spatial aggregation of species distributions to influence competition and
complementarity between species, as well as overall resource use. My initial
hypothesis was that intraspecific spatial aggregation should reduce the
complementarity between species due to: (1) less interspecific interactions as a resuh
of spatial separation, and; (2) less differences between species as a result of
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phenotypic plasticity. I also proposed that these negative effects of spatial aggregation
on complementarity should reduce overall resource use by the community.

I found that effects of spatial aggregation on complementarity and resource use were
inconsistent and highly dependent on the species involved. Spatial aggregation had
significant effects on shoot biomass, root biomass, complementarity in leaf canopies,
light interception, and soil moisture use, however the nature of these effects varied
with species identity. Although some of the results I obtained supported my original
hypothesis, other data proved inconclusive, while some trends contradicted my
prediction that spatial aggregation should decrease complementarity and reduce
resource use. In rationalising these results, I suggest that any underlying effects of
spatial aggregation on complementarity and resource use is obscured by the
idiosyncratic way in which neighbour identity influences plant growth (and hence
plant size), which limits the ability to generalise, at the community level, any
underlying effects of spatial pattern on ecological process.

As a whole, the results presented in this thesis indicate that the functional traits of
species are highly relevant in determining how a community influences ecosystem
processes. Although the functional diversity (or degree of trait complementarity) can
often explain significant amounts of variation in ecosystem processes, I found the
functional identity of the dominant species in a community to generally be the most
important community attribute influencing both the magnitude and variation of
ecosystem processes. In contrast, ecosystem processes were found to be only weakly
related to more basic community attributes, such as species richness. My results
therefore support Grime's (1998) mass ratio hypothesis, that the functional traits of
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the dominant species in a community have the greatest influence on ecosystem
processes.

My results also bring into question much of the recent focus on how species richness
influences ecosystem processes. Although many studies have observed significant
effects of species richness on ecosystem processes (e.g. Naeem et al. 1994, Tilman et
al. 1996, 1997a, Hector et al. 1999), the continuing methodological issues associated
with separating species richness from species identity suggest that caution should be
applied when attempting to mechanistically relate such a coarse community measure
to ecosystem processes. It is important to clarify that my findings of only minor
effects of species richness on ecosystem processes do not condone the extinction of
rare species. The conservation of species, and more broadly of biodiversity, is an
objective that should be pursued fervently by humanity, regardless of any influence
that biodiversity has on ecosystem processes.

As with any research endeavour, there are some limitations in the research presented
here. 1 focussed on only one native grassland ecosystem, hence, the generality of my
results require comparison with future studies examining different communities. In
some cases, topics 1 explored could not be addressed to their fullest extent possible, as
research questions often arose only after the conclusion of data collection. Despite
such limitations, my research highlights the complexity of natural ecosystems, and
emphasises key links between biotic communities and ecosystem processes.

Future research
My research has also generated important questions deserved of further research
attention. Although I applied a trait complementarity approach, the development of
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methods to directly quantify resource complementarity in a community setting would
be of great benefit for future studies examining effects of biodiversity on ecosystem
processes. Testing the gradient model of resource competition, and its predictions,
would also enhance our mechanistic understanding of how different community
attributes influence ecosystem processes. Also warranted is development of theory for
how species traits should be related to species abundances, and such theory should be
tested along gradients of key environmental attributes (resources, conditions, stress).
Further data is needed on relationships between above and below ground plant traits,
and improvement of conceptual models regarding the integration of trait strategies at
the whole plant level. The importance of functional traits 1 observed also justifies
continued research into the traits which are most important in influencing functioning
at both the organism and community level.

Another issue highlighted in this thesis is the need for further development and testing
of functional diversity indices. I demonstrated that such indices can be useful in
quantifying complementarity and in relating species traits and abundances to
ecosystem processes, however issues still remain in the practical application of such
measures. Results from my field study relating the magnitude and variability of
ecosystem processes to community attributes need to be contrasted with further
studies linking these 2 key aspects in other natural communities. The relationship of
functional diversity to spatial variation in ecosystem processes requires further
theoretical consideration and empirical assessment. Related to this is the need for
additional examination of how the spatial distribution of species influences ecosystem
processes.
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Natural communities are complex systems, and diversity is present in various levels of
their organisation, including within organisms, between individuals within species, as
well as between species. How diversity at different levels of organisation influences
key ecosystem processes is an issue of fundamental importance to ecology, with many
important questions yet to be explored. The reliance of human welfare and survival
upon the services provided by ecosystems means that understanding the mechanisms
by which biological communities influence ecosystem processes will only increase in
importance as our impact on natural systems intensifies.
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APPENDIX 1 - SPECIES TRAIT VALUES
Table 1. Mean values for a range of key traits of each plant species present in the field study plots.
Species

M
NJ

Acacia decurrens
Acaena ovina
Acetosella vulgaris
Aira elegantissima
Anagallis arvensis
Arctotheca calendula
Aristida ramosa
Asperula conferta
Austrodanthonia caespitosa
Austrodanthonia carphoides
Avena barbata
Bothriochloa macra
Briza maxima
Briza minor
Bromus horeaceus
Centaurium erythraea
Cheilanthes austrotenuifolia
Cheiranthera cyanea
Convolvulus erubescens
Crassula sieberiana
Cymbonotus lawsonianus
Cynosurus echlnatus
Daucus glochidiatus
Davesia mimosoides
Desmodium varians
Dichelachne crinita
Drosera pelata
Elymus scaber
Enneapogon nigricans
Eragrostis brownli
Eryngium ovinum
Euchiton spp
Galium divaricatum
Geranium solanderi
Gonocarpus tetragynus
Gcodenia hederacea
Hibbertia obtusiflora
Holcus lanatus
Hydrocotyle laxiflora
Hypericum graminium
Hypochaeris glabra
Hypochaeris radicata
Joycea pallida

Plant
Psynth Tap
Life
N
Height
Form Fixation PathvKay Root
(cm)
1
4
5
5
5
5
3
4
3
3
5
3
5
5
5
3
4
2
4
4
4
5
5
1
4
5
4
3
3
3
4
5
5
4
4
2
2
3
4
5
5
3
2

1
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
1
1
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0
0

1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1
1

1
1
1
1
1
1
1
1
1
1
1
1
1

1
1
2
2
1
2
2
2
2
2
2
2
2
2
2
2
2
1
1
1
2
2
1
1
1
2
1
2
2
2
2
1
1
2
1
1
1
2
2
1
1
1
2

150.8
11.5
14.0
8.0
9.4
6.5
31.6
7.2
10.4
6.4
22.3
18.0
23.2
8.7
12.7
2.6
11.6
32.5
10.2
2.2
2.6
33.8
4.1
67.5
8.4
28.1
6.8
24.6
12.9
18.9
38.7
5.8
7.9
9.8
10.0
6.9
20.5
40.8
3.2
8.4
1.5
1.7
61.8

Plant
Width
(cm)
107.3
9.1
7.5
1.6
9.4
13.8
39.6
2.2
18.4
11.2
2.9
28.0
3.4
2.0
1.2
5.4
11.1
27.8
7.9
1.1
10.7
6.6
3.6
33.3
20.7
12.9
3.3
16.6
12.3
30.4
33.0
3.3
2.5
15.6
6.1
12.6
16.4
25.5
14.7
7.1
4.2
8.1
60.3

Green Non-green
Root
Leaf
Shoot
Shoot
Biomass Weight
Biomass Biomass
(9)
Ratio
(9)
(9)
209.742
0.380
0.076
0.009
0.149
0.421
0.593
0.049
1.032
0.242
0.067
0.749
0.024
0.009
0.006
0.390
0.365
10.910
0.165
0.012
0.337
0.074
0.028
11.382
0.458
0.156
0.076
0.403
0.232
0.940
1.498
0.018
0.010
0.247
0.191
0.685
2.449
0.398
0.149
0.039
0.044
0.349
45.693

395.423
0.157
0.120
0.005
0.117
0.296
9.867
0.021
1.999
0.488
0.143
2.491
0.081
0.016
0.030
0.000
0.144
16.470
0.042
0.000
0.000
0.200
0.000
25.297
0.301
1.005
0.000
0.705
0.604
1.183
2.758
0.067
0.005
0.000
0.305
0.324
3.214
2.166
0.000
0.041
0.000
0.008
184.771

57.379
0.566
0.024
0.003
0.016
0.093
2.246
0.027
2.258
0.763
0.036
1.267
0.011
0.005
0.005
0.052
2.810
31.050
0.587
0.003
0.369
0.038
0.005
5.252
2.006
0.174
0.069
0.551
0.582
0.569
1.480
0.003
0.002
0.262
0.200
0.173
2.014
0.317
0.206
0.027
0.010
0.417
54.074

0.348
0.728
0.401
0.620
0.561
0.574
0.068
0.682
0.344
0.363
0.309
0.265
0.221
0.333
0.170
1.000
0.780
0.414
0.789
1.000
1.000
0.237
1.000
0.370
0.643
0.145
1.000
0.364
0.298
0.463
0.356
0.260
0.659
1.000
0.393
0.687
0.416
0.156
1.000
0.599
1.000
0.966
0.217

Root:
Shoot
Ratio
0.190
0.981
0.129
0.183
0.080
0.117
0.238
0.495
0.814
1.160
0.166
0.439
0.105
0.232
0.124
0.144
4.981
0.400
2.850
0.279
1.009
0.140
0.172
0.138
3.279
0.158
0.904
0.476
0.732
0.262
0.346
0.056
0.153
1.247
0.358
0.168
0.389
0.116
1.472
0.425
0.228
1.175
0.232

Leaf
Length
(cm)
11.280
5.733
4.600
2.010
1.083
6.767
10.870
0.483
9.033
4.520
6.833
6.900
6.417
3.160
3.940
3.067
10.667
5.020
3.750
0.297
5.300
6.940
2.933
4.550
3.733
7.783
1.533
10.400
4.350
16.400
8.950
0.725
0.547
11.733
1.300
5.067
1.783
11.183
2.467
1.033
2.400
4.880
34.980

Leaf
Width
(cm)

Leaf
Area
(mm^)

6.880 2331.2
1.433 378.6
1.050 150.7
0.062
9.7
0.683
52.7
2.200 644.1
0.231 151.6
0.106
4.2
0.202 126.9
0.134
33.4
0.633 287.0
0.403 211.1
0.550 255.0
0.317
83.8
0.360 141.3
1.267 268.3
3.467 683.7
3.940 561.4
1.400 244.6
0.166
4.5
2.800 825.8
1.570 267.8
1.000
94.3
0.473 180.3
2.833 334.3
0.270 187.2
1.233
35.8
0.318 279.1
0.217
73.3
0.330 271.0
4.283 507.5
0.489
20.1
0.113
4.7
2.900 586.9
0.477
43.5
1.800 416.8
0.584
65.6
0.750 673.1
2.300 337.4
0.373
26.7
1.100 179.2
1.420 454.1
0.205 457.9

Leaf
Dry
Mass
0.510
0.031
0.009
0.000
0.002
0.029
0.016
0.000
0.011
0.003
0.015
0.010
0.009
0.002
0.005
0.012
0.051
0.066
0.015
0.000
0.037
0.009
0.004
0.042
0.019
0.012
0.002
0.018
0.005
0.018
0.063
0.001
0.000
0.032
0.004
0.053
0.005
0.025
0.017
0.001
0.006
0.025
0.095

Leaf
Angle

SLA
(m^.kg')

45.2
55.7
57.7
81.4
52.7
31.7
61.2

4.6
12.5
17.0
27.8
28.4
21.7
9.4
18.8
11.9
10.1
20.6
22.7
29.6
43.6
31.0
22.9
13.7
12.0
16.5
37.7
22.6
30.7
22.8
4.3
18.3
15.8
22.4
15.4
16.6
14.5
8.0
36.5
30.1
18.9
10.9
10.3
12.5
28.1
20.2
24.9
30.8
18.8
4.9

27.3
64.4
45.2
65.3
39.6
73.7
71.6
80.6
22.0
60.7
45.0
74.3
45.0
31.0
77.6
36.7
75.0
41.7
74.7
63.3
54.2
40.4
44.0
15.0
26.7
19.8
26.0
61.5
36.3
73.3
66.3
10.0
65.3
13.0
15.0
68.2

LDMC

0.339
0.319
0.140
0.260
0.189
0.112
0.416
0.252
0.373
0.395
0.269
0.328
0.231
0.200
0.241
0.179
0.246
0.200
0.221
0.070
0.107
0.232
0.183
0.513
0.262
0.335
0.147
0.341
0.382
0.362
0.240
0.220
0.226
0.186
0.242
0.266
0.194
0.227
0.204
0.287
0.084
0.123
0.501

SRA
RDMC
(m^.kg')
0.018
0.006
0.013
0.054
0.024
0.004
0.008
0.052
0.015
0.009
0.010
0.010
0.013
0.028
0.022
0.013
0.002
0.011
0.010
0.075
0.002
0.009
0.023
0.006
0.007
0.011
0.029
0.008
0.015
0.007
0.005
0.040
0.060
0.002
0.021
0.005
0.011
0.006
0.010
0.031
0.020
0.007
0.006

0.315
0.232
0.164
0.144
0.179
0.166
0.295
0.182
0.283
0.282
0.201
0.304
0.183
0.156
0.168
0.159
0.215
0.216
0.196
0.097
0.147
0.198
0.146
0.335
0.223
0.242
0.147
0.250
0.255
0.262
0.235
0.167
0.162
0.179
0.201
0.215
0.216
0.222
0.175
0.202
0.114
0.170
0.269

B

0.947
0.869
0.816
0.836
0.809
0.838
0.908
0.818
0.897
0.906
0.823
0.908
0.803
0.790
0.788
0.829
0.896
0.890
0.869
0.781
0.862
0.824
0.789
0.906
0.890
0.849
0.833
0.868
0.869
0.869
0.885
0.781
0.776
0.856
0.851
0.849
0.890
0.859
0.852
0.818
0.800
0.909
0.899

Mean
Root
Diameter
(mm)
0.423
0.391
0.311
0.208
0.253
0.354
0.397
0.193
0.276
0.327
0.327
0.326
0.314
0.278
0.292
0.318
0.652
0.293
0.479
0.173
0.410
0.329
0.292
0.321
0.518
0.312
0.305
0.346
0.313
0.340
0.383
0.220
0.175
0.429
0.274
0.351
0.290
0.349
0.404
0.252
0.305
0.341
0.396

Dianneter
Thickest
Root
(mm)

No.
Root
Axes

25.0
2.0
4.0
1.0
1.2
1.3
0.2
12.4
0.9
3.3
1.6
6.3
1.0 93.2
1.2
1.0
1.0 128.0
0.9 75.5
0.7
9.7
0.9 49.4
0.6
11.7
0.3
16.6
0.4
7.0
2.4
2.7
0.7 173.0
1.0
7.0
1.0
8.9
1.7
0.4
1.4
14.3
0.6
16.8
1.2
1.0
1.0
11.3
1.0
8.5
0.5
36.7
1.5
1.0
0.6 60.2
0.6
57.0
0.6 107.3
6.1
6.0
0.4
1.0
0.5
1.2
1.3
29.0
2.4
1.3
2.1
2.0
1.0
7.3
0.6 68.3
2.4
1.7
1.5
1.0
2.0
1.0
2.2
5.6
2.3 505.0
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Table 1. continued
Species

Life
N
Psynth
Tap
Form Fixation Pathway Root

Plant
Height
(cm)

Plant
Width
(cm)

Green
Non-green
Root
Leaf
Shoot
Shoot
Biomass Weight
Biomass Biomass
(3)
Ratio
(g)

Liniaria pelisserana

5

0

1

1

12.1

1.5

0.007

Lollum rigidum

5
3
4

0
0
0

1

2
2

13,1
17,8
10,7

0.185

2

0
0
0

1
1
1

2
2
2
2

22.8
13.9
5.7

43,7
11.2
5.3

11.065
0.423
0.022

0
0
0

1

1

29.9
4.0
15.3
7.1

1
1

1
2

2.2
4.4

1

2

1

Parentucellia latlfolla

3
5

0
0
0
0

0.003
0.024
5.782
0.042

1

1
2
1

Petrorhagia nanteuilll
Plantago varia
Poa bulbosa

5
4
4

0
0
0

1

1

1

1
2

Poa lablllardlerl

3
4

0
0
0

Lomandra filiformis
Luzula merionalis
Mellchrus urceolatus
Microlaena stipoides
Microtis unifolia
Moenchia erecta
Myosotls discolor
Nassella trichotoma
Ophioglossum lusitanlcum
Oxalis perennans
Panicum effusium

Solenogyne dominii
Stipa scabra
Themeda australls
Tolpis umbellata

3
4
5
5
3
4
4

3
3
5
4

0
0

Trifolium dubium
Trifollum glomeratum

5
5
5

1
1

Trifolium striatum

5

Trifollum subterraneum

Tricoryne elator
Trifollum arvense

Triptllodiscus pygmaeus

5
5

Vulpia bromoides
Wahlenbergia communis

5
4

Wurmbea dioica

4

Species X2

5

0

1
1

1
1
1
1
1
1
1

2
2
2
2
1
2

10.6
26,7
2,3
3,7

27.8
4.0
7.7

18,8
8.6
16.2
6.3
2.1

28.0
1.5
5.7
5.5
2.2

37.3
0.8
12.8
57.0
12.2
16.4
11.4

1

1
1

1

1

1

7.5
7.1

1
1

1

16.9
6.7

0

1
1

1
1
1

0

1

2

7.3
14.6

0
0
0

1

2
2
1

1
1

18.0
7.5
8.5

1.643
0.312

0.075
0.759
0.021
0.068
0.154

(g)

0.043
0.008
0.350
0.059
16.299
0.772
0.327
0.018
0.041
13.572

0.011
9.323

0,504
1,000

0.031
0.015

0.009
0.007

0.031
0.059

0.009
0.012

0.491
0.589
0.454

0.113
0,065
0,054

0.046
0.009

0.582
0.347

0.010
0.235

0.396
0.941
0.411

50.2
4.4

4.310
0.034

31.0
5.7
3.4

4.076
0.034

12.581
0.033
0.000

0.033
0.030

11.9
4.2

0.805
0.024

1.3

0.011

0.136
0.404
0.302

0.178
0,951
0,329
0,257

47.350
0.005
1.393

3.9

0,409
0,359
0,064

21.973
0.561
1.730
6.414

7.501
0.104
0.734

0.028
0.167

35,140
2,250
0.048
0.001
0.004

0.266
0.598
2.579
1.474

0.250
1.000
1.000

34.4
5.4
14.4

5.4
12.8
3.7

0.144

0,939
0,835
0,884

0.020
0.515
0.012

0.021

5.3

0.133

0.050
1.275
1,133

0.802
0.772
0.425
0.413

0.000
0.000

0.022
0.027

0.007

10.030
0.004
0.193
1.121
0.006

0.001
0,029
0,915
0.025
0.164

0.038
0.034
0.007

Root:
Shoot
Ratio

0.140
0.004

0.328

0.608

2.005
0.138
0.056
0.068
0.553
0.510
1.846
0.541
0.075
0.144
3.800
0.838
0.469
4.969
0.823
0.368
0.162
2.302
0.148
0.192
0.149
0.149
0.174
0.095
0.124
0.313
2.532
0.220

Leaf

Leaf

Leaf

(cm)

(cm)

(mm^)

0.168
0.481
0.350
0.567
0.386
0.420
0.710
0.272
0.450
0.067
0.956
0.783
0.465
0.613
0.176
1.560
0.062
0.141
1.233
0.160
0.352
0.629
0.339
1.880
1.120
1.720
1.940
2.340
0.332
0.109
0.298
0.700
0.121

16.5
394.1
462.7

1.233
11,483
14.380
5.700
1.483
3.700
14.650
1.067
2.083
14.200
2.010
1.367
10.583
0.748
2.020
8.080
0.996
32.160
3.033
10.567
18.120
3.100
15.600
2.220
1.500
1.380
1.220
3.670
1.640
3.540
4.300
7.900
1.083

235.7
31.6
141.5
532.8
18.9
76.0
74.4
183.5
65.9
428.0
20.7
30.7
725.7
10.1

320.8
268.1

118.7
500.1
115.2
498.5
110.9
55.3
97.8
101.3
297.2
40.4
25.5
100.7
149.4
12.6

Leaf
Dry
Mass

Leaf

SLA
(m^kg-')

LDMC

ODA

,
, RDMC
(m^kg')

(g)

0.001
0.017
0.088
0.012
0.005
0.008
0.037
0.001
0.002
0.007
0.008
0.002
0.019
0.001
0.002
0.064
0.000
0.053
0.019
0.018
0.023
0.003
0.024
0.004
0.002
0,004
0.005
0,011
0,001
0.001
0.005
0.008
0.000

60.3
70.0
65,0
42,0
66.3
35.0
80.0
42.0
26.7
76.7
20.0

53.7
36.7
19.0
40.0
55.4
70.0
77.4
10.0
75.0
51.2
75.7
69.0
37.8
60.6
43.6
41.0
64.0
37.0
75.0
60.7
70.0
77.3

21.1

23.5
5.5
21.6
6.7
17.5
19.0
28.6
39.1
11.3
13.0
43.7
21.9
28.3
19.7
11.9
21.5
6.2

14.7
6.6

22.4
33,9
21,4
30.4
34.2
26.0
21.8
28.1
31.4
22.8
21.4
18.9
34.2

0.155
0.252
0.408
0.211
0.448
0.371
0.200
0.176
0.123
0.445
0.250
0.133
0.313
0.129
0.203
0.151
0.320
0.463
0.195
0.433
0.334
0.125
0.202
0.249
0.222
0.256
0.318
0.217
0.152
0.311
0.200
0.183
0.205

0.043
0.008
0.003
0.011
0.005
0.013
0.006
0.046
0.026
0.007
0.020
0.024
0.007
0.041
0.027
0.002
0.058
0.009
0.012
0.010
0.008
0.020
0.006
0.018
0.017
0.021
0.019
0.012
0.031
0.043
0.015
0.013
0.051

0.145
0.205
0,219
0.196
0.316
0.249
0.180
0.142
0.144
0.306
0.167
0.157
0.248
0.137
0.182
0.160
0.182
0.427
0.166
0.279
0.242
0.149
0.209
0.187
0.185
0.185
0.211
0.159
0.153
0.189
0.198
0.168
0.153

0.795
0.828
0.905
0.881
0.938
0.892
0.827
0.764
0.787
0.917
0.896
0.851
0.880
0.792
0.812
0.903
0.804
0.904
0.869
0.888
0,910
0.802
0.916
0.799
0.801
0.798
0.805
0.756
0.799
0,700
0.854
0.845
0.785

Mean
Root
Diameter
(mm)

Diameter
Thickest
Root
(mm)

0.222
0.343
0.476
0.457
0.336
0.405
0.341
0.219
0.263
0.311
0.321
0.361
0.359
0.225
0.244
0.599
0.236
0.246
0.601
0.348
0.347
0.289
0.468
0.295
0.279
0.286
0.287
0.342
0.246
0.243
0.296
0.452
0.209

0.9

1.0

0.6
3.6

14.0
4.8

0.3

219.0

11.2

7.3
83,2
8.0

1,1

1,1
0,3
0,8

No.
Root
Axes

1.0

1.0

0.8
0.7

406.0
100.0

2.3
0.7
1.1
1.5
5.0
1.4

1.7
82.3
1.0

15.7

1.2
1.5
1.0

554.0
19.3
81.0

1.0
1.0

1.3 294.8
1.4
1.0
3.4 355.7
0.9
1.4
0.8
0.8
0.8
1.7

1.0
1.0

0.8

1.0
1.4
1.0

0.3
4.2

20.0
1.0

0.6
0.6

15.0
1.0

Life form: 1 = phanerophytes; 2 = chamaephytes; 3 = hemicryptophytes; 4 = geophytes; 5 = therophytes
Nitrogen fixation: 0 = No; 1 = Yes
Photosynthetic pathway: 1 = C3; 2 = C4
Tap root: 1 = present; 2 = absent
SLA = specific leaf area
LDMC = leaf dry matter content
SRA = specific root area
RDMC = root dry matter content
B = root biomass depth distribution coefficient (Gale and Grigal 1987)
Root Biomass = root biomass in the
top 10 c m of soil

APPENDIX 2 - STRUCTURAL EQUATION MODELS

(From Chapter 6)

Green Biomass
Model 1

Independent Variable

Green Biomass

Root Biomass
Model 2

Plant Biomass
Model 3

224

Litter Biomass
Model 4
Non-green Shoot Biomass

independent Variable

Litter Biomass

Model 5
Independent Variable

Non-green Shoot Biomass

Litter Biomass

< —

Model 6
Independent Variable

Non-green Shoot Biomass

Litter Biomass

Litter Decomposition Rate
Model 7
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^—(e2

Model 8

Model 9

Mean Soil Moisture
Model 10
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Model 11

Model 12

[Note: where the independent variable is thought to influence 'Loss' rather than soil moisture directly,
it is included as a component of the latent variable 'Loss'.]

Light Interception
Model 13

Total Shoot Cover

Total Shoot Biomass
0.01

Light Interception

[Note: error variance for light interception set to 0.01 to eliminate improper solutions to the model. This
error variance value is close to zero in models where its value is unfixed and significant (e.g. Mean
Trait (RS) - Estimate = 0.011, P=0.030; FDvar (G) - Estimate = 0.012, P=0.033)]
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Note - ANPP and non-green shoot biomass are not significantly related to any of the
co-varying factors. Hence, no model can be constructed where co-varying factors are
included and have a significant effect on ANPP or non-green shoot biomass.
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APPENDIX 3 - STRUCTURAL EQUATION MODELS (From Chapter 7)

Notation: D/T Index = diversity/trait index; var. = variation; temp. = temporal;
spatiotemp. = spatiotemporal

Litter Decomposition
Model 1
Bare Ground Mean

D/T Index

Litter Decomposition rate (temp, var.)

Model 2
Bare_Ground_Mean

D/T Index

Litter Decomposition rate (temp, var.)

Litter Decomp. rate (spatiotemp. var.)

—

^

Litter Decomp. rate (spatial, var.)

Light Interception
Model 3
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Model 4

D/T Index

1
@

»

I
Mean yearly shoot blomass

•

Shoot biomass (spatial var.)

Light Interception (spatial var.)

1
^
<—(52)

^ —

Model 5
D/T Index

^
Mean yearly shoot biomass

Shoot biomass (spatial var.)

•

" M S )

Light Interception (spatial var.)

Model 6
Mean shoot cover

D/T Index

^

Shoot biomass (temp, var.)

1r

r

1r

Light Interception (temp, var.)

^—J^

Model 7
D/T Index

Mean shoot cover

4

1

(e1

Shoot biomass (temp, var.)

Light Interception (temp, var.)
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Model 8
D/T Index

Mean shoot cover

/el

Shoot biomass (temp, var.)

Light Interception (temp, var.)

^ — @

Model 9
Mean yearly shoot biomass

D/T Index

Shoot biomass (spatial, var.)

—

Light Interception (spatial, var.)

Light Interception (spatiotemp. var.)

4—

Light Interception (temp, var.)

Model 10

(e2)——•

D/T Index

Mean yearly shoot biomass

Shoot biomass (spatial, var.)

Light Interception (spatial, var.)

Light Interception (spatiotemp. var.)

Light Interception (temp, var.)

232

Soil Moisture
Model 11

Shoot Biomass
Model 12
D/T Index

Relative stone volume

Mean yearly shoot biomass

Shoot biomass (spatial, var.)

Model 13
D/T Index

Relative stone volume

Shoot biomass (spatial, var.)

Mean yearly shoot biomass

^—

Model 14
D/T Index

1
Relative stone volume

Mean yearly shoot biomass

r

1r

Shoot biomass (spatial, var.)
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Model 15

Model 16
D/T Index

Potassium

Mean yearly shoot biomass

r
Shoot biomass (temp, var.)

Model 17

Model 18

D/T Index

Potassium

HeaLLoad

Shoot biomass (spatiotemp. var.)
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Model 19
D/T Index

Relative stone volume

Mean yearly shoot biomass

}
Shoot biomass (spatial, var.)

^ —

Shoot biomass (spatiotemp. var.)

—

Shoot biomass (temp, var.)

Model 20

Model 21
D/T Index

Relative stone volume

Mean yearly shoot biomass

Shoot biomass (spatial, var.)

Shoot biomass (spatiotemp. var.)

^ —

Shoot biomass (temp, var.)

Model 22
Relative stone volume

Heat_Load

Shoot biomass (spatiotemp, var.)
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Potassium

Litter Biomass
Model 23
D/T Index

Shoot biomass (spatial, var.)

4—

Litter biomass (spatial, var.)

Model 24
D/T Index

Mean yearly litter
decomposition rate

Shoot biomass (spatial, var.)

Litter biomass (spatial, var.)

^ —
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APPENDIX 4 - SIGNIFICANT CORRELATIONS BETWEEN

DIVERSITY/TRAIT

INDICES AND VARIATION IN ECOSYSTEM PROCESSES {Yxom Chapter 7)

Table 1. Significant correlations (Pearson's r) between variation (spatial, temporal,
spatiotemporal) in ecosystem processes and diversity/trait indices. Shown are P-values
for individual correlation tests, as well as ^-values which represent significance
following correction for the application of multiple tests (as described in methods
section, chapter 7).

Ecosystem Process

Form of Variation

Litter Decomposition Rate Temporal

Light Interception

Spatiotemporal
Spatial

Diversity / Trait Index
Mean Trait SLA
Mean Trait LDMC
Mean Trait LDMC
FRO SLA
Mean Trait LDMC
Mean Trait Leaf Size
Mean Trait Plant Size
FDVA, Green Leaf Height
Distribution
FD„a, S L A

Mean Trait SLA
Temporal

FDQ Leaf Size
FDQ Plant Size
Mean Trait LDMC
FDvar N - f i x a t i o n

Spatiotemporal

Soil Moisture

Temporal

Shoot Biomass

Spatial

Temporal
Spatiotemporal

Mean Trait SLA
FDVA, Green Leaf Height
Distribution
Mean Trait Leaf Size
FRO SLA
Mean Trait Plant Size
FDQ Green Leaf Height
Distribution
FRO Leaf Weight Ratio
FD Leaf Weight Ratio
Mean Trait SLA
Mean Trait LDMC
FD.a, SLA
FDQ Photosynthetic Pathway
FD,a, Photosynthetic Pathway
FDvar Green Leaf Height
Distribution
Mean Trait Leaf Size
Mean Trait Plant Size
FD„a, Photosynthetic Pathway
FDQ Photosynthetic Pathway
FDvar L D M C
FDvar S L A

Litter Biomass

Spatial

FDQ LDMC
FD LDMC
Mean Trait SLA
FRO Plant Size
Mean Trait SLA
Mean Trait LDMC

Correlation
(Pearson's r)

P-value

c/-value

0.547
-0.531
-0.451
0.497
0.495
0.478
0.461

0.0000
0.0001
0.0010
0.0002
0.0003
0.0005
0.0008

0.0015
0.0015
0.0460
0.0014
0.0014
0.0017
0.0021

0.427
0.378
-0.360

0.0020
0.0068
0.0101

0.0044
0.0126
0.0161

0.428
0.380
-0.366
0.346
0.344

0.0019
0.0065
0.0089
0.0137
0.0144

0.0331
0.0382
0.0382
0.0382
0.0382

0.464
0.449
0.449
0.399

0.0007
0.0011
0.0011
0.0041

0.0075
0.0075
0.0075
0.0213

0.375
-0.538
-0.482
-0.601
0.588
0.520
-0.474
-0.470

0.0072
0.0001
0.0004
0.0000
0.0000
0.0001
0.0005
0.0006

0.0299
0.0038
0.0133
0.0001
0.0001
0.0010
0.0032
0.0032

-0.586
-0.504
-0.455
-0.627
-0.625
0.483
0.477
0.430
0.430
-0.429
-0.387
-0.480
0,433

0.0000
0.0002
0.0009
0.0000
0.0000
0.0004
0.0005
0.0018
0.0018
0.0019
0.0054
0.0004
0.0017

0.0001
0.0014
0.0044
0.0000
0.0000
0.0017
0.0017
0.0040
0.0040
0.0040
0.0102
0.0137
0.0277
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